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Graphical Abstract



- Brussels WWTPs efficiently remove antibiotic resistant bacteria (ARB)

- Significant increase of ARB was found downstream from the WWTPs outfalls

- Absolute ARGs abundances are reduced from influents to effluents of both WWTPs

- Significant increase of ARGs was found downstream from  the WWTPs outfalls

- Some ARGs relative abundance significantly increased in the effluent of WWTPs

*Highlights (3 to 5 bullet points (maximum 85 characters including spaces per bullet point)
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Abstract 48 
 49 
The main objective of this study was to investigate the antibiotic resistance (AR) levels 50 
in wastewater (WW) and the impact on the receiving river. Samples were collected once 51 

per season over one year in the WW of a hospital, in the raw and treated WW of two 52 
wastewater treatment plants (WWTPs), as well as upstream and downstream from the 53 
release of WWTPs effluents into the Zenne River (Belgium). Culture-dependent 54 
methods were used to quantify Escherichia coli and heterotrophic bacteria resistant to 55 
amoxicillin, sulfamethoxazole, nalidixic acid and tetracycline. Six antibiotic resistance 56 

genes (ARGs) were quantified in both particle-attached (PAB) and free-living (FLB) 57 
bacteria. Our results showed that WWTPs efficiently removed antibiotic resistant 58 
bacteria (ARB) regardless of its AR profile. The ARGs levels were the highest in the 59 

hospital WW and were significantly reduced in both WWTPs. However, ARB and 60 
ARGs abundances significantly increased into the Zenne River downstream from the 61 
WWTPs outfalls. The variation in the relative abundance of ARGs through WW 62 
treatment differed depending on the WWTP, fraction, and gene considered. The sul1 63 

and sul2 genes in PAB fraction showed significantly higher relative abundances in the 64 
effluent compared to the influent of both WWTPs. This study demonstrated that 65 
WWTPs could be hotspots for AR spread with significant impacts on receiving 66 
freshwater ecosystems. This was the first comprehensive study investigating at the same 67 

time antibiotics occurrence, fecal bacteria indicators, heterotrophic bacterial 68 
communities, and ARGs (distinguishing PAB and FLB) to assess AR levels in WW and 69 
impacts on the receiving river. 70 
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1. Introduction 98 
 99 

Antibiotics have saved millions of human lives since their discovery and application 100 

to treating bacterial infectious diseases. However, extensive use of antibiotics has led to 101 

an increased prevalence of antibiotic-resistant bacteria (ARB) (Levy and Marshall, 102 

2004). Antibiotic resistance (AR) has been classified by the World Health Organization 103 

as one of the three greatest threats to public health in the 21
st
 century and the latest 104 

report from the UK Review on Antimicrobial Resistance, published recently (O’Neill, 105 

2016), estimates that the 700,000 annual deaths currently attributable to infections by 106 

drug-resistant pathogens will increase, if unchecked, to 10 million by 2050 (Robinson et 107 

al., 2016). 108 

Wastewater treatment plants (WWTPs) receive sewage from various sources, 109 

including hospitals and households, which are both important sources of antibiotics and 110 

ARB (Laht et al., 2014). Hospital effluents, in particular, constitute a special category of 111 

waste that is highly hazardous because they contain a myriad of drug residues and 112 

infectious agents and are thus an important source of multidrug-resistant bacteria and 113 

antibiotics (Rodriguez-Mozaz et al., 2015). Between 20 and 97% of any dose of most 114 

antibiotics administered to humans and animals is excreted as an active substance, 115 

consequently reaching wastewaters (Jelic et al., 2015). On the other hand, during 116 

therapeutic treatment the human gut microbiota is exposed to high concentrations of 117 

antibiotics that may stimulate the generation of resistance phenotypes before being 118 

released into sewage via human excreta (Servais and Passerat, 2009). In fact, the 119 

presence of antibiotics, ARB, and antibiotic resistance genes (ARGs) has been 120 

confirmed in many WWTPs worldwide (Michael et al., 2013; Rizzo et al., 2013; 121 

Zanotto et al., 2016). 122 
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WWTPs are considered important hotspots for the acquisition and spread of 123 

antibiotic resistance in the environment and three major reasons are often put forward to 124 

sustain this idea: i) the heavy discharge of antibiotic residues, ARB, and ARGs 125 

collected in the municipal sewage system; ii) the favorable conditions for both selection 126 

and/or horizontal transfer of resistance genes among bacterial cells during the 127 

wastewater treatment process; and iii) the widespread observation that WWTP effluents 128 

contain high AR levels (sometimes higher than in the raw inflow) (Novo et al., 2013). 129 

As a consequence, WWTP effluents are among the most important conduits for the 130 

spread of AR to aquatic environments. 131 

Many studies have investigated the fate of antibiotics through wastewater (WW) 132 

treatment (Jelic et al., 2015; Michael et al., 2013), whereas many others have focused on 133 

the ARG responses to WW treatment, sometimes considering the receiving environment 134 

(Ben et al., 2017; Neudorf et al., 2017; Rafraf et al., 2016; Rizzo et al., 2013). 135 

Moreover, several studies have analyze the occurrence and fate of AR bacteria in 136 

WWTPs (Bouki et al., 2013; Łuczkiewicz et al., 2010). Despite a considerable amount 137 

of research carried out combining the investigation of antibiotics and ARGs (Caucci et 138 

al., 2016; Rodriguez-Mozaz et al., 2015; Subirats et al., 2017) as well as ARB and 139 

ARGs (Yuan et al., 2015; Zanotto et al., 2016; Zhang et al., 2015) along the WW 140 

treatment process, comprehensive studies assessing the fate of antibiotics, ARB, and 141 

ARGs in WWTPs and its eventual influence on receiving water bodies are still lacking.  142 

The main objective of this study was to fill this gap  investigating the level of WW 143 

contamination by antibiotics, the prevalence of AR in WW, and their effects on the 144 

receiving river, focusing at the same time on the fecal bacteria Escherichia coli, 145 

heterotrophic bacterial communities, and their ARGs distinguishing between particle-146 

attached (PAB) and free-living (FLB) bacterial fractions. E. coli was selected as a fecal 147 
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indicator bacterium that can be exposed to high antibiotic concentrations in the human 148 

or animal gastrointestinal tract and acquire resistance before being released into sewer 149 

systems and finally reaching WWTPs. The fecal bacteria can thus act as a source of 150 

resistance because they can disseminate ARGs to autochthonous bacteria (Baquero et 151 

al., 2008). Moreover, continuous release of antibiotics in WWTPs can act as chronic 152 

selective pressure able to promote AR (Gullberg et al., 2011). 153 

The specific questions investigated in this study focused on: 154 

 The concentration of antibiotic residues, ARB, and ARGs in raw and treated 155 

wastewaters (urban and hospital); 156 

 The impact of WW treatment (secondary and tertiary treatments) on the 157 

abundance of antibiotics, ARB, and ARGs  158 

 The eventual impacts of the WWTP effluent release into the receiving river 159 

 The fate of ARGs in WW and receiving river depending on the bacterial fraction 160 

considered (PAB and FLB) 161 

 162 

To reach these goals, samples were collected over 1 year (one sampling per season) in 163 

the WW of a hospital, in the raw and treated WW of the two Brussels (Belgium) 164 

WWTPs, as well as at two sites located upstream and downstream from the release of 165 

the two WWTP effluents into the receiving river. Culture-dependent and -independent 166 

methods were used to estimate the resistance of culturable E. coli and heterotrophic 167 

bacteria by plate counts containing antibiotics as well as by quantifying the abundance 168 

of six genes conferring resistance to the main antibiotic families. The selection of the 169 

antibiotics (and the respective genes) was done according to the specific objectives of 170 

the study, therefore including relevant clinical antibiotics for which resistance has been 171 

reported elsewhere. Since different behaviors are expected in response to the settling 172 
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stage applied as the first treatment stage in WWTPs, ARGs were analyzed in both PAB 173 

and FLB. Most particularly, higher removal rates were hypothesized for ARGs in PAB 174 

with respect to the FLB fraction. Finally, considering that the close contact between 175 

cells attached to the same particle would increase the probability of an exchange of 176 

genetic material encoding resistance, it is important to distinguish the fate of ARGs in 177 

these two fractions during WW treatment and in the receiving water bodies. 178 

2. Material and methods 179 

2.1. Study sites and sampling strategy 180 

In this study, the two WWTPs located in the Brussels Capital Region (Belgium) were 181 

investigated: the Brussels South (BS) WWTP (360,000 equivalent-inhabitants) in 182 

operation since the year 2000 and the Brussels North (BN) WWTP (1.1 million 183 

equivalent-inhabitants) in operation since 2007. The two WWTPs function on different 184 

technologies. The BS WWTP treatment line includes a primary settling stage (to 185 

remove suspended solids) and a secondary biological treatment (an activated sludge 186 

process to remove biodegradable organic matter; there is presently no tertiary treatment 187 

to remove nitrogen and phosphorus in this plant). At the BN WWTP, there are two 188 

treatment lines. The first one (biological line) includes a primary settling stage followed 189 

by a modern tertiary treatment technology (simultaneous removal of biodegradable 190 

organic carbon, nitrogen, and phosphorus by an activated sludge process; Azenit P® 191 

technology). The other treatment line (rain line) runs parallel to the biological line when 192 

the discharge reaching the WWTP is too high in wet weather situations; this rain line 193 

uses only a primary settling process. On an annual basis, the volume treated in the 194 

biological line accounts for roughly 90% of the total volume reaching the WWTP. The 195 

effluents of both WWTPs are released in the Zenne River, the small urban river running 196 

through the city of Brussels (Brion et al., 2015). The Zenne is a paradigm of sewage-197 
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impacted river because its discharge (on annual average) is doubled after receiving the 198 

treated waters from the two WWTPs in the city of Brussels (Brion et al., 2015). We also 199 

collected surface water from two sites along the Zenne River: one just upstream from 200 

BS WWTP (Up) and the second one downstream from the release of BN effluent to the 201 

river (Dw). However, the Zenne River is already impacted upstream from the release of 202 

BS WWTP by human activities carried out in the upstream watershed as: i) the release 203 

of the effluents from three relatively small WWTPs (with a total capacity of 103,300 204 

equivalent inhabitants); ii) the runoff on pastured areas and iii) the effluents from farms 205 

with intense breeding activities in the upstream watershed (Ouattara et al., 2014). 206 

Four sampling campaigns were conducted in 2016, one per season with different 207 

hydrological conditions of the receiving river. Discharge recorded just upstream from 208 

the Brussels region during the sampling campaigns were respectively 4.9 m
3
 s

−1
 in 209 

January, 2.5 m
3
 s

−1 
in April, 3.0 m

3
 s

−1
 in July and 1.3 m

3
 s

−1 
in November. During the 210 

sampling campaigns, samples were collected in the inlet and outlet of both Brussels 211 

WWTPs. In the BS WWTP, average daily samples were collected with refrigerated 212 

automatic samplers in order to integrate the daily fluctuations in sewage quality, while 213 

at the BN WWTP grab samples were collected in the morning. Since sampling 214 

campaigns were conducted in dry weather conditions, data concerning the treated waters 215 

of the BN WWTP presented in this paper concern the biological line. In addition, during 216 

each sampling campaign a sample was also collected in the sewer at the outlet of the UZ 217 

Brussels Hospital (H), which, according to the 2012 annual report, has 721 beds, 29,239 218 

hospitalizations per year, and 23,692 day hospitalizations per year (excluding minimum 219 

flat rates). The sewer of the UZ Brussels Hospital discharges untreated wastewaters to 220 

the BN WWTP. All samples were collected in triplicate, stored in sterile 2-L bottles and 221 

kept at 4°C until analysis. The samplings in each season were carried out during 2 222 
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subsequent days after at least 3 days of dry conditions in order to keep a steady flow 223 

state of the receiving river and a functioning of WWTPs characteristics of dry weather 224 

conditions, thus avoiding any influence of climatic conditions on the results. 225 

2.2. Physicochemical analysis 226 

The chemical oxygen demand (COD), biological oxygen demand (BOD), suspended 227 

particulate matter (SPM), total nitrogen (Ntot), and total phosphorus (Ptot) were 228 

analyzed daily during 2015 and 2016 in the laboratories of the two WWTPs following 229 

the standard methods for water and wastewater (APHA,2012). Data were obtained from 230 

the SBGE (Société Bruxelloise de Gestion des Eaux), which is in charge of collecting 231 

the auto-control data from WWTPs in the Brussels Capital area. 232 

2.3. Concentration of antibiotics  233 

The concentrations of amoxicillin (AMX), sulfamethoxazole (SMX), nalidixic acid 234 

(NAL), and tetracycline (TET) were determined during the last three campaigns by 235 

means of liquid chromatography coupled to mass spectrometry in tandem (LC-MS/MS) 236 

after sample clean-up and pre-concentration with solid-phase extraction (SPE). These 237 

antibiotics were analyzed because they had been tested for resistance (see section 2.4). 238 

One hundred milliliters of blank samples (consisting of Milli-Q water spiked with the 239 

mixture of native compounds at 100 ngL
-1

) were used for traceability and cross-240 

contamination monitoring. Then 100 mL of blank samples and 100 mL of river samples 241 

were fortified with sulfamethoxazole-d6 surrogate internal standard for a final 242 

concentration of 0.1 ng mL
-1

 in sample. After that, the samples were equilibrated and 243 

kept at −20°C before analysis to ensure the traceability of the results (Llorca et al., 244 

2014). The samples were prepared following Gros et al. (2013). All the samples were 245 

extracted in triplicate. Further details about sample preparation, antibiotic 246 
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quantification, quality control and quality assurance parameters are reported in 247 

Supplementary Material (A, Table A.1 and Table A.2). 248 

2.4. Quantification of AR Escherichia coli and heterotrophic bacteria 249 

Resistance to AMX, STX, TET, and NAL were tested simultaneously in culturable E. 250 

coli and heterotrophic bacteria. These antibiotics were chosen because they belong to 251 

four different families and have different mechanisms of action. Moreover, these 252 

antibiotics are among the most widely used in Belgium for humans (European Centre 253 

for Disease Prevention and Control, http://ecdc.europa.eu), except NAL, which today is 254 

used only in veterinary medicine (Callens et al., 2017). NAL was selected to compare 255 

resistance levels to antibiotics currently used in human medicine with those no longer 256 

consumed by humans. For that purpose, E. coli was grown on Chromocult Coliform 257 

agar (Merck Millipore, Darmstadt, Germany) for 24 h at 37°C, whereas heterotrophic 258 

bacteria were grown on R2A agar (Merck Millipore, Darmstadt, Germany) for 7 days at 259 

20°C. Media were used as such (for total culturable E. coli and heterotrophic bacteria) 260 

or supplemented with one of the four antibiotics. For each antibiotic, two different 261 

concentrations (low and high) were tested: AMX (4 and 50 µg mL
-1

), SMX (16 and 300 262 

µg mL
-1

), NA (2 and 30 µg mL
-1

), and TET (4 and 300 µg mL
-1

) (Sigma Chemical 263 

Company, St. Louis, MO, USA). The lowest (L) are the breakpoint concentrations 264 

established for E. coli by the French committee for antimicrobial standards (Comité de 265 

l’Antibiogramme de la Société Française de Microbiologie) and the highest (H) 266 

correspond to the values reported in previous studies dealing with antibiotic resistance 267 

in environmental bacteria (Garcia-Armisen et al., 2013). 268 

Two tenfold serial dilutions were filtered (or spread) for each sample to obtain an 269 

accurate number of colonies to ensure that at least one of them could be counted. 270 

Triplicates were performed for each volume filtered or dilution spread. For each of the 271 

http://ecdc.europa.eu/
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combinations two plates that were not inoculated with samples were incubated as 272 

negative controls. All the controls were negative after incubation. The results were 273 

expressed in colony-forming units (CFU) per liter. With these methods and considering 274 

the concentrations used, we were able to quantify putative AR E.coli and heterotrophic 275 

bacteria. Thus, when mentioning data of ARB enumerated using cultivation methods, 276 

we refer to putative resistant bacteria all over the manuscript. 277 

2.4. DNA extraction 278 

The bacterial biomass was collected from the water fraction and concentrated by 279 

filtration. An aliquot (from 0.25 L to 1.5 L) of each sample was filtered in triplicate to 280 

collect two different fractions of bacteria. PAB were collected by filtering water on 5-281 

µm pore-size, 47-mm-diameter polycarbonate filters (Millipore, Billerica, MA, USA). 282 

Filtrates were then filtered through 0.22-µm pore-size 47-mm-diameter polycarbonate 283 

filters (Millipore) to retain FLB. Filters were kept at −80°C until extraction. Extractions 284 

were performed following García-Armisen et al. (2014). Briefly, all filters were cut and 285 

placed in 3-mL lysis buffer (10 mM tris, 1 mM EDTA, pH 8.0) with 1.5 U mL
-1 286 

mutanolysin and 50 mg mL
-1

 lysozyme (both enzymes from Sigma Aldrich) and 287 

incubated at 37°C for 30 min. We added 500 µL of sodium dodecyl sulfate (25%) and 288 

100 µL of proteinase K (23 mg mL
-1

), and the tubes were incubated 30 min at 60°C 289 

followed by three cycles of freezing/heating at −80°C/65°C. DNA was extracted from 290 

each pellet by adding 5 mL of phenol-chloroform-isoamyl alcohol (25:24:1) pre-291 

warmed to 60°C (Sigma Aldrich). Phases were separated by centrifugation (13,000 rpm 292 

at 4°C for 5 min) using Phase Lock Gel tubes (Eppendorf AG, Hamburg, Germany). 293 

The DNA was precipitated by adding sodium acetate (0.3 M final concentration, pH 294 

5.2) and 0.7 (v/v) isopropanol followed by centrifugation for 30 min at 4°C. The 295 

supernatant was removed and 1 mL of ice-cold 70% ethanol was added to the pellets; 296 
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the solution was then mixed and centrifuged at 14,000 rpm for 5 min (4°C). Each pellet 297 

was air-dried (15–30 min) and suspended in 100 µL of sterile TE buffer (10 mM tris, 1 298 

mM EDTA, pH 8.0). DNA concentration and purity were further determined using a 299 

NanoDrop ND-2000 UV Vis spectrophotometer (NanoDrop, ThermoFisher). 300 

2.5. Quantification of ARGs using qPCR 301 

The copies of targeted ARGs conferring resistance to sulfonamides (sul 1, sul 2), 302 

tetracyclines (tetW, tetO), β-lactams (blaTEM), and quinolones (qnrS) were quantified 303 

using qPCR assays. Tenfold dilutions of plasmid DNA containing known 304 

concentrations of the target gene were used as standard curves, which were generated by 305 

cloning the amplicon from positive controls into E. coli using the pCR2.1-TOPOvector 306 

system (Invitrogen, Carlsbad, CA, USA) (Proia et al., 2016). All qPCR assays were 307 

performed in duplicate using SYBR green detection chemistry with a Step One Plus 308 

(Applied Biosystems, ThermoFisher Scientific). 309 

Briefly, each reaction contained 8–9 µL of Power Up SYBR Green master mix 310 

(Applied Biosystems, ThermoFisher Scientific), 200 nM each forward and reverse 311 

primer, and 9 µL of 5-ng µL
-1

 DNA template, and the final volume was adjusted to 20 312 

µL by adding DNase-free water. Each gene was amplified using specific primer sets 313 

(Sigma Aldrich) and the PCR conditions included initial denaturation at 95°C for 3 min, 314 

followed by 40 cycles at 95°C for 15 s, then 20 s at the specific annealing temperature 315 

depending on the gene (Table B.1), and finally two elongation steps lasting 40 s at 72°C 316 

and 32 s at 78°C. The number of copies of the bacterial 16S rRNA gene was also 317 

quantified, and the amplification conditions included an initial denaturation at 95°C for 318 

3 min, followed by 35 cycles at 95°C for 15 s, then an annealing temperature at 60°C 319 

for 1 min 40 s at 72°C and 32 s at 78°C. A dissociation curve was applied at the end of 320 

each run to detect nonspecific amplifications. Tenfold serial dilutions of the standards 321 
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for each ARG were run in parallel with DNA samples and blank controls (qPCR premix 322 

without a DNA template). The efficiency and sensitivity of each qPCR assay were 323 

determined by the amplification of standard serial dilutions, as previously described 324 

(Marti et al., 2013). Amplification efficiency (E) was calculated from the resulting 325 

standard curves using the formula E =10
(1/slope) 

−1, and the analytical sensitivity of the 326 

real-time PCRs was determined as the smallest DNA quantity detected for each assay. 327 

 328 

2.6. Statistical analyses 329 

Resistance to each antibiotic at different concentrations was analyzed independently 330 

using a one-way repeated measure analysis of variance (ANOVA) to test for the 331 

differences among sampling sites during the entire year of sampling. The effects were 332 

analyzed post hoc with Tukey's b test. Data were log-transformed prior to statistical 333 

analyses to meet assumptions of normality and homogeneity of variance when needed. 334 

Analysis was performed using SPSS Version 15.0. Kruskal-Wallis one-way analysis of 335 

variance on ranks was performed when data did not meet assumptions of normality. 336 

Regression analysis between the resistant culturable E. coli and heterotrophic bacteria 337 

data sets were performed using Sigma Plot software 11.0. Statistical significance was 338 

set at p = 0.05. 339 

 340 

3. Results and Discussion 341 

3.1. Physicochemical variables and antibiotic concentrations 342 

The concentrations in the inlet waters of the variables measured were quite similar 343 

for both WWTPs and were generally low, especially for COD and BOD5 (Table 1), 344 

with regards to what is usually expected for domestic WW in Europe. This could be 345 

explained by the fact that Brussels is equipped with a combined sewer system in 346 
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which, during rainy periods, runoff waters are mixed with domestic WW, decreasing 347 

thus the concentration of COD and BOD5 at the entrance of BS and BN treatment 348 

plants. 349 

The two Brussels WWTPs, based on an annual average, efficiently reduce the 350 

concentrations of all the physicochemical variables analyzed (removal efficiency 351 

>75% and >0.7 log, Table 1) with only the exception of total nitrogen (Ntot) at BS. In 352 

fact, although the thresholds established by the Council Directive for wastewater 353 

treatment (91/271/EEC) were generally respected for all the variables considered in 354 

this study, the BS effluent annual average exceeded the Ntot concentration required by 355 

the directive for sensitive zones (91/271/EEC). This is explained by the design of BS, 356 

which does not yet include a specific treatment to remove nitrogen. Moreover, the log 357 

removal on Ntot at BN was significantly higher than that of BS (p > 0.05; Kruskal-358 

Wallis one-way analysis of variance) whereas for all the other variables differences in 359 

log removal were slight and in general not significant (Table 1). 360 

 BN’s greater efficiency removing Ntot is explained by the different technologies 361 

applied to the two WWTPs. In fact, BN has a modern treatment technology 362 

associating the removal of C, N, and P, whereas there is no tertiary treatment in BS. In 363 

general, the implementation of the two WWTPs has increased the water quality of the 364 

receiving river since their operation started (Brion et al., 2015).  365 

The fate of antibiotic residuals in WWTPs differed depending on the compound 366 

considered (Table 2). Verlicchi and colleagues (2012) reviewed the occurrence of 367 

antibiotics in WWTPs worldwide and showed a huge range of concentrations and 368 

removal efficiencies for different compounds, as well as for the same substance 369 

(Verlicchi et al., 2012).  370 
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In our study, AMX was detected only in the 33% of samples analyzed and the 371 

concentrations were always below the detection limit in the hospital effluent (Table 2). 372 

These results are in general agreement with those found by other studies and the low 373 

prevalence of AMX may be explained by its instability in aqueous media (Andreozzi 374 

et al., 2004; Gros et al., 2013; Rodriguez-Mozaz et al., 2015). AMX at BS was only 375 

detected during one sampling campaign; its concentration was reduced by about 48% 376 

between the influent and the effluent. In contrast, AMX was detected only in the BN 377 

effluent while data were below the detection limit (LOD) in the influent for all the 378 

samplings carried out (Table 2). This behavior has already been reported in a study 379 

carried out in Spanish WWTPs (Gros et al., 2013), and how certain metabolites of 380 

antibiotics can be transformed back to the parent compound as a result of enzyme-381 

catalyzed reactions occurring in activated sludge is also known (Plósz et al., 2010).  382 

STX is one of the most widely detected antibiotics in sewage waters (Fatta-383 

Kassinos et al., 2011; Kümmerer, 2009). In the present study, the highest median 384 

concentration was observed in the H effluent (Table 2); this value is much higher than 385 

those found in similar studies conducted on hospital sewage waters (Gros et al., 2013; 386 

Rodriguez-Mozaz et al., 2015). STX concentrations were below the quantification 387 

limit (LOQ = 4 and 2 ngL
-1

 for influent and effluent, respectively) in most of the 388 

samples (83%) taken at BN (Table 2). In contrast, STX was detected in all the samples 389 

analyzed at BS, making it possible to calculate an average reduction of about 53% 390 

between the influent and the effluent. The average STX concentrations in both the 391 

influent and effluent of BS were three times higher than those reported in a study 392 

reviewing 31 papers investigating the fate of STX (among others) in WWTPs 393 

worldwide (Verlicchi et al., 2012). 394 
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Although NAL was detected in 100% of the samples analyzed, its concentration 395 

was below the LOQ of the method applied (LOQ = 0.4 and 0.2 ng L
-1

 for influent and 396 

effluent, respectively) in 67% of the cases (Table 2). These findings are in general 397 

agreement with those reported in other studies considering the differences in the 398 

analytical method used (Gros et al., 2013; Rodriguez-Mozaz et al., 2015).  399 

In our study, TET was the most frequently detected antibiotic, with concentrations 400 

above the LOQ in all the samples analyzed. The TET concentrations measured in this 401 

study were 2 and 3.5 times higher at BN and BS, respectively, than those reported in a 402 

study reviewing the fate of TET in WWTPs worldwide (Verlicchi et al., 2012). 403 

Although in the present study the highest concentrations were observed at BS for both 404 

influent and effluent (Table 2), the average removal of TET was higher at BN (63%) 405 

compared to BS (45%). The TET concentration in the H sewage waters was in the 406 

same range as that of BS influent. Despite the significant reduction of TET 407 

concentration along WW treatment lines, the levels of this antibiotic significantly 408 

increased in surface waters after the release of BS and BN effluents into the Zenne 409 

River (p < 0.001, ANOVA one-way analysis of variance). In particular, the TET 410 

concentration was on average 57.2 ± 2.5 ng L
-1

 upstream from the WWTP effluent 411 

outfalls and rose to 127.2 ± 10.2 ng L
-1

 downstream. Increasing the TET concentration 412 

along a WWTP-impacted river has already been described (Proia et al., 2013), and the 413 

concentrations measured in the Zenne surface waters were within the same range as 414 

those reported in four human-impacted Spanish rivers (Osorio et al., 2016). 415 

3.2. Antibiotic-resistant culturable Escherichia coli and heterotrophic bacteria 416 

3.2.1. Antibiotic-resistant Escherichia coli 417 

The abundance of culturable E. coli was reduced from 6.0 ± 4.4 × 10
7
 CFU L

-1
 to 7.1 418 

± 7.0 × 10
5
 CFU L

-1
 and from 8.7 ± 3.0 × 10

7
 CFU L

-1
 to 7.1 ± 7.0 × 10

5
 CFU L

-1
 in BS 419 
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and BN, respectively (Figure C1a; Table 3). The values measured in this study are in 420 

agreement with those reported in previous studies on the same (Ouattara et al., 2014) 421 

and other WWTPs (Lucas et al., 2014; Ouattara et al., 2011; Servais et al., 2007). The 422 

abundance of culturable E. coli in raw waters was quite similar for both WWTPs. 423 

Removal of E. coli close to two log units (average log reduction, 2.0 ± 0.6 and 2.3 ± 0.4 424 

in BS and BN, respectively) was observed in both BS and BN WWTPs despite the 425 

different technologies applied (Figure C1a). Even though both WWTPs removed 426 

culturable E. coli efficiently, the concentration of culturable E. coli into the river 427 

increased on average from 4.1 ± 2.9 × 10
5
 CFU L

-1
 at the upstream site to 7.5 ± 2.7 × 428 

10
5
 CFU L

-1
 at the downstream site (after the discharge point), although this increase 429 

was not significant (p > 0.05). A previous study highlighted that the major reason for 430 

this lack of significance was the high fecal pollution occurring upstream from the two 431 

Brussels WWTPs (Ouattara et al., 2014). 432 

The behavior of culturable E. coli resistant to the different antibiotics and 433 

concentrations tested followed the same pattern as total culturable E. coli. Specifically, 434 

the absolute abundance of resistant E. coli was significantly reduced in both WWTPs, 435 

whereas the AR levels did not differ in untreated waters (Figure 1). Furthermore, the 436 

magnitude of AR-E. coli reduction varied slightly around 2 log values and did not differ 437 

between BS and BN (Figure C2a). These results are in agreement with those found in 438 

other studies (Lüddeke et al., 2015; Osińska et al., 2017) and in general demonstrate 439 

that conventional wastewater treatment reduces the absolute concentration of E. coli 440 

regardless of its antibiotic resistance profile. In fact, there was no significant difference 441 

between the log reduction of AR-E. coli and that of total E. coli in any of the WWTPs 442 

studied (Figure C2a). Despite their high removal efficiency, BS and BN effluents still 443 

release on average 1.6 ± 1.2 × 10
5
 CFU L

-1
 and 1.3 ± 1.2 × 10

5
 CFU L

-1
 of AR-E. coli to 444 
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the Zenne River, respectively. As a consequence, the abundance of AR-E. coli increased 445 

significantly (one-way ANOVA; p < 0.05) from upstream to downstream of the WWTP 446 

outfall into the Zenne River for all the antibiotics and concentrations considered in this 447 

study. Most particularly, the relative increase from upstream to downstream sites ranged 448 

between 54% (AMX L) and 98% (TET H) and was on average approximately 75% 449 

(Figure 3).  450 

The different effects of WWTP effluent release on total and AR E. coli levels in the 451 

river could be explained by two main factors: i) the behavior of the relative abundance 452 

of AR-E. coli through wastewater treatment and ii) the lower absolute and relative 453 

abundance of AR-E. coli measured at upstream sites with respect to those measured in 454 

the WWTP effluents (Table 3). In fact, the percentages of AR-E. coli were not 455 

significantly reduced from the influent to the effluent and sometimes increased, 456 

especially at BN (Table 3). Actually, several studies reported unvaried or increased 457 

percentages of AR-E. coli in WWTP effluents compared to the influent sewage 458 

(Koczura et al., 2012; Łuczkiewicz et al., 2010; Osińska et al., 2017). In addition, the 459 

absolute abundance and the percentage of AR-E. coli in the effluents were much higher 460 

than those measured at upstream sites in the Zenne River (Table 3). As a consequence, 461 

the abundance of AR-E. coli in the Zenne increased on average about seven times from 462 

upstream to downstream of the release of WWTP effluents to the river, also causing an 463 

increase of the percentage of AR for all the antibiotics considered (Table 3). This result 464 

confirms that despite the reduction of total AR-E. coli during the wastewater treatment 465 

process, BN and BS effluents may still be the main source of resistant fecal bacteria to 466 

the Zenne, causing the significant increase in surface waters observed.  467 

3.2.2. Antibiotic-resistant heterotrophic bacteria 468 
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The abundance of total culturable heterotrophic bacteria were significantly reduced 469 

(on average) from 5.1 ± 3.3 × 10
10

 CFU L
-1

 to 2.5 ± 3.0 × 10
9
 CFU L

-1
 and from 3.5 ± 470 

1.3 × 10
10

 CFU L
-1

 to 1.0 ± 1.3 × 10
9
 CFU L

-1
 in BS and BN, respectively (Figure C1b; 471 

Table 3). The bacterial abundance in H raw waters did not differ from those of WWTP 472 

influents (Figure C1b). 473 

The behavior of ARB was the same for all the antibiotics and concentrations studied 474 

and followed the same pattern as the total culturable heterotrophic bacteria, 475 

demonstrating that conventional wastewater treatment reduces bacterial abundance 476 

independently from antibiotic resistance. In fact, the abundance of ARB was 477 

significantly reduced in both WWTPs, whereas the ARB levels were no different in raw 478 

waters, except for NAL L, which was significantly higher in the influent of BN, and 479 

TET H, which was significantly lower in BS influent (Figure 2). The ARB abundance in 480 

H raw waters did not differ from those of WWTP influents (Figure 2), confirming that 481 

although they are considered as hotspots for ARB dissemination, the actual evidence of 482 

their role is not strong in the present study (Karkman et al., 2017). Furthermore, the 483 

magnitude of ARB reduction varied slightly around 1.5–2 log values except for AMX H 484 

and STX H, which showed an average reduction of about 4 log with relevant variation 485 

among the sampling campaigns (Figure C2b). The comparison between ARB removal 486 

efficiency in both WWTPs revealed nonsignificant differences except for AMX L and 487 

TET H, which were more efficiently reduced at BN compared to BS (p < 0.05; Figure 488 

C2b). The abundance of ARB measured in this study closely agree with those of other 489 

studies investigating the behavior of ARB in WWTPs (Gao et al., 2012; Munir et al., 490 

2011) and confirmed that, in general, WWTPs efficiently remove ARB through the 491 

different treatment steps. Nevertheless, despite the high removal efficiency, BS and BN 492 

effluents still release on average 4.5 ± 5.8 × 10
7
 CFU L

-1
 and 2.3 ± 2.5 × 10

7
 CFU L

-1
 of 493 
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ARB to the Zenne River, respectively. As a consequence, the abundance of ARB 494 

increased significantly (one-way ANOVA; p < 0.05) from upstream to downstream 495 

from the WWTP outfall into the Zenne River for all the antibiotics and concentrations 496 

considered in this study (Table 3). Most particularly, the relative increase from upstream 497 

to downstream sites ranged between 44% (AMX H and NAL L) and 80% (TET H) and 498 

was on average around 63% (Figure 3), confirming that despite the high removal 499 

efficiency occurring through sewage water treatment steps, WWTPs are still one of the 500 

main important sources of ARB to the river (Rizzo et al., 2013). 501 

3.3. Antibiotic Resistance Genes 502 

Numerous studies have investigated the occurrence and prevalence of ARGs through 503 

wastewater treatment applying different technologies (Conte et al., 2017; Di Cesare et 504 

al., 2016; Du et al., 2015; Gao et al., 2012; Laht et al., 2014; Lee et al., 2017). 505 

Nevertheless, to our knowledge, the present study is the first one investigating the 506 

abundance of ARGs in PAB and FLB bacterial fractions in WWTPs and receiving river 507 

waters. We expected to observe differences in the removal of ARGs in the two bacterial 508 

fractions and particularly we assumed there would be higher removal efficiencies for 509 

PAB compared to FLB because of the settling stage applied as the first treatment stage 510 

in WWTP. However, our results did not show any difference in the absolute abundance 511 

of ARGs at both BS and BN WWTPs between the two fractions (Figure 4). 512 

Specifically, the log reduction of the total ARG abundance did not show any significant 513 

difference between WWTPs (Figure C3) and ranged between 1.5 (tetO) and 3.3 (tetW) 514 

for PAB and between 1.6 (tet O) and 2.4 (sul 2) for FLB, resulting in an average 2.4 and 515 

2.3, respectively. Considering the sum of both fractions, the results reported herein are 516 

in agreement with those reported by other studies analyzing the removal of the same 517 

genes through wastewater treatment (Gao et al., 2012; Munir et al., 2011; Rodriguez-518 
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Mozaz et al., 2015). The H sewage waters always showed the highest levels of ARGs in 519 

both fractions but only for sul1 (6.4 ± 5.8 × 10
8
 copies mL

-1
) and blaTEM (3.2 ± 4.4 × 520 

10
8
 copies mL

-1
); in the FLB fraction the abundance levels were significantly higher 521 

than those measured in WWTP influents (Figure 4). For all the genes, greater numbers 522 

of copies per milliliter (p < 0.05) were detected in hospital effluent and WWTP influent 523 

samples than those found in the effluents (Figure 4). The levels of ARGs in raw and 524 

treated waters measured in this study are similar to those reported worldwide (Gao et 525 

al., 2012; Laht et al., 2014; Rodriguez-Mozaz et al., 2015). Despite the significant 526 

reduction of ARG abundance from raw to treated waters, BS and BN effluents still 527 

released a high amount of resistance genes to the Zenne River. In fact, the ARG 528 

abundance in the effluents (PAB + FLB) ranged on average between 1.3 ± 2.3 × 10
4529 

copies mL
-1

 (blaTEM) and 8.3 ± 4.3 × 10
5
 copies mL

-1 
(sul1). As a consequence, the530 

abundance of ARGs increased significantly (p < 0.05) from upstream to downstream 531 

from the WWTP outfall into the Zenne River for all the genes in both bacterial fractions 532 

(Figure 5). The significant increase of ARGs into the Zenne River after the release of 533 

WWTP effluents was on the same order of magnitude for both fractions except for the 534 

blaTEM gene, which showed a significantly higher increase in FLB compared to PAB 535 

(Figure 5). Greater abundance of ARGs downstream of the discharge of WWTP 536 

effluents to the river have been reported in many studies assessing how AR spreads in 537 

different freshwater bacterial communities: planktonic (Czekalski et al., 2015; Pruden et 538 

al., 2012; Rodriguez-Mozaz et al., 2015; Storteboom et al., 2010), epilithic (Aubertheau 539 

et al., 2017; Proia et al., 2016; Subirats et al., 2017), and epipsammic (Czekalski et al., 540 

2014; Graham et al., 2011; Marti et al., 2013). All these studies suggested that WWTPs 541 

are the main source of ARGs and may be responsible for the observed increase. In our 542 

study, the abundance of ARGs in the BS and BN effluents ranged between 10
4
 and 10

6 543 
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copies mL
-1 

concentrations, which were at least one order of magnitude greater than 544 

those detected in upstream river waters (10
3
–10

4
 copies mL

-1
)
 
for all the genes analyzed. 545 

This result confirms that WWTPs are a relevant source of ARGs to the Zenne River, 546 

provoking a significant increase of AR along the river course.  547 

Although WWTPs efficiently reduce the absolute number of copies of ARGs, 548 

important differences have been described when relative gene abundance (normalized to 549 

16S rRNA gene copies) is considered (Karkman et al., 2017). This type of analysis 550 

makes it possible to quantify the relative changes in the abundance of ARGs, whether 551 

more or fewer ARGs appear per microbial genome (Laht et al., 2014). In the present 552 

study, the variation in the relative abundance of ARGs through wastewater treatment 553 

differed depending on the WWTP (BS or BN), fraction (PAB or FLB), and gene 554 

considered (Figure 6). The only gene whose relative abundance was significantly 555 

reduced in the effluent was tetW and only at BN (Figure 6). In most of the other cases, 556 

no significant differences between influent and effluent were observed, whereas several 557 

cases showed a significant increase of relative ARG abundance from the influent to the 558 

effluent at either BN and BS. In particular, the relative abundance of sulfonamide 559 

resistance genes (sul1 and sul2) in the PAB fraction was significantly higher in the 560 

effluent compared to the influent of both WWTPs investigated (Figure 6). Moreover, 561 

the relative abundance of the tetO gene in the BS effluent was significantly higher than 562 

in the influent for both the PAB and FLB fractions (Figure 6). Finally, the relative 563 

abundance of the tetW gene in the FLB fraction was significantly higher in the BS 564 

effluent than in the influent (Figure 6). Several studies reported similar findings (Laht et 565 

al., 2014; Mao et al., 2015; Neudorf et al., 2017; Rodriguez-Mozaz et al., 2015). Mao et 566 

al. (2015) showed a positive correlation between antibiotic concentrations 567 

(sulfonamides and tetracyclines) and ARGs (sul and tet) through different wastewater 568 
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treatment steps. Other studies suggested that antibiotics that were poorly removed 569 

during primary treatment processes could be placing a selective pressure on bacteria 570 

within wastewater systems (Neudorf et al., 2017). In this study, STX was barely 571 

detected and TET concentrations were extremely low (Table 1). Consequently, even if 572 

the presence of other antibiotics of the same families may not have been discarded, 573 

some other factor should have played a role in the enrichment of some genes measured 574 

in the effluents. One possible explanation could be the co-action of both selection 575 

and/or horizontal transfer of resistance determinants favored by the conditions generated 576 

in WWTP environments, mostly in activated sludge (Novo et al., 2013; Rizzo et al., 577 

2013). Another hypothesis would be the bacterial community composition, which has 578 

been demonstrated to be different in PAB and FLB (Jackson et al., 2014; Mohit et al., 579 

2014; Tang et al., 2009) and could have relevant impacts on the resistome (Lekunberri 580 

et al., 2018). Nevertheless bacterial communities’ structures were not analyzed in this 581 

study and it is therefore impossible to confirm these hypotheses.  582 

4. Conclusions and perspectives 583 

To conclude, this study has demonstrated that even if WWTPs efficiently remove 584 

absolute abundance of ARB and ARGs, they could still be hotspots for AR resistance 585 

spread to nonresistant bacteria, and they significantly increase the AR levels in 586 

receiving freshwater ecosystems (Figure C4). Our results are thus confirming what was 587 

observed worldwide about the major role of wastewaters release for the dissemination 588 

of AR in freshwater ecosystems. In order to preserve the water quality of the receiving 589 

systems, thus limiting the risk for human health, the application of new technologies in 590 

wastewater treatment and the implementation of watershed management strategies 591 

aiming to control the AR spread is a big challenge that needs to be faced in next years. 592 

Numerous studies investigated new technologies to reduce the levels of ARBs and 593 
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ARGs in WWTPs in last years (Sharma et al., 2016). Among others ozonation, 594 

chlorination and UV disinfection, used independently or in combination, are of the most 595 

investigated and showed different efficiencies depending on the target considered in 596 

different studies (Czekalski et al., 2016; Guo et al., 2015; Sousa et al., 2017; Zhang et 597 

al., 2015; Zheng et al., 2017). Promising results have been obtained by using 598 

coagulation technology to achieve ARGs reduction in wastewater treatment plants 599 

effluents (Li et al., 2017). Moreover, graphene-based TiO2 composite photocatalysts 600 

under solar radiation also showed good efficiency removing antibiotics, ARBs and 601 

ARGs from sewage waters (Karaolia et al., 2018). In addition, by applying TiO2 602 

photocatalysis under UV irradiation in combination with H2O2 good removal 603 

efficiencies of ARBs and ARGs (both intracellular and extracellular forms) from 604 

aqueous solution have been recently reported (Guo et al., 2017). However, most of these 605 

studies have been performed in laboratory conditions focusing on reduced number of 606 

target AR determinants. Therefore, further research is needed to improve the WWTPs 607 

removal efficiency of ARBs and ARGs reducing the costs of advanced technologies and 608 

strategies for the mitigation of AR spread in river ecosystems should be implemented at 609 

watershed scale possibly including the limitation of the antibiotics use in agriculture and 610 

livestock farming.  611 
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Figure legends 890 

 891 
Figure 1. 892 
Box plots in log units of the abundance of culturable E. coli resistant to amoxicillin (a 893 

and b), sulfamethoxazole (c and d), nalidixic acid (e and f), and tetracycline (g and h) 894 
measured at the different sites during the four sampling campaigns. Box plots represent 895 
the median (horizontal line in the box), the lower and upper quartiles (bottom and top 896 
box lines), the 10

th
 and 90

th
 percentiles (bottom and top whiskers), and the outliers 897 

(black circles). Left, the results for the lowest concentration tested (a, c, e, and g); right 898 

(b, d, f, and h), the results for the highest concentration. Post-hoc Tukey’s b analysis 899 
results are shown with letters when differences among sampling sites were significant. 900 

Statistical significance was set at p ≤ 0.05 (one-way repeated measures analysis of 901 
variance, ANOVA. 902 
 903 

Figure 2. 904 
Box plots in log units of the abundance of culturable heterotrophic bacteria resistant to 905 

amoxicillin (a and b), sulfamethoxazole (c and d), nalidixic acid (e and f), and 906 
tetracycline (g and h) measured at the different sites during the four sampling 907 
campaigns. Box plots represent the median (horizontal line in the box), the lower and 908 
upper quartiles (bottom and top box lines), the 10

th
 and 90

th
 percentiles (bottom and top 909 

whiskers), and the outliers (black circles). Left, the results for the lowest concentration 910 
tested (a, c, e, and g); right (b, d, f, and h), the results for the highest concentration. 911 

Post-hoc Tukey’s b analysis results are shown with letters when differences among 912 
sampling sites were significant. Statistical significance was set at p ≤ 0.05 (one-way 913 

repeated measures analysis of variance, ANOVA. 914 
 915 

Figure 3. 916 
Relative increase of culturable AR-E. coli (black bars) and heterotrophic bacteria (grey 917 
bars) from the river site upstream of the site downstream of the release of the two 918 

WWTP effluents to the Zenne. 919 
 920 

Figure 4. 921 
Total abundance (n of copies mL

-1
) of the six ARGs analyzed at the different sampling 922 

sites during the four sampling campaigns (log scale). Black bars show the results for 923 

particle-attached bacteria (PAB) and grey bars free-living bacteria (FLB). Asterisks are 924 
shown when differences among sampling sites were significant. Statistical significance 925 

was set at p ≤ 0.05 (one-way repeated measures analysis of variance, ANOVA). 926 
 927 

Figure 5. 928 
Relative increase of ARGs in particle-attached (PAB, black bars) and free-living (FLB, 929 
grey bars) bacteria from the river site upstream of the site downstream of the release of 930 

the two WWTP effluents to the Zenne. 931 
 932 

Figure 6. 933 
Relative abundance (normalized × 16s rRNA copies) of the six ARGs analyzed in 934 

particle-attached (PAB, top) and free-living (FLB, bottom) bacteria at the influent (In) 935 

and effluent (Out) of Brussels south (BS, left) and Brussels north (BN, right) WWTPs.  936 



BS BN 

Influent Effluent 
Log 

Removal 
Influent Effluent 

Log 

Removal 

COD (mg l
-1

) 

Median 526 36 

1.12 

491 35 

1.11 25% Perc 408 31 386 41 

75% Perc 593 41 566 31 

BOD5 (mg l
-1

)

Median 218 3.0 

1.75 

207 3,0 

1.78 25% Perc 167 3.0 155 3,0 

75% Perc 254 3.2 244 3,3 

SPM (mg l
-1

) 

Median 250 6.6 

1.40 

237 8 

1.48 25% Perc 203 8.1 195 6 

75% Perc 289 10.7 284 9 

N tot (mg l
-1

) 

Median 39 19 

0.28 

84 9 

0.94 25% Perc 29 15 65 9 

75% Perc 46 23 96 10 

P tot  (mg l
-1

) 

Median 4.9 0.7 

0.70 

5.6 0.8 

0.80 25% Perc 3.6 0.5 4.3 0.6 

75% Perc 5.9 1.0 6.4 1.0 

Table 1. Annual average of variables measured daily at each wastewater treatment plant 

(WWTP) during 2015 and 2016. Median, 25% percentile and 75% percentile are 

reported. COD = Carbon oxygen demand; BOD5 = Biological Oxygen Demand; SPM = 

Suspended Particulate Matter; N tot = Total Nitrogen; P tot = Total Phosphorus. BS = 

Brussels south WWTP; BN = Brussels north WWTP.  
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AMX (µg L
-1

) STX (µg L
-1

) NAL (µg L
-1

) TET (µg L
-1

)

median min max median min max median min max median min max 

BS inf 33.8 nd 33.8 1.9 1.5 5.1 0.005 <loq 0.007 0.97 0.32 1.96 

BS eff 17.5 nd 17.5 0.6 0.5 1.8 0.002 <loq 0.003 0.24 0.22 1.29 

BN inf nd nd nd <loq <loq <loq <loq nd <loq 0.72 0.66 0.79 

BN eff 46.0 29.2 116.4 0.9 <loq 0.9 0.001 <loq 0.001 0.27 0.25 0.28 

H nd nd nd 18.4 8.5 66.4 <loq <loq <loq 0.96 0.70 1.18 

Table 2. Maximum. minimum and median antibiotic concentrations measured at each sampling site during the sampling campaigns. Values 

are expressed in µg L
-1

. AMX = amoxicillin; STX = sulfamethoxazole; NAL = nalidixic acid and TET = tetracycline. BS = Brussels south 

wastewater treatment plant; BN = Brussels north wastewater treatment plant; H = Hospital. Inf = influent; Eff = effluents; nd = not detected; 

loq = limit of quantification. 
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Ctr AMX L AMX H STX L STX H NAC L NAC H TET L TET H 

E.coli HB E.coli HB E.coli HB E.coli HB E.coli HB E.coli HB E.coli HB E.coli HB E.coli HB 

CFU L
-1

 CFU L
-1

 CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % CFU L
-1

 % 

H 4.4 x10
7
 3.4 x10

10
 2.3 x10

7
 60 2.4 x10

9
 17 2.1 x10

7
 52 8.4 x10

8
 7 3.6 x10

7
 84 3.7 x10

9
 20 1.3 x10

7
 34 2.6 x10

9
 14 2.8 x10

7
 60 7.0 x10

9
 32 1.5 x10

7
 39 2.4 x10

9
 20 1.1 x10

7
 22 4.8 x10

8
 1 6.3 x10

3
 0.02 1.3 x10

7
 0.05 

BS in 6.0 x10
7
 5.1 x10

10
 2.1 x10

7
 34 1.7 x10

9
 5 1.5 x10

7
 32 3.2 x10

8
 2 4.6 x10

7
 82 2.7 x10

9
 9 1.4 x10

7
 33 1.3 x10

9
 3 3.3 x10

7
 43 4.9 x10

9
 22 1.3 x10

7
 20 3.0 x10

9
 15 1.3 x10

7
 22 4.9 x10

8
 2 0 0.00 6.3 x10

5
 0.01 

BS out 7.1 x10
5
 2.5 x10

9
 1.8 x10

5
 26 2.6 x10

7
 9 1.4 x10

5
 18 5.9 x10

6
 2 4.3 x10

5
 72 4.2 x10

7
 10 1.4 x10

5
 27 1.8 x10

7
 1 1.7 x10

5
 26 1.6 x10

8
 24 7.8 x10

4
 13 1.0 x10

8
 6 1.4 x10

5
 21 4.1 x10

6
 1 8.2 x10

2
 0.06 1.4 x10

5
 0.09 

BN in 8.7 x10
7
 2.4 x10

10
 2.6 x10

7
 30 1.8 x10

9
 23 1.6 x10

7
 19 6.5 x10

8
 9 5.9 x10

7
 70 6.0 x10

9
 37 2.4 x10

7
 24 1.3 x10

9
 10 2.4 x10

7
 26 6.5 x10

9
 21 1.3 x10

7
 14 4.3 x10

9
 14 1.6 x10

7
 18 6.4 x10

8
 2 3.4 x10

4
 0.04 2.7 x10

6
 0.01 

BN out 5.6 x10
5
 1.0 x10

9
 1.6 x10

5
 31 1.7 x10

7
 8 1.1 x10

5
 25 2.7 x10

6
 3 3.9 x10

5
 81 3.7 x10

7
 19 9.7 x10

4
 19 6.3 x10

6
 5 1.7 x10

5
 42 7.0 x10

7
 21 5.7 x10

4
 10 4.5 x10

7
 11 7.2 x10

4
 16 3.7 x10

6
 2 4.9 x10

2
 0.09 7.5 x10

4
 0.04 

Up 4.1 x10
5
 1.4 x10

8
 5.9 x10

4
 18 8.1 x10

6
 8 5.0 x10

4
 16 1.3 x10

8
 1 1.8 x10

5
 50 1.5 x10

7
 11 4.3 x10

4
 13 5.8 x10

6
 4 3.6 x10

4
 13 4.0 x10

7
 30 3.0 x10

4
 12 1.4 x10

7
 10 2.9 x10

4
 8 2.2 x10

6
 2 1.1 x10

2
 0.07 6.5 x10

4
 0.05 

Dw 7.5 x10
5
 3.7 x10

8
 4.0 x10

5
 28 4.7 x10

7
 23 3.5 x10

5
 20 1.3 x10

7
 5 1.2 x10

6
 79 6.2 x10

7
 24 2.9 x10

5
 20 2.9 x10

6
 17 2.8 x10

5
 19 8.0 x10

7
 51 1.7 x10

5
 10 6.4 x10

7
 30 2.8 x10

5
 16 1.1 x10

7
 5 3.0 x10

3
 0.21 3.5 x10

5
 0.26 

Table 3. Absolute (CFU L
-1

) and relative (%) abundances of culturable E. coli and Heterotrophic Bacteria (HB) at the different sampling sites. H = Hospital; BS in = Influent of Brussels South WWTP; BS out = Effluent of 

Brussels South WWTP; BN in = Influent of Brussels North WWTP; BN out = Effluent of Brussels North WWTP; Up = Zenne River site located upstream the release of WWTPs effluents; Dw = Zenne River site located 

downstream the release of WWTPs effluents 
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