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SUMMARY
Occurrence, fate, and adverse effects of emerging contaminants in the aquatic environment have
become a matter of concern, since these compounds have been persistently detected in wastewater
treatment plant (WWTP) effluents, surface water, seawater and groundwater all over the globe. The
incessant release of emerging contaminants into freshwater ecosystems could affect a broad variety of
organisms: from bacterial communities to fish, as well as aquatic plants and insect larvae. The impact of
these pollutants can be evaluated by measuring the bioaccumulation of the target compounds in the
organisms or/and by assessing the toxicological effects.
The present study aims to investigate the potential bioaccumulation and biomagnification of two
groups of emerging contaminants − pharmaceuticals and endocrine disruptors − in aquatic biota,
including fish, invertebrates and river biofilm in the natural environment. A second aim of this thesis is
to evaluate the impacts of exposure to some of these contaminants in the organisms, and the possible
relation between bioaccumulation and toxicological effects.

CHAPTER 1 and 2: Introduction and Objectives.
CHAPTER 3: Development of analytical methods for the determination of pharmaceuticals and
endocrine disruptors in fish, invertebrates and biofilm.
This chapter aims to develop and validate analytical methods to measure pharmaceuticals and
endocrine disruptors in biological matrices: fish tissues, invertebrates and biofilm. This is a fundamental
step to have reliable tools to assess the bioaccumulation of these compounds in the environment. Three
different methodologies were developed for the three biological matrices considered and were reported
accordingly in 3 manuscripts.
The first article included in this chapter describes the analytical methodology developed for the
analysis of twenty pharmaceuticals from seven commonly used therapeutic families in fish tissues (whole
body, but also liver and muscle). This method is based on pressurized liquid extraction (PLE) and
I

purification of the extract by gel permeation chromatography (GPC) prior determination by ultra-highperformance liquid chromatography coupled to tandem mass spectrometry (UPLC–MS/MS). The method
was applied to fish tissues of eleven fish species from four heavily impacted Mediterranean rivers. Nine
compounds from five therapeutic families were measured at concentrations higher than MDLs. Highest
levels were found in trout liver, with a maximum concentration of 18 ng g-1 of carbamazepine, whereas
the most ubiquitous compound was diclofenac.
The second paper describes the methodology developed for the simultaneous analysis of 41
pharmaceuticals and 21 endocrine disruptors in freshwater macroinvertebrates, based on extraction by
sonication, purification via removal of phospholipids, and analysis by ultra-performance liquid
chromatography coupled to a mass spectrometer in tandem (UPLC-MS/MS). In addition,
bioaccumulation of these contaminants in three macroinvertebrate taxa inhabiting a waste water treatment
plant-impacted river was assessed. Two non-steroidal anti-inflammatory drugs, diclofenac and ibuprofen,
and four endocrine disruptors – estrone, bisphenol A, TBEP, and nonylphenol – were detected in at least
one macroinvertebrate taxa in concentrations up to 183 ng g -1.
The third paper in this chapter focuses on river biofilm, and describes the development of an
efficient analytical methodology for the analysis of 44 pharmaceuticals and 13 endocrine disrupting
compounds, and evaluated persistence, distribution, and bioaccumulation of these contaminants in natural
biofilms inhabiting a WWTP-impacted river. The method is based on pressurized liquid extraction,
purification by solid-phase extraction, and analysis by ultra-performance liquid chromatography coupled
to a mass spectrometer (UPLC–MS/MS) in tandem. A total of five endocrine disruptors and seven
pharmaceuticals were detected in field samples at concentrations up to 200 ng g-1, with diclofenac and
methyl paraben as the most concentrated compounds.

CHAPTER 4: Determination of pharmaceuticals and endocrine disruptors in biofilm and
invertebrates: trophic transfer.
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Trophic transfer will be assessed by uptake of emerging pollutants – 25 pharmaceuticals and 12
endocrine disruptors – in aquatic organisms, in particular biofilm and three aquatic macroinvertebrate taxa
with different trophic positions and feeding strategies (Ancylus fluviatilis, Hydropsyche sp., Phagocata
vitta). Observed bioaccumulation factors (BAFs) were compared to those predicted by a previouslydeveloped empirical model based on octanol–water distribution coefficients (Dow).Two compounds (the
anti-inflammatory drug diclofenac, and the flame retardant TBEP) were detected in water, biofilm and (at
least) one macroinvertebrate taxa. TBEP was the only compound present in all taxa and showed
magnification across trophic levels.

CHAPTER 5: Environmental effects of the occurrence of antibiotics and psychiatric drugs:
antibiotic resistance and behavioural alterations.
This chapter aims to evaluate some of the impacts that the exposure to pharmaceuticals could
have in aquatic organisms. In the first article, the correlation between the occurrence of antibiotics and the
promotion of antibiotic resistance in the bacterial communities of water reservoirs was investigated. With
that purpose, the concentration of antibiotics and prevalence of antibiotic resistance genes (ARGs) was
determined. Consequently, the potential role of ARGs in shaping bacterial communities was evaluated,
and the bacterial groups most probably carrying and disseminating ARGs were identified. Results showed
significant correlation between the presence of ARG conferring resistance to macrolides and the
composition of bacterial communities, suggesting that antibiotic pollution and the spreading of ARG
might play a role in the conformation of bacterial communities in reservoirs. Results also pointed out the
bacterial groups Actinobacteria and Firmicutes as the ones probably carrying and disseminating ARGs.
In the second part of the chapter, the aim was to measure the bioaccumulation of a psychiatric
drug in plasma and in different tissues of fish individuals under controlled conditions, and to determine
the correlation between that bioaccumulation and the consequential behavioural alterations observed in
the fish. Results showed that accumulation in the brain was significantly higher than in the other tissues
and plasma. Exposure of fish to 1 and 5 μg L-1 resulted in plasma concentrations of oxazepam below the
III

HTPC, whereas exposure to 25 μg L-1 produced plasma concentrations within the HTPC range in many
individuals. In general, no behavioural effects were observed at any exposure concentration, including the
one that produced HTPCs in fish plasma. A decreased exploratory activity was observed for the group
exposed to 5 μg L-1 (oxazepam plasma concentrations were approximately 3-fold lower than the HTPCs).
This behaviour may be independent by the drug exposure, due to drug plasma concentrations <HTPC, lack
of dose-response, and high inter-individual and inter-tank behavioural variability.
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RESUMEN (castellano)
La presencia, destino y efectos adversos de los contaminantes emergentes en el medio acuático se
han convertido en un tema preocupante, puesto que esto compuestos se han venido detectando de forma
persistente en los efluentes de las Estaciones de Depuración de Aguas Residuales (EDAR) así como en
agua superficial, marina y subterránea en todo el planeta. La constante presencia de contaminantes
emergentes en el medio acuático continental podría afectar a una gran variedad de organismos: desde
comunidades bacterianas hasta peces, así como plantas acuáticas y larvas de insectos. El impacto de estos
contaminantes en los organismos y comunidades acuáticas se puede evaluar mediante la determinación de
sus efectos tóxicos así como de su bioacumulación en dichos organismos.
El primer objetivo de esta tesis es investigar la potencial bioacumulación y biomagnificación de
dos grupos de contaminantes emergentes −fármacos y disruptores endocrinos−

en biota acuática,

incluyendo peces, invertebrados y biofilm. Un segundo objetivo es evaluar los posibles impactos que la
exposición a estos contaminantes puede tener en los organismos, y establecer la posible correlación entre
bioacumulación y efectos toxicológicos.

CAPÍTULO 1 y 2: Introducción y Objetivos.
CAPÍTULO 3: Desarrollo de métodos analíticos para la determinación de fármacos y disruptores
endocrinos en peces, invertebrados y biofilm.
Este capítulo tiene como objetivo desarrollar y validar métodos analíticos para medir una gran
variedad de fármacos y disruptores endocrinos en matrices biológicas: tejidos de peces, invertebrados y
biofilm. Disponer de herramientas analíticas de confianza es un paso fundamental para poder determinar
la bioacumulación de estos compuestos en biota. Se desarrollaron por lo tanto tres metodologías
diferentes para estas matrices, que se recogen en los tres manuscritos incluidos en este capítulo.
El primer artículo incluido en este capítulo describe la metodología analítica desarrollada para el
análisis de 20 fármacos pertenecientes a siete familias terapéuticas en tejidos de peces (hígado y musculo,
V

así como el pez homogeneizado). Este método está basado en una extracción con líquidos presurizados
(PLE de las siglas en inglés Pressurized Liquid Extraction) seguida de una purificación del extracto
mediante cromatografía de exclusión molecular (GPC, siglas en ingles de Gel Permeation
Chromatography) previa a su determinación mediante cromatografía liquida de alto rendimiento en
tándem con espectrometría de masas (UPLC–MS/MS). El método se aplicó a los tejidos de once especies
de peces procedentes de cuatro ríos mediterráneos altamente contaminados. Nueve compuestos
pertenecientes a cinco familias terapéuticas se encontraron a concentraciones superiores a los límites de
detección. Los niveles más altos se detectaron en el hígado de trucha, con concentraciones máximas de 18
ng g-1 de carbamazepina, mientras que el compuesto más ubicuo fue el diclofenaco.
El segundo artículo describe la metodología desarrollada para el análisis simultáneo de 41
fármacos y 21 disruptores endocrinos en invertebrados acuáticos. Esta metodología está basada en
extracción mediante ultrasonidos, purificación vía eliminación de fosfolípidos mediante una placa
OSTROTM, y análisis mediante cromatografía liquida de alto rendimiento en tándem con espectrometría
de masas (UPLC–MS/MS). Esta metodología permitió investigar la bioacumulación de estos
contaminantes en 3 grupos taxonómicos de macroinvertebrados que habitaban un rio impactado por una
EDAR. Dos anti-inflamatorios no esteroideos – diclofenaco e ibuprofeno–, y cuatro disruptores
endocrinos

– estrona, bisfenol A, TBEP y nonilfenol – fueron detectados en al menos un grupo

taxonómico en concentraciones máximas de hasta 183 ng g -1.
El tercer artículo en este capítulo se centra finalmente en el biofilm (perifiton), y describe el
desarrollo de una metodología para el análisis de 44 fármacos y 13 disruptores endocrinos; además, se
evaluó la persistencia, distribución y bioacumulación de estos contaminantes en biofilm natural
procedente de un rio impactado por una EDAR. El método se compone de una extracción con líquidos
presurizados, una purificación mediante extracción en fase sólida y el análisis mediante cromatografía
líquida de alto rendimiento en tándem con espectrometría de masas (UPLC–MS/MS). Un total de cinco
disruptores endocrinos y siete fármacos fueron detectados en las muestras de biofilm del río impactado a
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niveles de hasta 200 ng g-1, siendo el diclofenaco y metilparabeno los compuestos encontrados a mayor
concentración.
CAPÍTULO 4: Determinación de fármacos y disruptores endocrinos en biofilm e invertebrados:
trasferencia trófica.
Este capítulo pretende evaluar el papel de la transferencia trófica en la acumulación de
contaminantes emergentes seleccionados – 25 fármacos y 12 disruptores endocrinos – por los organismos
acuáticos. Para ello se estudió la presencia de estos contaminantes en biofilm y tres clases taxonómicas de
macroinvertebrados, con diferentes posiciones y estrategias alimentarias (Ancylus fluviatilis,
Hydropsychesp., Phagocata vitta). Los factores de bioacumulación (BAFs) observados se compararon
con aquellos predichos por un modelos empírico desarrollado previamente y que se basa en los
coeficientes de distribución octanol-agua (Dow). Dos compuestos (el anti-inflamatorio diclofenaco y el
retardante de llama TBEP) se detectaron en agua, biofilm, y al menos una clase de macroinvertebrados.
TBEP fue el único compuesto presente en todos los grupos que presento magnificación en los diferentes
niveles tróficos.
CAPÍTULO 5: Efectos ambientales de la presencia de antibióticos y drogas psiquiátricas:
Resistencia antibiótica y alteraciones del comportamiento.
El objetivo de este capítulo es evaluar algunos de los impactos que la exposición a fármacos
pueda tener en los organismos y comunidades en el medio acuático. En el primer artículo, se investigó la
correlación entre la presencia de antibióticos y el incremento de la resistencia antibiótica en las
comunidades bacterianas en varios embalses de agua. Con ese propósito, se determinó la concentración de
antibióticos y la prevalencia de los genes de resistencia antibiótica (ARGs) en muestra de agua y
sedimento. A continuación, se evaluó el papel de los ARGs en la conformación de las comunidades
bacterianas, y se identificaron los grupos bacterianos que más probablemente llevan y diseminan ARGs.
Los resultados obtenidos mostraron una correlación significativa entre la presencia de los ARGs que
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proporcionan resistencia a los macrólidos y la composición de las comunidades bacterianas. Esto sugiere
que la contaminación por antibióticos y la difusión de ARGs podrían estar influyendo en la conformación
de las comunidades bacterianas en los embalses de agua. Los resultados también permitieron identificar a
los grupos de bacterias Actinobacteria y Firmicutes como aquellos con más probabilidad de llevar y
diseminar ARGs en los embalses estudiados.
En la segunda parte de este capítulo, el objetivo era medir la bioacumulación de una droga
psiquiátrica en diferentes tejidos de peces en un estudio de exposición en laboratorio, y determinar la
correlación entre la bioacumulación y las consecuentes alteraciones del comportamiento observadas en
los peces. Los resultados mostraron que la acumulación en el cerebro era significativamente mayor que en
el resto de tejidos y que en el plasma. Los peces expuestos a concentraciones en agua de 1 y 5 μg L-1
presentaban concentraciones en plasma hasta 3 veces por debajo de la “concentración plasmática humana
terapéutica” (HTPC), mientras que en alguno de los peces expuestos a concentraciones de 25 μg L-1 sí que
se observaron concentraciones plasmáticas en el rango de la HTPC. En general no se observaron efectos
en el comportamiento a ninguna de las concentraciones, incluida la que produjo la HTPC en los peces. Sin
embargo, sí que se observó cierta disminución en la actividad exploratoria de los peces expuestos a la
concentración más baja en agua 5 μg L-1, donde la concentración de oxazepam en plasma era menor que
la HTPC. Sin embargo, la variabilidad en el comportamiento entre individuos del mismo o distintos
tanques expuestos a la misma concentración, y el hecho de que la concentración de oxazepam en plasma
es menor que la HTPC, sugiere que los efectos observados son independientes de la exposición al
fármaco.
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Resum (català)
La presència, destí i efectes adversos dels contaminants emergents en el medi aquàtic s’han
convertit en un tema de preocupació general ja que, aquests compostos, s’han estat detectant de manera
persistent en els efluents de les Estacions Depuradores d’Aigües Residuals (EDAR) així com en aigües
superficials, marines i subterrànies de tot el planeta. La constant presència de contaminants emergents en
el medi aquàtic continental podria afectar a una gran varietat d’organismes: des de comunitats bacterianes
fins a peixos, així com a plantes aquàtiques i larves d’insectes. L’impacte d’aquests contaminants en els
organismes i comunitats aquàtiques es pot avaluar mitjançant la determinació dels seus efectes tòxics així
com la bioacumulació en els organismes esmentats.
El primer objectiu d’aquesta tesi doctoral és investigar la potencial bioacumulació i
biomagnificació de dos grups de contaminants emergents –fàrmacs i disruptors endocrins– en la biota
aquàtica incloent peixos, invertebrats i biofilm. El segon objectiu és avaluar els possibles impactes que
l’exposició a aquests contaminants poden tenir en els organismes i establir la possible correlació entre
bioacumulació i efectes toxicològics.

CAPÍTOL 1 i 2: Introducció i Objectius.
CAPÍTOL 3: Desenvolupament de mètodes analítics per a la determinació de fàrmacs i disruptors
endocrins en peixos, invertebrats i biofilm
Aquest capítol té com a objectiu desenvolupar i validar mètodes analítics per mesurar una gran
varietat de fàrmacs i disruptors endocrins en matrius biològiques (teixits de peixos, invertebrats i biofilm).
Disposar d’eines analítiques de confiança és un pas fonamental per poder determinar la bioacumulació
d’aquests compostos. Per aquest motiu es van desenvolupar tres metodologies analítiques per a aquestes
matrius i que es recullen en els tres manuscrits inclosos en aquest capítol.
El primer article descriu la metodologia desenvolupada per a l’anàlisi de 20 fàrmacs pertanyents a
set famílies terapèutiques d’ús comú en teixits de peixos (fetge i múscul, així com en l’homogenat de tot
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el peix). Aquest mètode està basat en una extracció mitjançant líquids pressuritzats (PLE de les sigles en
anglès Pressurized Liquid Extraction), seguida d’una purificació de l’extracte mitjançant cromatografia
d’exclusió de mida (GPC, sigles en anglès Gel Permeation Chromatography) i, finalment, la seva
determinació a través de cromatografia líquida d’alt rendiment acoblada a espectrometria de masses en
tàndem (UPLC-MS/MS). Aquest mètode es va aplicar als teixits d’onze espècies de peixos procedents de
quatre rius mediterranis altament contaminats. Nou compostos, pertanyents a cinc famílies terapèutiques,
es van trobar a concentracions superiors als límits de detecció. Els nivells més alts es van detectar en el
fetge de la truita, amb concentracions màximes de fins a 18 ng g-1 de carbamazepina. No obstant, el
compost més obliqua va ser el diclofenac.
El segon article descriu la metodologia desenvolupada per a l’anàlisi simultani de 41 fàrmacs i 21
disruptors endocrins en invertebrats aquàtics. Aquesta metodologia està basada en l’extracció mitjançant
ultrasons, purificació via eliminació de fosfolípids i, finalment, anàlisi per UPLC-MS/MS. Aquesta
metodologia va permetre investigar la bioacumulació d’aquests contaminants en 3 grups taxonòmics de
macroinvertebrats que habitaven un riu impactat per l’efluent d’una EDAR. Dos anti-inflamatoris no
esteroïdals - diclofenac i ibuprofè - i quatre disruptors endocrins – estrona, bisfenol A, TBEP i nonilfenolvan ser detectats en almenys un grup taxonòmic a concentracions màximes de fins a 183 ng g -1.
El tercer article d’aquest capítol se centraen el biofilm (perífiton) i descriu el desenvolupament
d’una metodologia per a l’anàlisi de 44 fàrmacs i 13 disruptors endocrins; a més a més, es va avaluar la
persistència, distribució i bioacumulació d’aquests contaminants en el biofilm natural procedent d’un riu
impactat per una EDAR. El mètode consisteix en una extracció per líquids pressuritzats, una purificació
mitjançant extracció en fase sòlida i l’anàlisi a través de UPLC-MS/MS. Un total de cinc disruptors
endocrins i set fàrmacs van ser detectats en les mostres de biofilm del riu impactat a concentracions
màximes de fins a 200 ng g-1, essent el diclofenac i el metilparabè els compostos detectats a majors
concentracions.
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CAPÍTOL 4: Determinació de fàrmacs i disruptors endocrins en biolfim i invertebrats:
transferència tròfica.
En aquest capítol es vol avaluar el paper de la transferència tròfica en l’acumulació dels
contaminants emergents seleccionats -25 fàrmacs i 12 disruptors endocrins- per els organismes aquàtics.
Per aquest motiu s’ha estudiat la presència d’aquests contaminants en biofilm i tres classes taxonòmiques
de macroinvertebrats amb diferents posicions i estratègies alimentàries (Ancylus fluviatilis,
Hydropsychesp., Phagocata vitta). Els factors de bioacumulació (BAFs) observats es van comparar amb
aquells previstos per un model empíric desenvolupat prèviament i que es basa en els coeficients de
distribució octanol-aigua (Dow). Dos compostos (l’anti-inflamatori diclofenac i el retardant de flama
TBEP) es van detectar en aigua, biofilm i, almenys, en una classe de macroinvertebrats. El TBEP va ser
l’únic compost present en tots els grups que va presentar magnificació en els diferents nivells tròfics.

CAPÍTOL 5: Efectes ambientals de la presència d’antibiòtics i drogues psiquiàtriques: resistència
antibiòtica i alteracions del comportament.
L’objectiu d’aquest capítol és avaluar alguns dels impactes que l’exposició a fàrmacs pugui tenir
en els organismes i comunitats del medi aquàtic. En el primer article es va investigar la correlació entre la
presència d’antibiòtics i l’increment de la resistència antibiòtica en les comunitats bacterianes de varis
reservoris d’aigua. Amb aquest propòsit, es va determinar la concentració d’antibiòtics i la prevalença
d’gens de resistència antibiòtica ARGs en mostres d’aigua i sediment. Seguidament, es va determinar el
paper dels ARGs en la conformació de les comunitats bacterianes i es van identificar els grups bacterians
que més probablement són portadors d’ARGs. Els resultats obtinguts van mostrar una correlació
significativa entre la presència dels ARGs que confereixen resistència a macròlids i la composició de les
comunitats bacterianes. Això suggereix que la contaminació per antibiòtics i la disseminació d‘ARGs
podria estar influint en la conformació de les comunitats bacterianes dels embassaments d’aigua. Els
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resultats també van permetre identificar als grups de bacteris Actinobacteria i Firmicutes com com a
aquells que més probablement transporten i disseminen els ARGs en els embassaments estudiats.
En la segona part d’aquest capítol, l’objectiu va ser mesurar la bioacumulació d’un medicament
psiquiàtric en diferents teixits de peixos en un estudi d’exposició al laboratori, sota condicions
controlades, i determinar la correlació entre la bioacumulació i les conseqüents alteracions en el
comportament observats en els peixos. Els resultats van mostrar que l’acumulació en el cervell era
significativament més elevada que en la resta de teixits, inclòs el plasma. Els peixos exposats a
concentracions en aigua d’1 i 5 μg L-1 presentaven concentracions en plasma fins a 3 vegades por sota la
“concentració plasmàtica humana terapèutica” (HTPC), mentre que sí que s’observava concentracions
plasmàtiques en el rang de la HTPC en alguns dels individus exposats a concentracions de 25 μg L-1 . No
obstant, sí que es va observar certa disminució en l’activitat exploratòria en el grup exposat a 5 μg L-1 , on
la concentració d’oxazepam en plasma era més baixa que la HTPC. Tot i així, la variabilitat en el
comportament entre individus del mateix o diferents tancs i la concentració d’oxazepam en plasma més
baixa que la HTPC suggereixen que els efectes observats són independents a l’exposició al fàrmac.
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Chapter 1
General Introduction

Chapter 1: Introduction

I.
PHARMACEUTICALS AND ENDOCRINE DISRUPTORS: SOURCES AND
OCCURRENCE IN AQUATIC ECOSYSTEMS
The occurrence, fate, and adverse effects of emerging contaminants in the aquatic
environment has become a matter of concern in the last two decades

1–3

. The term “emerging

contaminants” refers to those compounds present in various environmental compartments on a global
scale, generally not yet subjected to regulation for the protection of human health or the environment
and their risks to human health and the environment may be unknown 4. This definition includes: a)
new chemicals that were not previously known or that just recently appeared in the scientific
literature; b) compounds with environmental contamination issues that previously were not fully
comprehended; and c) legacy contaminants with new information about their environmental and
human health risks 5.
Emerging contaminants include many types of contaminants such as polar pesticides,
pharmaceuticals and personal care products, fragrances, plasticizers, hormones, flame retardants,
nanoparticles, perfluoroalkyl compounds, chlorinated paraffins, siloxanes, algal toxins, various trace
elements including rare earths and radionuclides, etc. This dissertation is addressing the
environmental fate of two of these groups: pharmaceutical active compounds (PhACs) and endocrine
disrupting compounds (EDCs). While the classification of PhACs obviously refers to their use as
therapeutic agents and their common chemical structures, this is not so clear in the case of EDCs.
These compounds are classified based on the effects they have in the hormonal system, and this
definition includes many different chemicals, including some pharmaceuticals (i.e. 17-α-ethynilestradiol). At the same time, other chemicals associated with the use of EDCs are also considered in
this thesis.

Pharmaceuticals
Thousands of substances are used as pharmaceuticals, including in analgesics, antibiotics,
anti-hypertensives, contraceptives, lipid regulators, antidepressants, and cytotoxic drugs

2

.

Pharmaceuticals have been detected at relatively low concentrations in wastewater treatment plant
(WWTP) effluents, surface water, seawater and groundwater all over the globe

6–9

. As an example,

3
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Table 1 shows a summary of the concentration of some PhACs in WWTP influents, effluents, rivers
and groundwater detected in some countries in the last five years.
Table 1 Average concentrations (ng L-1) of various pharmaceuticals published in the literature between 2009 and
2014
Family

Compound

Analgesics and antiinflammatories

Acetaminophen

Antibiotics

Antihistaminics

Antihypertensives

Beta-blockers

Diuretics

Lipid regulators

Psychiatric drugs

* nd: not detected
(a)10
(b) 11
(c) 12
(d) 13
(e) 14
(f) 15

4

Codeine
Diclofenac
Ibuprofen
Naproxen
Salicylic acid
Phenazone
Azythromycin
Ciprofloxacin
Clarithromycin
Erythromycin
Ofloxacin
Sulfamethoxazole
Tetracycline
Cimetidine
Loratadine
Ranitidine
Losartan
Irbesartan
Valsartan
Atenolol
Metoprolol
Propanolol
Furosemide
Hydrochlorothiazide
Torasemide
Bezafibrate
Gemfibrozil
Atorvastatin
Pravastatin
Carbamazepine
Diazepam
Fluoxetine
Lorazepam
Paroxetine
Venlafaxine

WWTP
Influent
(ng L-1)
243a

WWTP
Effluent
(ng L-1)
16720a

Surface
Water
(ng L-1)
338a

800a
436a
3812a
4240a
295b
nda
205a
252a
459a
63a
309a
768a
nda
166a
nda
592a
366a
1096a
3696a
2644a
nda
172a
960a
1632a

142a
376a
nda
150a
30b
49a
1032e
67c
238e
677e
277e
140e
171e
32e
7e
120c
75a
1526a
574a
118e
97e
33c
1120e
1100c

19a
52a
380a
156a
70b
12a
4.6d
28e
89e
174e
9d
0.5d
29e
17e
0.4d
18d
34a
139a
734a
63e
5d
6d
174e
8e

ndf
225f
61f
0.4f
110f
24f
16f
17f
11f
29f
30f
13f
4f
4f
ndf
1f
ndf
191f
ndf
147f
262f

48a
53b
924a
182a
152a
95a
16a
23a
143a
nda
528a

32a
17b
420c
3e
nde
97c
19e
8.7c
115e
7e
376a

12a
4b
2e
2e
8d
5.9d
6.5e
4.7d
4d
1d
43a

7f
209f
3f
2f
115f
18f
ndf
15f
0.4f
-

Groundwater
(ng L-1)
ndf *
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After the drug administration, the unchanged parent compound and, in many cases, active and
inactive metabolites are excreted and released into the municipal sewage systems (see Figure 1). As
conventional WWTPs are not specifically designed to remove these compounds, many of them go
through wastewater treatment plants either as unchanged compounds or as transformation products 16.
Veterinary drug usage for treating domestic animals, livestock, and aquaculture is another route of
entrance, whether through direct deposition on land via faeces or through runoff to receiving waters:
solid waste, such as sludge, containing pharmaceutical residues can result in leaching into the soil
where sludge is applied, or lead to runoff to receiving waters 1. Agriculture and aquaculture also
consume large quantities of specific pharmaceutical compounds, such as antibiotics and hormones for
growth promotion, therapeutic treatment, or disease prevention 17.

Figure 1. Sources of emerging contaminants in the aquatic environment
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Even though at relatively low levels, pharmaceuticals can be found in the natural ecosystems:
their generally swift degradation rates, are exceeded by their introduction rates in the aquatic
environment and thus, they are considered pseudo persistent contaminants

18

. One of the main

concerns related to the presence of pharmaceutical compounds in the environment is that they are
biologically active (they are specifically designed to target specific metabolic and molecular pathways
in humans and animals), resulting in unexpected effects in non-target aquatic organisms

19,20

. Effects

on wildlife of chronic exposure to low levels and to mixtures of compounds, in some cases with the
same mode of action, are still uncertain 2.

Endocrine Disruptors
According to the International Program on Chemical Safety 21, “an endocrine disruptor is an
exogenous substance or mixture that alters function(s) of the endocrine system and consequently
causes adverse health effects in an intact organism, or its progeny, or (sub) populations”, which means
that these kind of chemicals may interfere with normal hormone action, and in doing so they can alter
endocrine function to a point where it leads to adverse effects on human and wildlife health 22. This
definition comprises those compounds that are able to mimic or antagonize the effects of endogenous
hormones, such as oestrogens and androgens, or to disrupt synthesis and metabolisms of endogenous
hormonal receptors, and this definition includes a wide spectrum of chemicals with very different
properties, sources and fates in the environment, including natural and synthetic hormones,
surfactants, pesticides, antibacterials, personal care products, cosmetics, plastics, textiles and
construction materials 23.
Despite the differences between chemical properties and physiological effects in wildlife,
EDCs share some features with PhACs. As in the case of PhACs, EDCs are also released into the
environment through wastewater treatment discharges and surface non-point runoff, but they also
come from atmospheric deposition of particulates and aerosols, urban and industrial use of cleaners
containing surfactants, or agrochemicals containing surfactants 23. Table 2 presents a list of some of
these EDCs and related compounds, and their concentration in influents, effluents, surface water and
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groundwater reported in the last five years. The range of concentrations is very variable: from the low
ng L-1 to several μg L-1.

Table 2 Average concentration (ng L-1), unless otherwise indicated, of endocrine disruptors published in the
literature between 2009 and 2014. The data were compiled from(a) 24, (b)
27

28

29

values), (d) , (e) , (f) , and (g)

30

Compound

Natural and synthetic
estrogens and conjugates

Estradiol

Preservatives

Plasticizer
Alkylphenolic compounds

Anticorrosives
Organophosphorus flame
retardants

(median values), (c)

26

(median

(median values).

Group

Antimicrobials/disinfectants

25

Estrone
Estriol
Ethinylestradiol
Triclorocarban
Triclosan
Methylparaben
Ethylparaben
Propylparaben
Benzylparaben
Bisphenol A
Nonylphenol
Octylphenol
Nonylphenolmonocar
boxylate
1H-Benzotriazole
Tolytriazole
Tris (butoxyethyl)
phosphate
Tris (chloroisopropyl)
phosphate
Tris (2-chloroetyhl)
phosphate

WWTP
Influent
(ng L-1)
5a

WWTP
Effluent
(ng L-1)
5a

Surface
Water
(ng L-1)
1a

15a
26c
2.5c
nda
23a
67a
222a
209a
nda
267a
128a
339a
772a

5a
nda*
nda
nda
8a
22a
2a
7a
nda
104a
34a
23a
1947a

7b
0.5a
8b
10b
100b
8a
13b
30b
0.25a
106b
850b
125b
1342b

0.7d
1.2d
1-345f
20e
79e
83e
1e
263e

864a
4174a
1989a

555a
3449a
1345a

659b
718b
2563b

24e
23.4g
-

1209a

3417a

831b

-

302a

549a

1048b

-

Groundwater
(ng L-1)
0.7d

* nd: not detected

In the living organisms, natural hormones are biologically active at very low concentrations,
which suggests that some unwanted effects may occur when aquatic organisms are exposed to natural
and synthetic hormones at environmental concentrations 31. Many other EDCs are generally believed
to have low binding affinity for the oestrogenic receptors when compared to natural and synthetic
hormones

32

, and thus are less potent as endocrine disruptors. However, their environmental

concentrations often reach concentrations in the μg L-1 range, so they constitute an issue of concern.
Literature has extensively reported environmental concentrations PhACs and EDCs in inert
compartments: water, sediments, sludge, soil, etc. In fact, these studies have led to regulatory
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measures for some of these compounds in the European Union

33

, such as the anti-inflammatory

diclofenac or the synthetic hormones EE2, which have been included in the so called ‘watch list’ of
priority substances under the Water Framework Directive for the “specific purpose of facilitating the
determination of appropriate measures to address the risk posed by these substances 34. In the US, the
Drinking Water Contaminant Candidate List also contains several PhACs and EDCs, including
antibiotics, and hormones

35

. Other PhACs, including some antibiotics, anti-inflammatories and

psychiatric drugs, have been classified as high priority pharmaceuticals to the water cycle by the
GWRC, Global Water Research Coalition 36.
A vital step in the impact assessment of emerging contaminants in aquatic ecosystems is to
discern whether these compounds are also present in biological tissues. For instance, the European
Medicines Agency (EMA) stipulates that an initial screening phase of the risk assessment process
involves identifying the environmental exposure of pharmaceuticals based on their potential for
bioaccumulation and persistence in the environment

37

. For that reason, the development and

validation of analytical methods for extraction and determination of PhACs and EDCs in aquatic
organisms is very pertinent. Analytical methodologies to detect these contaminants at trace levels in
biological matrices have developed significantly in the last years. Next section a will expand on this
matter whereas chapter 3of this dissertation gathers the research performed to this respect in the frame
of the thesis.

II.
ANALYTICAL METHODOLOGIES FOR THE DETERMINATION OF
PHARMACEUTICALS AND ENDOCRINE DISRUPTORS IN BIOTA
Sample Extraction
For the analysis of environmental samples, the target analytes must be previously isolated and
concentrated from the matrix. Sample preparation is particularly critical when biota samples are
involved due to the low concentration of analytes and to the higher complexity of these matrices,
especially rich in undesirable components that could interfere with the analysis (lipids, proteins, and
pigments). Considering the aforementioned problems, along with the widely varying physicochemical
properties (e.g., polarity, solubility, and stability) between groups of pharmaceuticals and EDCs (see

8
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Table 3), one of the main challenges for the development of a good analytical method is to obtain
efficient extraction for the target compounds

38,39

, as it usually requires extensive and lengthy sample

preparation 40.
Method development for multiclass compound determination in biota is difficult, as it requires
a compromise in the selection of the experimental conditions, which usually are not the best for all the
analytes studied. The more differences between compounds, the greater the difficulty in finding a
single extraction procedure for all analytes with acceptable recoveries 39. Consequently, most of the
methods reported focused on single compounds or a family of compounds
exceptions in the last years

48–53

41–47

, with only a few

. However, in view of the scope of this thesis, the evaluation of the

fate of these contaminants with multi-residue methods as broad as possible was deemed necessary; in
particular for those organisms less studied (invertebrates, biofilm).

Table 3 Physico-chemical properties of selected PhACs and EDCs extracted from the literature (Sources:
ChemAxon and Drugbank)
Compound

Molecular mass (g/mol)

Log Kow

Log Dow
(pH 7.4)

pKa

Solubility
(mg/L)

296
734
297
206
259
306
277

4.3
2.6
-0.6
3.8
2.6
5.2
2.7

1.4
1.2
-0.6
1.7
0.0
2.4
0.8

4.0
8.4
9.1
4.9
9.7
9.9
8.9

2
2000
722
21
62
0.0001
0.2

119
228
296
152
220
398
290

1.2
4.0
3.9
1.7
5.7
3.9
4.7

1.3
4.0
3.9
1.7
5.7
3.9
5.1

8.6
9.8
10.3
8.5
10.3
-9.9
-3.8

20000
200
11
2500
5
1000
10

Pharmaceuticals
Diclofenac
Erythromycin
Hydrochlorothiazide
Ibuprofen
Propanolol
Sertraline
Venlafaxine
Endocrine Disruptors
1H-benzotriazole
Bisphenol A
Ethynilestradiol (EE2)
Methylparaben
Nonylphenol
Tris (2-butoxyethyl) phosphate
Triclosan

Biota samples can be liquid (such as bile or plasma) or solid (whole body, muscle, liver, etc.),
which require very different analytical approaches. In the case of non-solid biological matrices, the
main objective is to pre-concentrate the analytes previously removing unwanted molecules, such as

9
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proteins and lipids. The most common method applied is the use of solid-phase extraction (SPE)
cartridges, with sorbents such as cartridges Oasis HLB or mixed-mode ion-exchange sorbent (MCX,
MAX, etc., specific for basic or acidic compounds) or Strata-X, as they have shown an efficient
performance during the extraction of a wide range of pharmaceuticals
include centrifugation step with an organic solvent

60,61

54–59

. Alternative techniques

, EmporeTM mixed phase disks

62

,andsolid-

phase micro-extraction (SPME) 63. In this thesis, a novel procedure for the analysis of a psychiatric
drug in fish plasma was selected, the OstroTM plate (Waters, Milford, USA), due to the excellent
extraction recoveries, negligible matrix effects and user-friendly application (Chapter 5).
Extraction of pharmaceuticals from solid matrices usually requires extensive procedures, such
as ultra-sonication

42,53,59,64–67

, microwave-assisted extraction (MAE)

68–70

, microwave-assisted

micellar extraction (MAME) 71,72, centrifugation 56,57,73–75, QuEChERS50 and rotary extraction 41,48,76–78
(see Figure 2). A very attractive technique is SPME, which has been applied to the analysis of fish
muscle of in vivo studies. The procedure consists in inserting a fibre in the fish muscle to adsorb the
target analytes. After a short exposure, the fibre is extracted from the organism and desorbed through
agitation in an organic solvent. In the majority of the cases, results were comparable with those
obtained by a solid–liquid extraction to determine the extractable concentrations of target analytes in
fish muscle, although its application has been limited to a few studies 63,79,80. An increasing trend is the
use of pressurized liquid extraction (PLE) for the determination of contaminants in solid samples
43,46,49,52,81,82

. This technique involves extraction with conventional solvents at high pressure (100–140

bar) and temperatures (80–180 °C), without reaching their critical point, to increase the extraction of
pollutants from solid samples 83,84.
During the development of this thesis, several of these extraction methods were applied. For
instance, PLE was used for the extraction of fish tissues, as it allowed a pre-purification step during
the extraction, which facilitated the lipid removal 82. It was also applied for the extraction of biofilm
samples after obtaining better repeatability in the recoveries when compared to ultra-sonication

85

.

However, a sonication probe applied to small amounts of solvent was deemed appropriate for the
extraction of small invertebrates, when sample size was a limiting factor 86.

10
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Sample Purification
Direct analysis after extraction is not always possible for the quantitative determination of
target compounds in biota samples without further purification to clean the extracts, as they may
contain matrix co-eluents, which could spoil or hinder an accurate detection. The great majority of the
clean-up procedures are based on SPE, as it is relatively swift, requires small quantities of solvent,
and can absorb compounds with very different physicochemical properties. Florisil, alumina, or silica
gel columns have been used especially in the case of fatty samples

41,46,67,78,87,88

, and it has been

sparingly applied for purification of PhACs in fish tissues 61. More often, polymeric sorbents mixed
with polymeric and cation-exchange sorbents are applied to the analysis of PhACs in environmental
matrices. SPE Oasis HLB cartridges have been frequently applied to pre-concentrate the target
analytes and reduce the presence of co-eluents, as they are able to extract acidic, neutral, and basic
compounds with high efficiencies in algae, invertebrates, and fish 43,49,66,72,89,90.

Figure 2 Basic analytic steps in methodologies for determination of pharmaceuticals in biota and most relevant
factors affecting each step

11

Chapter 1: Introduction

Removal of lipids from the biota extract is a crucial step, as the fat content often constitutes
between 5% and 50% of the samples 82. Gel-permeation chromatography (GPC) (also known as size
exclusion chromatography) has the advantage of good separation of large molecules from the small
molecules with a minimal volume of eluate, and the column usually can be used over several months
with no detriment on clean-up capacity 84. This technique has been used in tandem with other clean-up
strategies, such as SPE

43,69,78

, liquid–liquid extraction with hexane to eliminate non-polar matrix

residues, and freezing the sample extracts in acetonitrile to precipitate remaining lipids such as
cholesterol 91.
During this thesis, several purification methods were tested according to the requirements of
each biological matrix. In the case of the analysis of fish tissues (with values of lipids content varying
between 10 and 50%), GPC with an EnviroPrep (Agilent) column was compared to SPE with Florisil
and Oasis HLB cartridges, and GPC purification step was selected as clean-up method, as it provided
satisfactory results for most of the target compounds and reduced considerably interferences during
analysis 92. In contrast, for the analysis of biofilm, a matrix with lower lipid content (< 10%), SPE was
selected, as it had a lower solvent consumption and preparation time

85

(Chapter 3). Finally, for the

analysis of fish plasma samples and small invertebrates, proteins and phospholipids removal was of
utmost importance, so the OstroTM plate was selected 86 (Chapter 3 &5).

Sample Separation and Detection
Analytic techniques to detect PhACs and EDCs at trace quantities in environmental matrices
have advanced significantly in the last few years. Most of the analytic methods in biota matrices
found in the literature are based either on liquid chromatography (LC)
chromatography (GC)

41,61,69,74,77,81,91,96

48,49,51–53,58,65,75,76,82,93–95

, or gas

in combination with mass spectrometry (MS) or mass

spectrophotometry detection, but alternative techniques have also been described and applied, for
instance, immunoassays 73 and biosensors 97.

Gas Chromatography
Gas chromatography–tandem mass spectrometry (GC–MS) has been mostly limited to
compounds that are volatile enough to be transferred into the gas phase or that can be derivatised to

12
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volatile species

74,91

. This derivatisation step may be an arduous process in complex sample matrices

like biota, although it has the advantage of being less susceptible to the matrix effects than other
techniques. GC has been adeptly applied for the detection of psychiatric drugs

41,81

, anti-

inflammatories 61,74,96, surfactants 47,69,77, flame retardants 46,78, and hormones 69,70,74.

Liquid Chromatography
LC has grown to be a fundamental separation method for the determination of polar and
thermo-labile compounds. This separation technique has the advantage over GC of avoiding the
derivatisation step previously mentioned. On the contrary it can be seriously affected by matrix effects
derived from interfering compounds extracted from the biological samples, particularly when applied
in combination with mass spectrometry detection 98.
Most analysis of PhACs and EDCs from biota samples has been conducted in reversed-phase
columns, such as C8 and C18
also been reported

45,77

55,56,71,75,76,99,100

, although the use of normal-phase chromatography has

. Recently, nano-liquid chromatography, a novel chromatographic technique

which uses capillary columns of small internal diameter, was successfully applied to the analysis of
biota samples of small size

50,101

. Acetonitrile and methanol

43,57,102

have often been used in mobile

phases for chromatographic separation of pharmaceuticals, often accompanied by modifiers, such as
formic acid

102,103

or ammonium hydroxide

58

to stabilize the pH and obtain a better peak shape and

reproducibility and to increase the ionization efficiency when an MS is used as detection method.
LC in tandem with spectrophotometric detection, such as diode-array detection, ultra-violet
(UV) absorbance detection, and fluorescence detection, has been used for the detection of surfactants
in algae and fish tissues 45. Studies have reported the determination of quinolones in fish, crustaceans,
and bryophytes with fluorescence detection, achieving limits of detection (LODs) between 1 and 7 ng
g-1 164,87,104,105. These applications are, however, limited to compounds with specific physicochemical
characteristic, such as the presence of chromophores or fluorescent properties.
Even though LC tandem diode-array, UV absorbance, or fluorescence detection may be a
cost-effective technology, these techniques have been progressively replaced by mass spectrometric
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detection in the determination of emerging contaminants in environmental matrices, as it provides
high selectivity, specificity, and sensitivity 2,98,106.
MS methods applied to environmental matrices comprise diverse technologies, such as singlequadrupole MS
54,55,108

61,77,96,107

, tandem MS (MS/MS), triple quadrupole MS/MS 43, and time-of-flight MS

. LC-MS/MS is preferred to LC–MS for the measurement of PhACs and EDCs in biota

samples, as the fragmentation ions allow increasing the specificity of the analysis. Consequently, most
of the analytical methods developed for the analysis of pharmaceuticals in biota are based on LC–
MS/MS 43,48,49,53,56,58,59,71,76,82,90,93,109–112.
The most commonly used ionization method for LC interfaces is atmospheric pressure
ionization (API), which includes electrospray ionization (ESI) and atmospheric pressure chemical
ionization (APCI). ESI appears to be the most employed mode of ionization in pharmaceutical
determination, since it is particularly suitable for both polar and nonpolar analytes and for thermolabile substances. However, it is known to be more susceptible to signal suppression than APCI
Unfortunately, only a few of these compounds can be efficiently ionized by APCI

98

.

43

, and most of

them have to be analysed by ESI. During the development of this thesis, ultra-performance liquid
chromatography (UPLC) in tandem with a triple quadrupole/linear ion trap (LIT) MS was applied, for
all matrices, and a high resolution Orbitrap MS was used to accurately identify diclofenac in
invertebrates.
Matrix Effects
As mentioned in the previous section, a downside of LC–MS and LC–MS/MS is that coextracted matrix components tend to interfere with API interfaces. Matrix effects are usually caused
by co-eluted matrix components that have common ions with target analytes, as a competition occurs
between matrix co-eluents and analyte ions for gas-phase emission during the ionization. The matrix
effects result in suppression or enhancement of the signal of the target analyte during the ionization
process, which can acutely compromise the accuracy of quantitative data and affect the LODs in real
samples. This is particularly acute at low analyte concentration, which is a common situation when
analysing emerging contaminants in biota

14
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43

reported signal suppression
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between 19% and 39% when analysing paroxetine, fluoxetine, and norfluoxetine in whole fish,
whereas Dussault et al.

113

reported effects ranging from 14% signal suppression to 25% signal

enhancement in the analysis of selected pharmaceuticals in invertebrates.
Different approaches have been used to correct these variations on ionization efficiency.
Some authors have obtained good results when quantifying with external sample calibration (spiked
standards in pure solvent), probably because the analysis was reduced to a small number of
compounds and the extraction methods applied were very selective

96,99,115

. Standard addition, where

the standard is added directly to the aliquots of analysed sample, is the most effective approach for
compensating matrix effects, although it can be difficult and time-consuming when a large number of
samples are considered. A standard addition method was used to evaluate the influence of matrix
effects on the analysis of psychiatric drugs (and their corresponding labelled compounds) in fish
tissues by Chu and Metcalfe 43. Since results showed that the internal standards were subjected to the
same recoveries and matrix effects as the target compounds, the reduced response of the analyte was
compensated by the internal standard response. In fact, the most popular approach consists in the
addition of internal standards (isotopically labelled compounds), which can correct variations during
instrumental detection

43,58,76,81,103

. Ideally, there should be one internal standard for each analyte that

elutes from the chromatographic column at the same time as the native compounds, as there is a
gradual decrease in the matrix effect with increasing retention time

116

. However, this option is not

always possible, as they are quite expensive and not available in all cases

60,89

. For this reason, other

corrective measures are becoming increasingly used, such as matrix-matched calibration, where the
calibration standards are prepared in blank or “clean” matrix and subjected to the extraction procedure
that is used for the samples 48,55,56,68,74,107. This also has some drawbacks, as uncontaminated matrix for
the preparation of a matrix-matched calibration is usually difficult to obtain and the generation of a
calibration curve for each type of sample is unfeasible when analysing samples of very different
origin

117

. An alternative strategy has been applied, namely, internal sample calibration

118,119

, where

the quantification uses a calibration curve prepared with spiked sample extracts and internal standard
addition. The later strategy was selected as the most effective to correct the matrix effects during
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method development performed during this thesis, as the characteristics of the organisms involved,
even within the same species, were extremely different 82,85,86.

III.
BIOACCUMULATION OF PHARMACEUTICALS
DISRUPTORS IN AQUATIC BIOTA

AND

ENDOCRINE

The incessant release of emerging contaminants into freshwater ecosystems could affect a
broad variety of organisms: from bacterial communities to fish, as well as aquatic plants and insect
larvae. The impact of these pollutants can be evaluated by measuring the bioaccumulation of the
target compounds in the organisms

37

, or/and by assessing the toxicological effects, which will be

examined in the next section.
Biological factors such as life cycle, reproductive strategy, feeding type, and habitat
preference significantly influence the sensitivity of the species to contaminants

120–122

. Ubiquity and

the significant role of fish as a carrier of energy from lower to higher trophic levels make them
potentially more susceptible to pollutants bioaccumulation and thus, they have been more commonly
studied. Nevertheless, other organisms, such as invertebrates and algae, also play a critical role in the
natural flow of energy and nutrients in aquatic systems. They also possess the capacity to integrate
rapid environmental variations, which validates their position as indicator species of environmental
change, so they should be taken into consideration for the monitoring of PhACs and EDCs in biota.
However, bioaccumulation in aquatic invertebrates in natural ecosystems has been less frequently
investigated, although this trend is starting to change and more studies about invertebrates and algae
have been published in the last five years 45,47,49,51,70,78,90,93,104,123,124.
Conventionally, the main factor to predict or to explain bioaccumulation of a compound is the
octanol-water partitioning coefficient (Kow), a measure of hydrophobicity that drives sorption and
accumulation. It is generally accepted that substances with log Kow values higher than or equal to 3
have the potential to bioaccumulate in biological tissues. Many EDCs have moderate to high log Kow
values (see Table 3), so they often end up sorbed to sediments or suspended organic material, or in the
lipid compartment of wild organisms. Therefore, log Kow of EDCs and tissue lipid content of
organisms provide a strong basis for estimating tissue/water partitioning 125. However, this may not be
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fully applicable to pharmaceuticals, which are in general quite polar compounds

126,127

(see Table 3),

and in many cases ionisable, so the environmental pH is going to determine their ionic form.
Therefore, in both cases but particularly when assessing bioaccumulation of pharmaceuticals, one
must take into consideration other issues, such as rates of metabolism in various organisms and the
accumulation behaviour of the metabolites, hydrogen bonding and van der Waals forces, and the
uptake and depuration kinetics 128,129.

Previous Reports of Accumulation in Wildlife
Table 4 presents a summary of studies performed in wild freshwater biota in the last ten years,
excluding the ones related to this thesis. First studies of PhACs in freshwater fish were published by
Brooks et al.,

41

and Ramirez et al.

48,100

, in an effluent-dominated stream in Texas, USA reporting

concentrations of psychiatric drugs and other PhACs in fish brain tissue and whole body homogenate,
respectively . Simultaneously, the presence of psychiatric drugs in fish samples collected from
Hamilton Harbour, Canada were published by Chu and Metcalfe 43. In all these studies, concentrations
were in the low ng g-1 range.
In Europe, initially most of the data on the presence of pharmaceuticals, mainly antibiotics, in
aquatic organisms emerged from aquaculture and food control studies closely related to human
consumption and regulation demands

64,107,130

.For instance, around 100 ng g-1 of antibiotics were

reported in fish muscle in Spain by Berrada et al.,107 and Cháfer-Pericás et al.,131. However, in the last
few years, the interest in this subject have exponentially increased, and many reports have been
published in France

123

, Italy 132, United Kingdom 90, Czech Republic

95,124

, as well as other countries

like China 52,59 or Japan 53. Nevertheless, almost 70% of the published studies refer to freshwater fish,
followed by invertebrates (~15%), mussels and biofilm (~15% together). Similar tendency can be
observed in the analysis of marine biota, where fish samples correspond to more than 50% of the
studies, followed closely by molluscs, and with crustaceans and macroalgae in very small proportion.
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Table 4.- Occurrence of PhACs and EDCs in freshwater biota. Data compiled from studies published in the literature between 2005 and 2015
Organism
Fish

Matrix
Homogenate

Therapeutic Class
Psychiatric drugs
Hormones

Liver

Brain

Country

Reference
43

Paroxetine, Fluoxetine & Norfluoxetine
17α-Ethinylestradiol
Estrone, 17β-Estradiol 17α-Ethynylestradiol
4-tert-Octylphenol,
4-Cumylphenol, 4-Nonlyphenol

nd*- 1
1- 2
< 10
< 80

Canada
Canada
China
China

Analgesics/Antiinflammatories

Diclofenac

< 1.2

China

52

Antibiotic
Antihistamine
Antihypertensive
Psychiatric drugs

Roxithromycin, Erythromycin
Diphenhydramine
Atenolol, Metoprolol, Propanolol, Diltiazem
Carbamazepine
Carbamazepine, Fluoxetine, Norfluoxetine,
Sertraline
Fluoxetine, Sertraline, Norfluoxetine and
Desmethylsertraline
Roxithromycin, Erythromycin

<8
0.6 - 1
0.1 - 0.3
< 0.2
0.8 - 5.1

China
USA
USA
China
USA

52

0.1-2

USA

41

< 40

China

52

Analgesics/Antiinflammatories

Diclofenac

<9

China

52

Psychiatric drugs

Fluoxetine, Sertraline, Norfluoxetine and
Desmethylsertraline

1-12

USA

41

Carbamazepine, Sertraline, Norsertraline
Carbamazepine
Roxithromycin, Erythromycin

< 15
<2
< 28

Japan
China
China

53

Analgesics/Antiinflammatories

Diclofenac

<4

China

52

Psychiatric drugs

Fluoxetine, Sertraline, Norfluoxetine and

1-30

USA

41

Surfactants
Muscle

Concentration
(ng g-1 or ng L-1)

Compounds

Antibiotics

Antibiotics

133
69
69

48
48
52
48

52
52

Desmethylsertraline

Invertebrates

Fluoxetine, Norfluoxetine, Sertraline,
Norsertraline, Paroxetine, Citalopram,
Fluvoxamine, Duloxetine, Venlafaxine, and
Bupropion
Carbamazepine, Sertraline, Norsertraline

nd - 6

USA

42

< 10

Japan

53

Gills

Antibiotics

Roxithromycin, Erythromycin

< 25

China

52

Plasma

Antihistamine

Diphenhydramine

< 25

USA

134

Analgesics/Antiinflammatories

Diclofenac, Ibuprofen

< 23

Japan

53

Hormones

17α-Ethinylestradiol

<3

USA

62

Psychiatric drugs

Carbamazepine, Norfluoxetine, Sertraline,
Desmethylsertraline

nd - 14

USA

134

Carbamazepine, Sertraline, Norsertraline

<1

Japan

53

Citalopram, Fluvoxamine, Paroxetine,
Sertraline, Venlafaxine

<4

USA

62

Antibacterial

Triclosan

< 0.3

USA

135

Analgesics/Antiinflammatories

Diclofenac

nd - 33

USA

134

Diclofenac

not quantifiable

UK

90

UK

90

Homogenate

Antibiotics

Trimetoprim

*nd: non-detected

Homogenate

Fluoxetine

nd - 79

USA

93

Carbamazepine, Sertraline, Fluoxetine,
Desmethylsertraline
Citalopram, Sertraline

nd - 140

USA

134

<5

124

Carbamazepine

<2

Czech
Republic
France

Carbamazepine, Diazepam

<9

UK

90

4-tert-octylphenol,
4-n-octylphenol, 4-n-nonylphenol, nonylphenol
Diclofenac

< 1300

Spain

136

<4

USA

134

Diphenhydramine
Carbamazepine
Triclosan, Triclocarban

18
1.3
50 - 400

USA
USA
USA

134

nd - 85

Antihistamine

Diphenhydramine

Psychiatric drugs

Surfactants
Periphyton

124

<7

Czech
Republic
USA

Azythromycin, Clarithromycin

Analgesics/Antiinflammatories
Antihistamine
Psychiatric drugs
Antibacterials

134

123

134
137
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In the case of EDCs, first reports of EDCs go back to the nineties, with the detection of
alkylphenols in algae and fish in the μg g-1 range 45, relatively high concentrations when compared to
PhACS. Although the concentration of alkylphenols in freshwaters decreased drastically in Europe
after the restrictions or ban in many countries

142

in the late nineties, especially after the

implementation of the WFD in 2002, they are still being used in substantial amounts in institutional
and industrial applications because of lower production costs, and are still detected in the aquatic
environment 143.
More recent studies include the detection of hormones in fish at very low concentrations
69,70,133

, antibacterials such as triclosan

137–140

, and surfactants

69,77,136,141

in fish, algae, invertebrates,

and even dolphin plasma.

Accumulation in Different Biological Tissues
Many of the studies about bioaccumulation in fish so far have focused on muscle tissue or
whole body concentrations
41,53,59,76,95,144

49,69,93,102

, in particular in the early studies. However, several studies

have reported concentration range of some compounds higher in fish liver and brain

tissues than in muscle or whole body. In fact fish under controlled exposure have shown
antidepressants concentrations and the analgesic diclofenac exhibited a 25-fold increase in tissues
such as liver and brain versus muscle

96,145

. This suggests that bioaccumulation studies should

consider the most probable target organ, in particular in the case of pharmaceuticals, where wellstudied pharmacokinetics and pharmacodynamics may provide useful information non-available for
other contaminants. Higher bioconcentration factors could be related to their therapeutic mode of
action, that is, a psychiatric drug like sertraline should be expected to be present at higher levels in the
brain 41.
Accumulation of PhACs in plasma has acquired a significant interest lately. The validation of
the Fish Plasma Model (FPM) 146,147 for pharmaceuticals in particular has raised a lot of interest. FPM
estimates fish plasma concentrations of drugs based on physicochemical properties (lipophilicity) and
the environmental concentration, and compares these concentrations with therapeutic human plasma
concentrations. When the fish plasma concentration is in the same range as the human therapeutic
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plasma concentration, the compound is assumed to have potential adverse effects in aquatic
organisms. This assumption is based on the hypothesis that the main targets (receptors and enzymes)
of the drug are similar between humans and fish

148

. A recent study showed that fluoxetine, an

antidepressant, was able to alter fish behaviour at the human therapeutic plasma concentration

149

.

However, more research is needed regarding the implications of internal concentrations and its effect
in the aquatic organisms exposed to these compounds in the environment. This issue will be further
discussed in section IV. This thesis discusses the accumulation of pharmaceuticals in whole body
homogenate and liver samples in wild biota (Chapter 3), but also includes differential accumulation of
a psychiatric drug, oxazepam, in brain, liver, muscle and plasma after an exposure experiment under
controlled conditions (Chapter 5).

Biomagnification in the Trophic Chain
The issue of bioaccumulation in different trophic levels is also addressed in this thesis. A few
studies have investigated the increase in concentration of PhACs and EDCs at successive trophic
levels in the food chain, i.e., biomagnification. One example is the study by Vernouillet et al.,110, who
demonstrated carbamazepine bioaccumulation of under controlled conditions at sub-lethal levels in
two levels of a trophic chain, but not in the highest. The same exercise was performed with the
surfactant nonylphenol, but only traces could be found in the second level (a crustacean fed with NPtreated algae) possibly indicating an efficient NP metabolization

150

, also in agreement with another

study where no trophic magnification for nonylphenol and some related compounds was observed in
the field

77

. More recently, Du et al.,134 examined the occurrence of diphenhydramine and

carbamazepine in various aquatic species (periphyton, invertebrates and fish) in an effluent-dependent
stream, and observed the opposite effect: trophic dilution. Another study showed that although algae
could accumulate the β-blocker propranolol, significant bioaccumulation did not occur in the upper
trophic levels, indicating the inability of this PhAC to transfer through aquatic food chain 151.
In this thesis, a study in a small river heavily impacted by the discharge of a nearby WWTP
confirmed the results obtained by Du et al., and Ding et al., as no biomagnification of PhACs were

22

Chapter 1: Introduction

observed. However one flame retardant TBEP, with endocrine disrupting activity, was measured in
increasing concentrations along three trophic levels (Chapter 4).

IV.
ENVIRONMENTAL
EFFECTS
OF
PHARMACEUTICALS
ENDOCRINE DISRUPTORS IN AQUATIC ECOSYSTEMS

AND

Several reviews have been published on the assessment of ecotoxicity and environmental risk
of PhACs 6,19,106,152–157 and EDCs 158–164. Many examples of unintended side effects due to exposure to
PhACs and EDCs are well-known, such as the feminization of male fish in UK Rivers attributed to
the oestrogen derivate ethinylestradiol in combination with other hormones. Another example is the
toxicity of the anti-inflammatory drug diclofenac, which caused the death of millions of vultures in
Asia
168

165–167

. Other effects observed after controlled exposure ranged from behavioural modifications

to histopathological changes 96, reproductive alterations 93, mortality 121, and modifications of gene

expression and proteomic changes

54,66,169,170

. All these data support the hypothesis that severe effects

may occur when organisms are exposed to environmentally relevant concentrations of these
contaminants 60.
In this thesis, two aspects in terms of effect in biota related to the presence of pharmaceuticals
were studied in depth: i) the promotion of antibiotic resistance genes due to the presence of antibiotic
compounds in a field study; and ii) behavioural alterations in fish due to exposure to psychoactive
drugs under controlled exposure (Chapter 5).

Antibiotic Resistance in aquatic ecosystem
Microorganisms are greatly affected by the presence of pharmaceutical residues in aquatic
systems. The impact of antibiotics on the promotion of antimicrobial resistance could have severe
consequences for the structure and function of aquatic ecosystems, as well as human health
implications

106

. Antibiotic resistance occurs when one microorganism is able to multiply in the

presence of an antibiotic, which is natural process. But the abuse and misuse of antimicrobial agents
has led to the proliferation of drug-resistant microorganisms, which is considered by the World Health
Organization (WHO) as one of the main threats for public health 171.
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The introduction of antibiotics into the environment, including discharges of wastewater
effluent contaminated with high concentrations of these compounds, may promote the increase of
antibiotic resistance genes (ARGs) and other genetic elements and spread of antibiotic resistance in
environmental bacterial communities

171–174

. In this thesis, a tentative attempt was made to assess

whether the occurrence of antibiotic compounds and ARGs have an impact in the composition of
microbial communities and the promotion of antibiotic resistance in three water supply reservoirs.

Behavioural Alterations in Fish
Due to similarities of many of their physiological processes with those of mammals, fish are
the most likely vertebrate organisms to be affected by pharmaceuticals in the aquatic environment.
The worst case scenario occurs in the case of long-term or chronic exposure and early life stages as
the capacity to metabolize pollutants is lower 2. Recent studies have shown that environmentally
relevant concentrations of psychoactive drugs can affect fish behavioural traits, being ecologically and
evolutionarily relevant as a way to predict how individuals respond to environmental changes
103,149,168

.
Considering that fish usually respond to stressful situations with very specific behaviours −

for instance when they are introduced into a novel environment they dive to the bottom until they feel
safe enough to start exploring. One way to assess if their behaviour is altered by continuous exposure
to an anxiolytic drug is by measuring if the time it takes for them to explore the new environment is
reduced, with the assumption that the drug has the same mode of action than in humans. Under this
hypothesis, the last article of this thesis examines the effect in fathead minnow (Pimephales promelas)
behaviour when exposed to an anxiolytic drug at three concentrations and how this relates to fish
plasma (and other tissues) concentrations.
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Chapter 2: Objectives

The main goal of this thesis is to investigate the potential bioaccumulation and
biomagnification of two groups of emerging contaminants − pharmaceuticals and endocrine disruptors
− in freshwater biota, including fish, invertebrates and river biofilm in the natural environment. A
second objective is to evaluate the impacts of exposure to these contaminants in the organisms, and
the possible correlation between bioaccumulation and toxicological effects.

To accomplish this main goal, the following specific objectives were defined:
-

To develop and validate analytical methods to measure up to 61 pharmaceuticals (from 12
therapeutic families) and 22 endocrine disruptors (including 5 groups, such as hormones,
flame retardants, parabens, antibacterials and plasticizers; and related compounds such
as caffeine) in biological matrices: biofilm, invertebrates, fish tissues,(Chapter 3) and
fish plasma (Chapter 5).

-

To assess the bioaccumulation and potential biomagnification of these compounds in different
trophic levels (biofilm, invertebrates, fish) in the natural environment (Chapter 4).

-

To evaluate the impacts of exposure to antibiotics and antibiotic resistance genes (blaTEM,
ermB, qnrS, and sulI) in the promotion of antibiotic resistance in the bacterial communities of
water reservoirs (Chapter 5).

-

To determine the bioaccumulation of a psychiatric drug in different tissues and plasma of fish
individuals under controlled experimental conditions, and the correlation between that
bioaccumulation and the consequential behavioural alterations observed in the fish (Chapter
5).
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a b s t r a c t
A new sensitive method based on pressurized liquid extraction (PLE) and puriﬁcation by gel permeation
chromatography (GPC) prior to ultra-high-performance liquid chromatography coupled to tandem mass
spectrometry (UHPLC–MS/MS) was developed for the determination in ﬁsh homogenate, liver and muscle
of twenty pharmaceuticals compounds and metabolites from seven commonly used therapeutic families.
An extensive matrix effect evaluation was performed in order to select the best approach when analyzing such complex matrices. Limits of detection (MDLs) for the target compounds were in the range of
0.03–0.50 ng/g for ﬁsh homogenate, 0.01–0.42 ng/g for ﬁsh muscle, and 0.08–0.98 ng/g for ﬁsh liver. The
method was applied to ﬁsh tissues of eleven ﬁsh species from four heavily impacted Mediterranean rivers.
Nine compounds from ﬁve therapeutic families were measured at concentrations higher than MDLs.
Highest levels were found in trout liver, with a maximum concentration of 18 ng/g for carbamazepine,
whereas the most ubiquitous compound was diclofenac.
© 2013 Elsevier B.V. All rights reserved.

1. Introduction
In recent years, the occurrence, fate, and adverse effects of
pharmaceutical residues in aquatic organisms have become a noteworthy issue. In Europe, the legislative proposal for amending
the list of priority substances that represent a signiﬁcant risk
to or via the aquatic environment was presented by the European Commission on 31 January 2012, and included for the ﬁrst
time the pharmaceutical substances 17-␣-ethinylestradiol (EE2),
17-ß-estradiol (E2) and diclofenac [1]. The U.S. Environmental
Protection Agency (EPA) has also included some pharmaceutical
substances in the Drinking Water Contaminant Candidate List,
such as the antibiotic erythromycin and the estrogenic hormones
17-␣-estradiol, estriol and estrone [2]. In addition, many reports
have highlighted the potential of pharmaceuticals and/or their
metabolites to accumulate in tissues of aquatic organisms, such as
crustaceans, molluscs and ﬁsh, as a consequence of their chronic
exposure in aquatic ecosystems [3–5]. In general, pharmaceutically active compounds (PhACs) are highly hydrophilic, and their
bioaccumulation potential might be considered irrelevant, particularly when compared to other pollutants, such as pesticides

∗ Corresponding author. Tel.: +34 972183380; fax: +34 972183248.
E-mail address: srodriguez@icra.cat (S. Rodríguez-Mozaz).

and persistent organic compounds (POPs). These conventional
pollutants have been reported in a vast number of studies to bioaccumulate in different organisms because of their lipophilicity and
tendency to bind to organic matter [6–10] and are considered in
many priority pollutants lists [11,12]. However, some studies have
indicated that the bioaccumulation of PhACs is not only determined
by chemical lipophilicity, and other processes should also be considered, such as active transport through biological membranes or
uptake and depuration kinetics [13–15].
Analytical techniques used for the detection of PhACs presence
at (ultra)trace quantities in environmental matrices have advanced
signiﬁcantly in the last few years and have been summarized in
recent reviews [16–24]. Even though an increasing number of
analytical procedures have been reported for several therapeutic
families in biota in the last years, they are still sparse, probably due
to the challenges associated with the complexity of the biological
matrices [25]. Groups of PhACs analyzed in biota so far include psychiatric drugs [5,26–29], synthetic hormones [30], and antibiotics
[3,29,31,32]. Exhaustive sample preparation followed by sensitive
detection techniques is required in these cases, due to the very low
concentration of analytes in biological matrices [33]. Both, ultrasonication and pressurized liquid extraction (PLE) have been often
used for the extraction of PhACs in aquatic organisms, such as
crustaceans, mussels, algae, and ﬁsh [27,28,30,34–37]. Regarding
the crucial puriﬁcation step of the sample extract, different
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clean-up procedures have been used: solid-phase extraction
(SPE) in Florisil columns [38], Oasis HLB cartridges [39] or
techniques like gel-permeation chromatography (GPC) [30,40].
Last step in the analytical process includes the identiﬁcation and determination of PhACs, usually based on liquid (LC)
or gas chromatography (GC) in combination with mass spectrometry (MS) detection, because it provides high selectivity,
speciﬁcity, and sensitivity required for this type of studies
[5,27,29].
This work describes the development, optimization and validation of a method for the determination of 20 multi-class pharmaceuticals and metabolites in ﬁsh (Table 1), selected according
to their detection frequency in water and sediment in Mediterranean rivers [41,42] as well as to their potential negative effects
in aquatic organisms [43–46]. Selected compounds included analgesics and non-steroidal anti-inﬂammatories (NSAIDs), diuretics,
psychiatric drugs, anti-histaminics, antihelmintics, ␤2-adrenergic
receptor agonists and ␤-blockers. The method developed is based
on an extraction step using pressurized liquid extraction (PLE) followed by gel permeation chromatography (GPC) clean-up and ultra
performance liquid chromatography–triple quadrupole mass spectrometry (UPLC–MS/MS) for the detection of target compounds.
Critical steps in method development involved (i) the selection and
optimization of the most appropriate sample pre-treatment step
that allowed the simultaneous extraction of selected compounds
from ﬁsh homogenates, liver and muscle tissues, (ii) lipid removal
from the extract to reduce matrix interferences during analysis and
(iii) comparison of several strategies to correct the observed matrix
effects.
The method was subsequently applied to assess the occurrence of target compounds in ﬁsh samples collected from different
sites of four Mediterranean rivers in Spain: Ebro, Llobregat, Júcar
and Guadalquivir, all subjected to intensive anthropogenic activity. Nine pharmaceutical compounds belonging to ﬁve different
therapeutic families were detected for the ﬁrst time in ﬁsh from
Mediterranean rivers.

2. Materials and methods
2.1. Standards and reagents
High purity grade (>95%) pharmaceutical standards
diclofenac, codeine, carbamazepine, citalopram, diazepam,
lorazepam, atenolol, sotalol, propanolol, nadolol, carazolol,
hydrochlorothiazide, clopidogrel, salbutamol and levamisole
were acquire from Sigma–Aldrich. Sertraline and velafaxine were purchased from the European Pharmacopeia (EP).
Metabolites 2-hydroxycarbamazepine (2-HydroxyCBZ) and 10,
11-epoxycarbamazepine (10, 11-EpoxyCBZ) were purchased from
Toronto Research Chemicals (TRC). Metropolol was obtained from
the US Pharmacopeia (USP). Isotopically labeled compounds, used
as internal standards, ibuprofen-d3 , diazepam-d5 , ronidazoled3 and ﬂuoxetine-d5 were acquired from Sigma–Aldrich.
Atenolol-d7 , carbamazepine-d10 , hydrochlorothiazide-d2 , and
citalopram-d4 were purchased from CDN isotopes. Venlafaxined6 was from TRC. Antypirine-d3 and cimetidine-d3 , used as
surrogate standards, were purchased from CDN isotopes.
Individual stock standards, isotopically labeled internal standards and surrogate standards were prepared in methanol
at a concentration of 1000 mg/L. Stock solutions and 20 mg/L
mixtures in methanol were stored at -20 ◦ C. Working standard solutions (1 mg/L) of all pharmaceuticals, mixtures of
isotopically labeled internal standards and surrogate were prepared in methanol/water (10:90, v/v) before each analytical
run.
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2.2. Sample collection and preservation
Fish individuals belonging to 11 different species (Barbus graellsii, Micropterus salmoides, Cyprinus carpio, Salmo trutta, Silurus
glanis, Anguilla anguilla, Lepomis gibbosus, Gobio gobio, Luciobarbus sclateri, Aburnus alburnus, and Pseudochondrostoma willkommii)
were collected in ﬁve sampling points in each of the four rivers
selected (Ebro, Llobregat, Júcar and Guadalquivir) during the
summer of 2010. Whole individuals of each class (n = 3) were
homogenized using a meat grinder, composited into a single sample, freeze-dried and kept at −20 ◦ C until analysis. Fish samples
(S. trutta) from La Llosa del Cavall reservoir (Llobregat River Basin)
were also taken during June of 2011. Liver and muscle tissues were
dissected from ﬁsh individuals and composited separately. Lipid
content was evaluated for ﬁsh homogenate of several species, as
well as for liver and muscle tissues of Salmo trutta, according to
the method developed by Spiric et al. [47].
2.3. Sample extraction optimization
In order to optimize the most suitable extraction method,
the following extraction techniques (Fig. 1) were tested for ﬁsh
homogenate: ultrasonic extraction (USE) (Bandelin), QuEChERS
(Agilent Technologies) and pressurized liquid extraction (PLE) with
ASE 350® (Thermo Scientiﬁc Dionex). Fish homogenate samples
were spiked with a mixture of the analytes and subsequently subjected to the chosen extraction methodologies described next to
obtain the best recovery results for the target compounds. Ultrasonic extraction was adapted from Schultz et al. [28], using a
mixture of 0.1 M aqueous acetic acid/methanol (1:1) as extraction solvent. The extraction included 3 cycles (15 min each) and
the supernatant was collected after each cycle and centrifugation at 3500 rpm for 5 min. The second methodology was based
on QuEChERS, which involved micro-scale extraction and puriﬁcation of the extract using dispersive solid-phase extraction (d-SPE).
After vortexing with one portion of water for 0.5 min, two portions of ACN were added for the extraction and vortexed again
for 1 min. Magnesium sulfate (6 g) and sodium acetate (1.2 g) were
used as extraction salts. The mixture was shaken intensively for
1 min and centrifuged (11,000 rpm, 5 min, 4 ◦ C) for the separation
of the organic and aqueous phases. An aliquot of the organic phase
was puriﬁed by dispersive SPE employing sorbent mixture of PSA
(0.4 g), C18 (0.4 g) and magnesium sulfate (1.2 g) sorbents for the
removal of interfering compounds. Sample preparation using pressurized PLE was ﬁnally applied, adapting the method described by
Chu et al. [27]. Approximately 1 g of ﬁsh homogenate was mixed
with hydromatrix (diatomaceous earth, ASE prep DE, Dionex) and
placed in a 22 mL stainless steel extraction cell containing a glassﬁber ﬁlter (27 mm diameter, type D28, Dionex) in the cell inlet
and outlet. The PLE conditions were as follows: oven temperature,
50 ◦ C; pressure, 1500 psi; 5 min heat-up time; three static cycles;
static time, 5 min. Additional puriﬁcation steps were added during
PLE method optimization. Three preliminary puriﬁcation methods
were evaluated: (a) addition of approximately 2 g of neutral aluminum oxide (70–230 mesh, Merck) at the bottom of the extraction
cell to function as a lipid retainer [37,48]; (b) freezing-lipid technique, by means of redissolving the extract in acetonitrile, which
has low solubility for lipids, and storing the extract in the freezer
at −20 ◦ C for 30 min. Most of the lipids precipitated and the extract
was immediately passed through paper ﬁlter to remove them [49];
and (c) a fractionation method by extraction with hexane (1 cycle)
to remove nonpolar lipids (defatting step) followed by a second
extraction of the sample with methanol (3 cycles) to recover the
target analytes [50]. After selecting neutral alumina as the most
efﬁcient pre-cleanup step during PLE extraction, other parameters were tested such as the sample size (0.5, 1 and 2 g of ﬁsh
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Table 1
Chemical structures and precursor ions of selected pharmaceuticals (calculated with MarvinSketch software).
Compound

Therapeutic family

Atenolol

Carazolol

Molecular structure

Precursor ion

Internal standard

pKa

log P

␤-Blockers

267 [M+H]+

Atenolol-d7

pKa1 : 9.67
pKa2 : 14.08
pKa3 : 15.95

0.43

␤-Blockers

299 [M+H]+

Atenolol-d7

pKa1 : 9.67

2.71

pKa2 : 14.03
pKa3 : 15.00

Metropolol

␤-Blockers

268 [M+H]+

Atenolol-d7

Nadolol

␤-Blockers

310 [M+H]+

Atenolol-d7

pKa1 : 9.67
pKa2 : 14.09

1.76

pKa1 : 9.76

0.87

pKa2 : 13.59
pKa3 : 14.22

Propanolol

␤-Blockers

260 [M+H]+

Atenolol-d7

pKa1 : 9.67

2.58

pKa2 : 14.09

Sotalol

␤-Blockers

273 [M+H]+

Atenolol-d7

pKa1 : 9.43
pKa2 : 10.07
pKa3 : 14.10

0.05

Carbamazepine

Psychiatric drugs

237 [M+H]+

Carbamazepine-d10

pKa: 13.94

2.77

Citalopram

Psychiatric drugs

325 [M+H]+

Citalopram-d4

pKa: 9.78

3.76

Diazepam

Psychiatric drugs

285 [M+H]+

Diazepam-d5

pKa: 2.92

3.08

10,11-EpoxyCBZ

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

pKa: 19.65

2.31

2-HydroxyCBZ

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

pKa1 : 9.15
pKa2 : 15.96

2.46

Lorazepam

Psychiatric drugs

321 [M+H]+

Diazepam-d5

pKa1 : 10.61
pKa2 : 12.46

2.53

Sertraline

Psychiatric drugs

307 [M+H]+

Fluoxetine-d5

pKa: 9.85

5.15
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Table 1 (Continued)
Compound

Therapeutic family

Venlafaxine

Molecular structure

Precursor ion

Internal standard

pKa

log P

Psychiatric drugs

278 [M+H]+

Venlafaxine-d6

pKa1 : 8.91
pKa2 : 14.42

2.74

Clopidrogel

Antiplatelet agent

322 [M+H]+

Diazepam-d5

pKa: 5.14

4.03

Codeine

Analgesics/anti-inﬂammatories

300 [M+H]+

Carbamazepine-d10

pKa1 : 9.19

1.34

pKa2 : 13.78

Diclofenac

Analgesics/anti-inﬂammatories

294 [M-H]−

Ibuprofen-d3

pKa1 : 4.00

4.26

pKa2 : 16.40

Hydrochlorothiazide

Diuretic

296 [M−H]−

Hydrochlorothiazide-d2

pKa1 : 9.09
pKa2 : 9.83
pKa3 : 11.31

Levamisole

Antihelmintics

205 [M+H]+

Ronidazole-d3

pKa: 6.98

2.36

Salbutamol

To treat asthma

240 [M+H]+

Atenolol-d7

pKa1 : 9.40
pKa2 : 10.12
pKa3 : 14.18

0.88

homogenate), extraction solvent (methanol, acetonitrile, water),
number of extraction cycles (3 or 4 extraction cycles), and extraction temperature (50, 70, 80 and 90 ◦ C), with the aim to obtain
the maximum extraction efﬁciency with the minimum presence of
interfering compounds. Presented results led to the selection of an
extraction protocol method based on PLE, with methanol as extraction solvent, 4 extraction cycles of ﬁve minutes each at 50 ◦ C for a
sample size of 1 g of ﬁsh homogenate, 1 g of muscle tissue and 0.5 g
of liver tissue. Final extracts were evaporated to dryness under a
stream of nitrogen and redissolved in the corresponding organic
solvent for the puriﬁcation step.

−0.58

clean-up protocol tested ﬁsh extracts were redissolved in 250 ml of
HPLC-grade water and loaded in Oasis HLB cartridges for SPE. Oasis
HLB cartridges were previously conditioned with 6 ml methanol
followed by 6 ml HPLC-grade water. After the sample was loaded at
2 mL/min, analytes were eluted with 6 ml of methanol. Eluates were
evaporated to ﬁnal volume of 1 mL of methanol and then injected
in GPC for further puriﬁcation. Final extracts were evaporated to
dryness and reconstituted with 1 ml methanol/water (10:90, v/v),
and 50 L of a 1 mg/L mixture containing the internal standards
were added.
2.5. Liquid chromatography and mass spectrometry analysis

2.4. Sample puriﬁcation optimization
Fish homogenate extracts were spiked with a mixture of the
target analytes and a comparison between three puriﬁcation techniques (Fig. 1) was performed: (a) SPE Florisil cartridges (1 g,
6 ml cartridges); (b) Gel permeation chromatography (GPC) in an
Agilent 1260 Inﬁnity high pressure liquid chromatography system in tandem with a diode array detector (HPLC-DAD); (c) SPE
Oasis HLB (200 mg, 6 ml cartridges) followed by GPC. For the
clean-up method based on SPE Florisil, ﬁsh extracts were redissolved in 10 ml of acetonitrile prior SPE, which was performed
in a J.T.Baker® system. Florisil cartridges were conditioned with
5 ml hexane followed by 5 ml acetonitrile. Extract was passed
through the cartridge and collected for evaporation to dryness.
For the puriﬁcation method based on the use of GPC, 250 L of
1 ml extracts in methanol were passed through an EnviroPrep,
300 mm × 21.2 mm (10 m pore size) column coupled to a PLgel
Guard column (50 mm × 7.5 mm) (Agilent Technologies). Puriﬁed
fractions containing target compounds (between minute 13.5 to
26.5) were collected and evaporated to dryness. Finally, for the third
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The chromatographic tandem mass spectrometry method
applied for the analysis of ﬁsh extracts was adapted from Gros
et al. [51]. Brieﬂy, chromatographic separations were carried out
with a Waters Acquity Ultra-PerformanceTM liquid chromatography system, using an Acquity HSS T3 colum (50 mm × 2.1 mm
i.d., 1.8 m particle size) for the compounds analyzed in positive
electrospray ionization (PI) mode and an Acquity BEH C18 column
(50 mm × 2.1 mm i.d., 1.7 m particle size) for the ones analyzed
under negative electrospray ionization (NI) mode. For the analysis in PI mode, separation conditions were as follows: solvent
(A) methanol, solvent (B) 10 mM formic acid/ammonium formate
(pH 3.2) at a ﬂow rate of 0.5 mL/min. The analysis in NI mode
was performed by using acetonitrile (A) and (B) 5 mM ammonium
acetate/ammonia (pH = 8) at a ﬂow rate of 0.6 mL/min. The sample volume injected was 5 L in both cases. The UPLC instrument
was coupled to a 5500 QTRAP hybrid triple quadrupole-linear ion
trap mass spectrometer (Applied Biosystems). Source-dependent
parameters for compounds analyzed under PI were: curtain
gas (CUR), 30 psi; nitrogen collision gas (CAD) medium; source
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Fig. 1. Sample pretreatment scheme tested during method optimization.

temperature (TEM) was 650 ◦ C; ion spray voltage was 5500 V; ion
source gases GS1 and GS2 were set 60 and 50 psi, respectively. For
compounds analyzed under NI, such parameters were: curtain gas
(CUR), 30 psi; nitrogen collision gas (CAD) medium; source temperature (TEM) was 650 ◦ C; ion spray voltage was −3500 V; ion source
gases GS1 and GS2 were set 60 and 70 psi. Two SRM transitions
between the precursor ion and the two most abundant fragment
ions were monitored for each compound. The ﬁrst transition was
used for quantiﬁcation purposes, whereas the second one was used
to conﬁrm the identity of the target compounds. Besides the monitoring of the SRM transitions, the relative abundance of the two
SRM transitions in the sample were compared with those in the
standards, and the relative abundances in the samples must be
within ±20% of the two SRM ratios in the analytical standards [51].
3. Results and discussion
3.1. Extraction and puriﬁcation of the analytes from ﬁsh tissues
After the comparison of the three preliminary extraction techniques described in the previous section (USE, QuEChERS and
PLE), USE was discarded as a viable option, as only ﬁve out of
twenty compounds were efﬁciently recovered. Results obtained
with QuEChERS, which had before been successfully applied to the
analysis of polar compounds in biological matrices, such as pesticides in food matrices [52] and antibiotics in bovine liver [53],
were quite satisfactory, with recoveries surpassing 40% for most
of compounds (Fig. 2). However, PLE was ﬁnally selected as the
most appropriate extraction technique, due to the overall better
recoveries (Fig. 2) of relevant compounds (diclofenac, propanolol),
the lower relative standard deviation (RSD) (%), and the signiﬁcantly lesser matrix interferences observed during analysis when
compared to QuEChERS. PLE allows the use of conventional solvents at high temperature and pressure to improve the extraction
of pollutants from solid samples, but it may still co-extract a high
proportion of matrix interferences [33,54]. Therefore, the possibility of a simultaneous puriﬁcation step (pre clean-up) during PLE
extraction to reduce the coextraction of other matrix components
was assessed. An intra-cell clean-up with neutral alumina (2 g)

Fig. 2. Comparison of extraction efﬁciencies (%) between QuEChERS and PLE for the
target analytes (n = 3).

was selected among the tested methods as the best sorbent, since
the extraction efﬁciency for target compounds did not decrease
while the lipid content in the extracts was reduced (results not
shown). Further reﬁnement of the PLE procedure was accomplished
by optimizing several critical parameters, such as extraction solvent and its volume, cycle time and number of extraction cycles,
extraction temperature and amount of biomass. Among all these
parameters, extraction solvent appeared to be the most relevant.
At 50 ◦ C, methanol provided the highest recoveries when compared
to other solvents (acetonitrile), solvent mixtures (methanol/water,
1:1; methanol/acetonitrile, 1:1) or solvent with additive (acidiﬁed
methanol) (Fig. S1). The rest of the parameters did not signiﬁcantly improve the recoveries. Sample size was set at 1 g for ﬁsh
homogenate and muscle tissues, whereas 0.5 g was selected in the
case of liver tissue to minimize the lipid content in the extract and
thus the potential interferences during analysis. Temperature was
set at 50 ◦ C to avoid analyte degradation, as pharmaceuticals are
often thermolabile [20]. Four cycles of 5 min each was established
as extraction time and 100% ﬂush volume and 90 s of nitrogen purge
were the ﬁnal parameters selected.
Regarding clean-up procedures, Fig. 3 presents the recoveries
for the target analytes obtained with the three puriﬁcation techniques tested. Florisil cartridges showed generally low recoveries,
and thus it was discarded. SPE with Oasis HLB followed by GPC
caused decrease of overall recoveries, particularly in the case of ␤blocker compounds and, in consequence, a single GPC puriﬁcation
step was selected as clean-up method, as it provided satisfactory
results for most of the target compounds. Several parameters were
additionally optimized: mobile phase (dichloromethane (DCM),
DCM/MeOH mixtures), ﬂow rate (3, 4 and 5 ml/min) and injection volume (100, 250, 500, 750 L). The ﬁnal selected parameters
were the following: DCM/MeOH (90:10, v/v) as mobile phase, at
5 mL/min ﬂow rate, injection volume of 250 L for homogenate
samples, 500 L for liver samples and 750 L for muscle samples.
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Barbus graellsii and Silurus glanis) (Table 2) and for liver and muscle
tissues (Table 3). Two spiking levels (20 and 100 ng/g) were considered, the lowest level selected according to concentrations found in
previous studies found in literature [26,55]. Recoveries were considered acceptable when they were in the range 40–140%, due to
(a) the analytical challenge that poses the development of a multianalyte method for such diverse PhACs (with different lipophilicity
and pKa) and (b) to the intensive sample pretreatment demanded in
biota matrices [4,5]. Surrogate addition was applied to monitor for
recovery differences and problems during the extraction phase of
the analysis. Two isotopically labeled compounds were selected:
antipyrine-d3 and cimetidine-d3 , which presented recoveries of
108.3 ± 1.3 and 78.8 ± 3.0 (%), respectively.

3.2. Matrix effects

Fig. 3. Comparison of cleanup recoveries (%) between three puriﬁcation techniques
for the selected compounds (n = 3).

Collection time interval for the pharmaceuticals was established
from min. 13.5 to 26.5 of the 40 min chromatographic cycle.
Final method consisted in PLE extraction using methanol as
solvent at 50 ◦ T during 4 cycles of 5 min, followed by an extensive GPC puriﬁcation, with DCM/MeOH (90:10, v/v) as mobile
phase at 5 ml/min ﬂow rate. Total recoveries were determined for
the ﬁnal sample treatment method and for different ﬁsh tissues
(ﬁsh homogenate, liver and muscle) by comparing concentrations
obtained after the whole analytical procedure, calculated by internal sample calibration. Results from each matrix are presented for
ﬁsh homogenate of three representative species (Cyprinus carpio,

Ion suppression or enhancement by the presence of coextracted
matrix components is a major problem for mass spectrometry
detectors when ionization is performed by electrospray interfaces,
particularly with complex matrices such as biota [56]. To evaluate
matrix effects on the analysis of target compounds in the different
ﬁsh tissues, peak areas of ﬁsh extract (previous subtraction of the
analytes peak areas corresponding to the native analytes present
in the sample) spiked at 5 ng/g were compared to those of the analytes in the solvent (methanol/water 10:90, v/v) spiked at the same
concentration. Calculations were performed in triplicate for ﬁsh
homogenate, muscle and liver tissues.
Percentage of signal reduction or enhancement for all the compounds is presented in Table S1. The MS signal of the majority of
the compounds analyzed in the different biota extracts was suppressed. The highest signal suppression was found in liver tissues
(up to 83%), which may be attributed to the higher lipid content of
liver (48%) compared to ﬁsh homogenate (15%). Matrix effects calculated for various tissues and ﬁsh species were contrasted with
the lipid content, as presented in Fig. 4 for selected compounds.
As expected, ion suppresion (carbamazepine, clopidogrel and venlafaxine) or enhancement (diclofenac) was more obvious as the
percentage of lipids increased. Further evaluation of the matrix
effects was performed in ﬁsh homogenates from three representative ﬁsh species considering that lipid percentage for C. carpio and
B. graellsii was approximately 10–15%, while for Silurus glanis was

Table 2
Mean percent recoveries (n = 3) at two spiking levels of the target compounds in ﬁsh homogenates.
% Recovery ± RSD
Spiking level: 20 ng/g

Atenolol
Carazolol
Carbamazepine
Citalopram
Clopidrogel
Codeine
Diazepam
Diclofenac
10,11-epoxyCBZ
Hydrochlorothiazide
2-HydroxyCBZ
Levamisol
Lorazepam
Metropolol
Nadolol
Propanolol
Salbutamol
Sertraline
Sotalol
Venlafaxine
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Spiking level: 100 ng/g

Barbus graellsii

Cyprinus carpio

Silurus glanis

Barbus graellsii

Cyprinus carpio

Silurus glanis

46.2 ± 2.0
39.7 ± 5.9
66.2 ± 3.3
60.8 ± 4.7
36.9 ± 2.4
44.9 ± 7.9
53.4 ± 3.1
56.9 ± 12
45.1 ± 20
40.3 ± 11
61.7 ± 21
44.6 ± 7.6
39.6 ± 12
66.9 ± 2.9
46.9 ± 19
55.8 ± 8.8
50.5 ± 3.6
38.0 ± 11
56.1 ± 2.2
57.0 ± 2.2

48.3 ± 6.8
27.4 ± 2.9
71.5 ± 4.2
63.9 ± 0.6
31.2 ± 2.0
51.8 ± 5.1
55.8 ± 3.9
56.3 ± 24
33.4 ± 4.3
19.3 ± 5.8
56.2 ± 2.8
40.3 ± 4.0
41.8 ± 16
48.2 ± 2.4
53.0 ± 4.3
41.2 ± 3.4
27.4 ± 13
29.2 ± 9.5
66.0 ± 4.3
48.3 ± 5.9

47.7 ± 3.1
54.2 ± 14
66.1 ± 8.7
59.4 ± 14
47.4 ± 14
42.6 ± 7.5
57.3 ± 6.3
43.9 ± 5.9
44.8 ± 5.6
44.2 ± 16
70.2 ± 7.5
52.4 ± 8.4
25.8 ± 8.2
76.2 ± 15
60.6 ± 5.0
70.5 ± 18
56.1 ± 7.1
41.6 ± 11
41.6 ± 11
55.5 ± 5.1

47.4 ± 10
52.1 ± 9.2
64.1 ± 11
107.8 ± 0.4
40.6 ± 11
31.2 ± 4.4
59.3 ± 11
61.3 ± 11
33.9 ± 3.9
68.1 ± 8.1
64.9 ± 6.2
45.2 ± 2.5
58.9 ± 15
98.6 ± 19
53.7 ± 9.7
97.1 ± 18
46.0 ± 9.2
37.3 ± 6.8
54.1 ± 8.6
41.8 ± 10

60.8 ± 5.3
35.3 ± 8.2
78.7 ± 3.1
59.2 ± 23
51.3 ± 2.9
35.3 ± 8.2
64.2 ± 4.0
41.6 ± 8.2
34.7 ± 0.6
60.4 ± 12
59.2 ± 2.8
46.6 ± 1.6
35.4 ± 4.5
76.4 ± 4.7
46.2 ± 3.0
62.5 ± 15
60.5 ± 4.6
54.8 ± 5.1
42.8 ± 3.2
57.2 ± 1.6

47.5 ± 8.7
38.2 ± 4.7
74.9 ± 7.0
43.3 ± 18
48.4 ± 9.0
36.7 ± 2.3
60.1 ± 10
44.4 ± 1.0
44.8 ± 4.4
65.6 ± 11
71.4 ± 6.8
50.8 ± 8.2
55.6 ± 5.1
61.7 ± 12
37.2 ± 7.3
42 ± 0.6
55.1 ± 1.4
34.0 ± 8.0
34.0 ± 8.0
55.7 ± 7.2
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Table 3
Mean percent recoveries (n = 3) in ﬁsh liver and muscle tissues (spiking level: 20 & 100 ng/g).
% Recovery ± RSD
Spiking level: 20 ng/g

Atenolol
Carazolol
Carbamazepine
Citalopram
Clopidrogel
Codeine
Diazepam
Diclofenac
10,11-epoxyCBZ
Hydrochlorothiazide
2-HydroxyCBZ
Levamisol
Lorazepam
Metropolol
Nadolol
Propanolol
Sertraline
Sotalol
Venlafaxine
Salbutamol

Spiking level: 100 ng/g

Liver

Muscle

Liver

Muscle

47.4 ± 0.6
57.9 ± 2.7
85.5 ± 3.3
52.3 ± 0.3
44.0 ± 11
38.7 ± 0.3
31.5 ± 3.1
38.0 ± 2.8
27.5 ± 4.5
68.2 ± 0.9
45.1 ± 0.2
35.0 ± 2.3
54.8 ± 1.8
45.1 ± 0.3
55.8 ± 1.2
60.8 ± 9.8
85.0 ± 0.6
50.0 ± 7.7
63.1 ± 0.1
47.1 ± 4.2

59.9 ± 2.7
67.9 ± 8.3
61.2 ± 8.8
33.5 ± 0.6
60.3 ± 2.3
53.0 ± 0.7
44.2 ± 5.5
66.8 ± 5.9
27.5 ± 7.3
79.7 ± 7.4
49.9 ± 2.6
84.1 ± 4.1
86.2 ± 8.1
79.7 ± 7.4
60.3 ± 2.3
84.6 ± 2.1
92.0 ± 5.7
87.7 ± 2.1
68.8 ± 2.7
49.1 ± 3.2

68.4 ± 12
74.8 ± 3.1
102.3 ± 8.7
125.7 ± 12
45.0 ± 9.5
62.3 ± 3.2
110.0 ± 10
43.9 ± 3.4
49.3 ± 3.6
91.9 ± 16
95.5 ± 4.4
28.1 ± 13
21.3 ± 8.0
91.9 ± 7.9
79.3 ± 5.8
92.8 ± 5.7
150.6 ± 8.2
86.3 ± 13
124.4 ± 6.6
52.9 ± 4.4

46.9 ± 7.2
85.3 ± 15
74.8 ± 4.8
59.5 ± 13
51.3 ± 9.2
50.1 ± 5.3
88.7 ± 6.6
63.7 ± 12
45.2 ± 7.9
67.2 ± 19
79.3 ± 13
48.5 ± 15
42.8 ± 2.2
64.1 ± 5.6
47.3 ± 10
74.3 ± 17
88.1 ± 11
48.5 ± 12
126.4 ± 11.
38.0 ± 1.2

Fig. 4. Matrix effects vs lipid content represented for carbamazepine (ﬁt curve
R2 = 0.74), clopidogrel (R2 = 0.92), diclofenac (R2 = 0.95), and venlafaxine (R2 = 0.77).

up to 25%. The results presented in Table S1 show a great similarity in the response in (a) C. carpio and (b) B. graellsii, and opposite
to (c) S. glanis, where the majority of the compounds presented
greater ion suppression and a very low deviation compared to the
other species, which could be a direct consequence of the higher
lipid content of S. glanis. These results highlighted the relevance
of using a suitable approach to compensate for matrix effects during analysis of the same biota matrix, considering the variability in
composition that different species might have.
An evaluation of the best approach to compensate for the
observed matrix effects was therefore performed. In the ﬁrst place,
standard addition was considered, as it is, by deﬁnition, the most
effective approach for compensating matrix effects. However, it
was difﬁcult and time-consuming due to the great of samples
to processes. Other approaches include matrix-matched calibration and internal calibration with isotopically labeled standards.
Matrix-matched calibration requires a control matrix similar to
the real sample and that does not contain the target analytes,
which was not available in this case. Internal standard calibration

entails the addition to the extract of isotopically labeled standards
that are structurally similar to the target analytes to compare the
instrument response during the analysis. Since only ten (out of 20
target compounds) isotopically labeled standards were available
to use as internal standard during method optimization, an alternative strategy for the correction of matrix effect were explored,
namely internal sample calibration [57,58]. Two calibration curves
in the range of 0.1–25 ng/mL were prepared in both, a solvent mixture and ﬁsh extract, and internal standards were added to the
two of them at the same concentration. Fig. 5 presents the internal standard calibration (solvent curve) and the internal sample
calibration (curve prepared in ﬁsh extract) for two compounds, carbamazepine and clopidogrel. In the case of carbamazepine (Fig. 5a),
whose quantiﬁcation was corrected with its analogue labeled compound (carbamazapine-d10 ), both calibration curves were very
similar, which indicates that the internal standard was compensating the observed matrix effects. In the case of clopidogrel (Fig. 5b)
whose corresponding analogue labeled compound was not available, calibration curves were noticeably different, as the internal
standard (diazepam-d5 ) used during quantiﬁcation with the solvent curve was not correcting completely the ion suppression
observed in the real sample. Consequently, the most advantageous approach for an accurate determination of target compounds
seemed to be the quantiﬁcation using a calibration curve prepared
with spiked ﬁsh extracts and internal standard addition (internal
sample calibration), which was able to correct the matrix effects
for all the compounds. Internal sample calibration is thus recommended especially in those cases when the analogue internal
standard is not available.
Due to the differences observed in lipid content between ﬁsh
species, it was important to assess if quantiﬁcation of analytes was
affected by the use of the different ﬁsh matrices to build the calibration curves. The accuracy of the measurements when preparing
the internal sample calibration in three representative species (C.
carpio, B. graellsii and S. glanis) was evaluated. An extract of C. carpio
was spiked (25 ng/g) with a mixture of the analytes and quantiﬁed
using internal standard calibration and internal sample calibration
prepared in extracts of the three ﬁsh species. As expected, the most
accurate measurement corresponds to the internal sample calibration with C. carpio extracts, since the same ﬁsh sample was used
for building the internal sample calibration curve. Internal sample
calibration curve built in B. graellsii extracts, with similar amount
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Fig. 5. Comparison between calibration curves in the solvent, and in real sample with internal standard for the pharmaceuticals (a) carbamazepine (carbamazepine-d10 as
internal standard) and (b) clopidogrel (diazepam-d5 as internal standard). Calibration curves were prepared in C. carpio extracts.

of fat content than C. carpio, (Fig S2) was quite optimal at the time
of quantifying target compounds in C. carpio samples, except for
some slight deviation for particular compounds. On the contrary
S. glanis, with higher fat content that the other two species studied, exhibited great discrepancy in the results between calibration
methods, particularly in the case of some ␤-blockers compounds.
These results reiterated the signiﬁcance of considering the characteristics of the different species, particularly lipid content, when
working with internal or external sample calibration. The preparation of internal sample calibration curves in an appropriate matrix,
namely extracts of the same specie or at least species with similar
characteristics, is suggested as the best approach for an accurate
determination of pharmaceutical compounds in this type of biota
samples.

3.3. Method validation parameters
Method detection limits (MDL) and method quantiﬁcation limits (MQL) for ﬁsh homogenate, liver and muscle are presented in
Table 4. Both, MDL and MQL, were determined in spiked samples (n = 3) of the three matrices considered as the minimum
detectable amount of analyte with a signal-to-noise ratio of 3 and
10, respectively. MDLs for the target compounds were in the range
of 0.03–0.50 ng/g for ﬁsh homogenate, 0.01–0.42 ng/g for ﬁsh muscle, and 0.08–0.98 ng/g for ﬁsh liver, and were in general similar or
lower than those currently reported [5,29,59].
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Accuracy and precision were calculated from ﬁve repeated
injections of a spiked sample at 25 ng/g in the same day. Accuracy
was deﬁned as the deviation of the measured mean concentration from the spiked concentration, expressed in percentage, as
described by Bogialli et al. [60]. Precision was expressed as the
relative standard deviation of the measured concentration. Both
values were lower than 20% for the three matrices considered
(Table 5). Calibration curves were generated using linear regression analysis (r2 > 0.98) in the concentration range from 0.1 to
50 ng/g.

3.4. Application to environmental samples
The developed method was applied for the determination
of pharmaceuticals in ﬁsh from four Mediterranean rivers and
one reservoir, including ﬁsh homogenates, muscle and liver tissues. Nine compounds (carazolol, carbamazepine, citalopram,
clopidogrel, diclofenac, propanolol, salbutamol, and venlafaxine)
from ﬁve therapeutic families were determined at concentrations
higher than MDLs (Table 6). Pharmaceutical levels were lower
than 10 ng/g in ﬁsh homogenates, which is consistent with published scientiﬁc literature on the topic [5,26,27]. Highest levels
were found in trout liver, where the concentration of carbamazepine was 18 ng/g. Most ubiquitous and recurring compound
was diclofenac, detected in 9% of the total number of samples.
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Table 4
Method detection and quantiﬁcation limits (MDL, MQL) in ﬁsh homogenate, liver and muscle tissues (ng/g, dry weight).
MDL (ng/g)

Atenolol
Carazolol
Carbamazepine
Citalopram
Clopidrogel
Codeine
Diazepam
Diclofenac
Epoxycarbamazepine
Hydrochlorothiazide
Hydroxycarbamazepine
Levamisol
Lorazepam
Metropolol
Nadolol
Propanolol
Sertraline
Sotalol
Venlafaxine
Salbutamol

MQL (ng/g)

Homogenate

Liver

Muscle

Homogenate

Liver

Muscle

0.05
0.04
0.04
0.12
0.04
0.06
0.08
0.50
0.09
0.05
0.03
0.04
0.49
0.20
0.03
0.09
0.32
0.26
0.04
0.07

0.12
0.09
0.08
0.09
0.26
0.13
0.12
0.65
0.19
0.11
0.25
0.29
0.77
0.36
0.13
0.36
0.98
0.20
0.40
0.24

0.10
0.03
0.01
0.05
0.08
0.06
0.08
0.19
0.11
0.17
0.08
0.02
0.42
0.18
0.09
0.18
0.18
0.07
0.16
0.11

0.17
0.15
0.13
0.41
0.13
0.18
0.25
1.66
0.30
0.17
0.09
0.13
1.62
0.67
0.10
0.29
1.08
0.88
0.15
0.25

0.41
0.31
0.25
0.29
0.87
0.43
0.41
2.16
0.62
0.35
0.83
0.97
2.58
1.19
0.42
1.21
3.28
0.66
1.33
0.78

0.32
0.10
0.04
0.16
0.26
0.20
0.25
0.62
0.38
0.57
0.26
0.08
1.42
0.60
0.30
0.60
0.61
0.24
0.55
0.38

Table 5
Accuracya and precisionb data of selected pharmaceuticals in ﬁsh homogenate, liver and muscle (spiking level 25 ppb).
Homogenate

Liver

Accuracy (%)
Atenolol
Carazolol
Carbamazepine
Citalopram
Clopidrogel
Codeine
Diazepam
Diclofenac
10,11-epoxyCBZ
Hydrochlorothiazide
2-HydroxyCBZ
Levamisol
Lorazepam
Metropolol
Nadolol
Propanolol
Salbutamol
Sertraline
Sotalol
Venlafaxine
a
b

−0.1
11
−14
7.1
−2.5
−17
2.3
0.9
−5.9
−4.2
−18.9
14
16
0.0
1.4
−11
−1.5
2.9
−15
13

Muscle

RSD (%)

Accuracy (%)

RSD (%)

Accuracy (%)

RSD (%)

2.1
7.3
4.0
1.1
14.
15
6.7
2.7
2.0
12
4.9
3.8
21
6.3
6.4
21
3.9
6.9
2.9
7.5

−1.6
−12
−17
−19
0.1
−0.7
−0.4
1.3
0.3
−0.1
−0.1
0.2
8.2
−0.1
0.1
0.0
0.0
3.4
−19
−15

14
4.4
13
14
12
3.9
13
18
4.5
20
5.4
16
13
9.7
7.1
6.9
16
11
7.7
10

−1.6
−10.9
−18
6.2
0.3
−17
−19
−20
−20
−6.9
−17
−5.9
4.1
−9.1
1.0
−0.1
0.1
−2.6
−14
−11

6.6
17
5.9
1.1
9.2
15
8.6
14
12
12
9.1
6.1
20
11
13
17
11
10
7.2
20

Calculate as [(mean calculated concentration − spiked concentration)/spiked concentration] ×100.
Expressed as relative standard deviation (RSD (%)).

Table 6
Concentration of pharmaceuticals (ng/g, dry weight) in ﬁsh homogenates and tissues from ﬁsh collected in Mediterranean rivers (Spain).
Therapeutic family

Compound

Species

Matrix

Mean
concentration
(ng/g) (n = 3)

Standard
deviation

Detection
frequency (%)

Anti-inﬂamatory

Diclofenac
Citalopram
Carbamazepine
Venlafaxine
Clopidogrel
Carazolol

Homogenate
Homogenate
Homogenate
Liver
Homogenate
Homogenate
Homogenate
Homogenate
Homogenate
Homogenate

8.8
4.1
0.8
17.9
0.6
<MLQ
3.8
<MLQ
4.2
<MLQ

±0.5
±0.9
±0.1
±2.4
±0.02

9

Psychiatric drug

Barbus graellsii
Micropterus salmoides
Cyprinus carpio
Salmo trutta
Cyprinus carpio
Cyprinus carpio
Silurus glanis
Anguilla anguilla
Silurus glanis
Pseudochondrostoma
willkommii
Silurus glanis

±1.0

3.5
2

Homogenate

2.6

±0.3

2

Antiplatelet agent
␤-blockers

Propanolol
Sotalol
To treat asthma

Salbutamol

±0.7

3.5
–
2
2
3.5
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4. Conclusions
The multi-residue analytical method described in this paper,
based on pressurized liquid extraction, gel permeation chromatography puriﬁcation and UPLC–MS/MS analysis, provides the
necessary sensitivity for the simultaneous trace-level detection
of 20 multi-class pharmaceuticals. Recoveries obtained for most
of the target compounds were higher than 50%. The application
of UPLC–MS/MS operated in the MRM mode, with two transitions monitored for each compound, provided good sensitivity,
selectivity and conﬁrmation of positive ﬁndings. A thorough evaluation of the matrix effects was performed and lipid content in
ﬁsh species and tissues was considered to select the best approach
to compensate observed matrix effects and to provide an accurate determination of pharmaceutical compounds. Internal sample
calibrations in an appropriate matrix were selected as the best
strategy in this type of sample. The method presented detection
limits in the low ng/g range for the several ﬁsh species, thus providing a sensitive, reliable and robust tool that can be used for
routine analysis of multi-class pharmaceuticals in different ﬁsh tissues. Anti-inﬂammatories, psychiatric drugs and ␤-blockers were
detected in ﬁsh samples from the most polluted sites of Mediterranean rivers.
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Aquatic organisms from freshwater ecosystems impacted by waste water treatment plant (WWTP)
efﬂuents are constantly exposed to constant concentrations of pharmaceuticals, endocrine disruptors
and related compounds, among other anthropogenic contaminants. Macroinvertebrates inhabiting
freshwater ecosystems might be useful bioindicators of exposure to contaminants, since their lives are
long enough to bioaccumulate, but at the same time may integrate short-term changes in the
environment. However, studies about potential bioaccumulation of emerging contaminants in these
organisms are very scarce. The objectives of this study were to develop an analytical methodology for
the analysis of 41 pharmaceuticals and 21 endocrine disruptors in freshwater invertebrates. In addition,
bioaccumulation of these contaminants in three macroinvertebrate taxa inhabiting a waste water
treatment plant -impacted river was evaluated. The method for the simultaneous extraction of both
families of compounds is based on sonication, puriﬁcation via removal of phospholipids, and analysis by
ultra performance liquid chromatography coupled to a mass spectrometer (UPLC–MS/MS) in tandem.
Recoveries for pharmaceuticals were 34–125%, and for endocrine disruptors were 48–117%. Method
detection limits (MDLs) for EDCs were in the range of 0.080–2.4 ng g  1, and for pharmaceuticals,
0.060–4.3 ng g  1. These pollutants were detected in water samples taken downstream the waste water
treatment plant efﬂuent at concentrations up to 572 ng L  1. Two non-esteroidal anti-inﬂammatory
drugs, diclofenac and ibuprofen, and four endocrine disruptors – estrone, bisphenol A, TBEP, and
nonylphenol – were detected in at least one macroinvertebrate taxa in concentrations up to 183 ng g  1
(dry weight). An isobaric interference was identiﬁed during the analysis of diclofenac in Hydropsyche
samples, which was successfully discriminated via accurate mass determination by TFC-LTQ Orbitrap.
& 2014 Elsevier B.V. All rights reserved.
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1. Introduction
Numerous anthropogenic chemicals have been detected in wastewater treatment plants (WWTP) efﬂuents and surface water in recent
years, including pharmaceuticals (PhACs) and endocrine disrupting
compounds (EDCs) [1–4]. This situation is of special concern in the
Mediterranean region, where WWTP efﬂuents often represent a high
proportion of stream ﬂow (particularly under water scarcity scenarios
[5,6]), and pollutants such as PhACs and EDCs may be present at
relatively high concentrations and cause adverse effects to aquatic
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organisms [7]. For instance, PhACs have been designed to modify
speciﬁc biochemical pathways in target organisms [8]. On the other
hand, EDCs are compounds that belong to different chemical families,
characterized by their capability to alter the endocrine system of
exposed organisms by mimicking or counteracting natural hormones,
which could have severe consequences even at very low concentrations [9,10]. Several examples support the potential effects of these
compounds on the river fauna: the feminisation of male ﬁsh in
efﬂuent-dominated rivers closely related to the presence of the
synthetic hormone 17α-ethinylestradiol (EE2) [11,12], altered ﬁsh
reproduction by some anti-inﬂammatory compounds, and altered
behaviour and endocrine functions due to exposure to antidepressants
[13,14]. Within this context, the recent Directive on the review of
priority substances in surface water bodies has selected three of these

http://dx.doi.org/10.1016/j.talanta.2014.09.017
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compounds (diclofenac, ethinylestradiol, β-estradiol) as candidates for
the “watch list” in the European priority compounds list [15].
A better understanding of how these compounds are transferred from water to biota could help determining the potential
of ecosystem damage associated with the discharge of WWTP
efﬂuent containing these contaminants [16]. Among freshwater
organisms exposed to these bioactive compounds, invertebrates
have been less frequently studied than vertebrate species (i.e. ﬁsh)
[17,18]. However, these organisms are susceptible of being affected
by these compounds, and because of their sedentary life, they are
representative of the local conditions in freshwater ecosystems
[10,19]. Benthic macroinvertebrates are prey of other consumers,
constituting a secondary contaminant entry for upper trophic
levels. Their relatively long lives facilitate the incorporation of
contaminants in their bodies, whereas they also integrate shortterm changes in the environment. Therefore, aquatic macroinvertebrates appear to have the potential to be useful biomonitors of
pollution [20]. Trichoptera (caddisﬂies) are already considered a
bioindicator group, and these insects are frequently used to assess
the ecological status of basins in Mediterranean rivers (e.g. [21]).
Many pollutants have been recurrently detected in macroinvertebrates (invertebrates large enough to be seen without the use
of a microscope), and these organisms have been used as bioindicators of a wide variety of compounds, such as pesticides, PCBs,
hormones, and metals [18,22–26]. The capability of macroinvertebrates to bioaccumulate PhACs and EDCs has also been established
under controlled exposure conditions (see Table S1). However,
information about bioaccumulation of PhACs and other EDCs
under natural conditions is still non-existent for the great majority
of these compounds. A ﬁrst critical step to understand the
bioaccumulation dynamics of these compounds is to develop
and validate analytical methods for their extraction and determination in biota matrices [6,27]. Therefore, the objectives of this
study were two-fold: (i) to develop an efﬁcient analytical methodology for the simultaneous analysis of PhACs and EDCs in
aquatic invertebrates, and (ii) to assess persistence, distribution,
and bioaccumulation of these trace contaminants in macroinvertebrate communities affected by WWTP efﬂuents.

2. Materials and methods
2.1. Standards and solutions
A list of the target analytes, their physico-chemical properties and
purity of standards and reagents can be found in the supplementary
material (Table S2). Individual stock standards and isotopically labeled
internal standards were prepared in methanol at a concentration of
approximately 1000 mg L  1. Stock solutions and 20 mg L  1 mixtures
in methanol were stored at  20 1C. Working standard solutions
(1 mg L  1) of all compounds, and mixtures of isotopically labelled
internal standards were prepared in methanol/water (1:9, v/v for
PhACs; 1:1, v/v for EDCs) before each analytical run.
2.2. Sample collection and pre-treatment
The study was conducted in a section of the River Segre, a tributary
to the River Ebro in the Pyrenees (NE Iberian Peninsula). Although
industrial and agricultural activities are scarce in this area, the river
receives the discharge of a WWTP efﬂuent (29 742 population
equivalents). Water and invertebrate samples were collected in two
sites, respectively: upstream (500 m) and downstream (1500 m) of the
local WWTP in October of 2012. Invertebrate samples from three
different taxa were collected, namely the gastropod Ancylus ﬂuviatilis
(Planorbidae family), which are air-breathing limpets that graze on
bioﬁlms, the ﬁlterer trichopteran Hydropsyche spp., (Hydropsychidae
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family), in larval and pupal (aquatic) stages, and the predator ﬂatworm
Phagocata spp. (Planariidae family).
River water (100 mL) was collected to determine the presence
of PhACs and EDCs in the aqueous phase. River samples were
ﬁltered through 1 μm glass ﬁber ﬁlters followed by 0.45 μm nylon
membrane ﬁlters and kept at  20 1C until analysis. Macroinvertebrates were collected and placed in a 50 mL Falcon tube ﬁlled with
river water. Individuals were kept for 24 h in ﬁltered stream water
to allow for gut clearance. Approximately 70–120 individuals of
each taxon were collected per sampling point and composited
Composites were freeze-dried, homogenized with a mortar, and
kept at  20 1C until analysis. A prior test was performed to
determine the water content in the three taxa, which ranged
between 77% (Hydropsyche) and 90% (Ancylus).

2.3. Extraction and puriﬁcation optimization
Water samples were analyzed for PhACs and EDCs according to
Gros et al. [28] for the analysis of PhAC, and also applied for the
analysis of EDCs. Ultra-pure water (100 mL) was spiked with a
mixture of the target analytes and subsequently subjected to
the extraction method described next. Brieﬂy, 3 mL of EDTA 1 M
(4%, v/v) were added to water samples. A Baker vacuum system
(J.T. Baker, The Netherlands) was used to pre-concentrate the
samples in Oasis HLB cartridges (60 mg, 3 mL). They were loaded
with 100 mL of water samples and eluted with 6 mL of methanol.
The extracts were evaporated under a gentle nitrogen stream and
reconstituted with 1 mL of methanol–water mixture (50:50, v/v
for EDCs; 10:90, v/v for PhACs), and 10 mL of IS mixture (1 mg L  1)
was added to the ﬁnal extract.
Macroinvertebrates samples were spiked with a mixture of
both families of analytes and subsequently subjected to the chosen
extraction methodologies described next to obtain the best recovery results for the target compounds. Sonication (Branson Digital
Soniﬁer, model 102C) was the chosen method for extraction
following preliminary studies. Samples were placed in a 50-mL
Falcon tube in an ice bath, where 3 mL of solvent were added to
the samples and vortexed. Ultrasonic probe was plunged in the
solution and sonication was applied in 3 cycles of 120 s, with
amplitude (intensity) of 30%. Sample size and extraction solvent
were tested: 50, 100 and 200 mg of freeze-dried biomass, whereas
extraction solvents tested were methanol (100%) and water/
acetonitrile (1:3, 1% formic acid, v/v). Samples were centrifuged
at 11000 rpm, for 5 min. Supernatant was collected and 1.5 mL of
the extract was taken for further puriﬁcation.
Four procedures were tested during cleanup optimization on
the basis of the analytes recovery and the purity of the extract:
solid-phase extraction (SPE) performed in a J.T. Bakers vacuum
system with (i) Florisil cartridges (1 g, 6 mL), (ii) Oasis HLB (60 mg,
3 mL), and (iii) an Oasis HLB 96-well plate (30 μm, 30 mg).
Another technique for the removal of phospholipids and proteins
in plasma and serum, common matrix interferences in biological
analysis, was also tested: (iv) an OstroTM 96-well plate, which
exhibits selective afﬁnity towards phospholipids while remaining
non-selective towards a range of basic, acidic and neutral compounds. Extracts were subjected to different treatments using each
of the four clean-up strategies above mentioned:
(i) Extracts were redissolved in 10 mL of acetonitrile and loaded
to the cartridge at 1 mL min  1 after conditioning with 10 mL
of n-hexane and 10 mL of acetonitrile.
(ii) Extracts were redissolved in 200 mL of water with EDTA at 1%.
After conditioning the cartridges with 6 mL of methanol and
6 mL of water, they were loaded into the cartridges and the
eluted in 6 mL of methanol.
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(iii) Extracts were redissolved in 1.5 mL of water 1% EDTA. Oasis
HLB 96-well plate was placed in a manifold and wells were
conditioned with 1.5 mL of methanol and 1.5 mL of water
consecutively applying a vacuum extraction. Extracts were
loaded and then eluted in 1.5 mL of methanol.
(iv) Extracts were redissolved in 750 μL of water/acetonitrile (1:3, 1%
Formic acid, v/v). OstroTM 96-well plate was placed in a manifold
and wells were added 750 μL of fresh solvent and then carefully
mixed with the extract in the well. After extraction by vacuum,
puriﬁed extracts were collected.
All puriﬁed extracts were then evaporated and redissolved in
1 mL of methanol-water mixture (50:50, v/v for EDCs; 10:90, v/v
for PhACs), and 10 mL of IS mixture (1 mg L  1)was added to the
ﬁnal extracts.
2.4. Instrumental analysis
2.4.1. UPLC–QqQ–LIT
For the analysis of PhACs, water and biota extracts were analysed
according to Gros et al. [28] using a ultra performance liquid
chromatography (UPLC) system (from Waters Milford, MA, USA)
coupled to a hybrid quadrupole linear ion trap mass spectrometer
Qtrap 5500 (Applied Biosystems, Foster City, CA, USA), equipped
with an electrospray ionization source (ESI). Chromatographic
conditions for the positive ionization mode were an Acquity HSS
T3 column with methanol and 10 mM formic acid/ammonium
formate (pH 3.2) as the mobile phase at a ﬂow rate of 0.5 mL min  1.
For the negative ionization mode, an Acquity BEH C18 column was
applied using acetonitrile and 5 mM ammonium acetate/ammonia
(pH¼8) at a ﬂow rate of 0.6 mL min  1. For the analysis of EDCs,
extracts were analysed using the method developed by Jakimska
et al. [29] in the same instrumental set up, using the Acquity BEH
C18 column for both positive and negative modes. The chromatographic separation was achieved with methanol and water (pH 9) as
mobile phase at a ﬂow rate of 0.4 mL min  1. The acquisition of the
compounds into the analyser Qtrap was done in selected reaction
monitoring (SRM) mode with the monitoring of two transitions. The
most intense transition was used for quantiﬁcation purposes when
it was possible, whereas the second one was used to conﬁrm the
identity of the target compounds. Besides the monitoring of the
SRM transitions and their retention time, the relative abundance of
the two SRM transitions in the sample were compared with those
in the standards, and the relative abundances in the samples must
be within720% of the two SRM ratios in the analytical standards.
Pharmaceutical diclofenac was quantiﬁed with the second SRM
transition for the insect Hydropsyche, as the ﬁrst SRM transition was
overlapped by an isobaric interference.
2.4.2. HPLC–HRMS
For the conﬁrmation of the presence of diclofenac in Hydropsyche, a turbulent ﬂow chromatograph coupled to a hybrid linear
ion trap—Orbitrap mass spectrometer (TFC-LC-LTQ Orbitrap Velos)
equipped with an ESI was used. The chromatographic system
operating in off-line was equipped with a Hypersil Gold PFP
column (10 mm  2.1 mm id, 1.9 μm, ThermoFisher Scientiﬁc Company; Villebon-France). The LC eluents were solvent A: acetonitrile
and solvent B: HPLC-grade water. The mobile phase gradient
was programmed as follows: 0 min 5% A, 0.02–1.50 min 60% A,
1.5–2.0 min 100% A, 2.0–3.0 min 100–5% A, 3.0–3.7 min 5% A. The
total chromatographic run time was 3.70 min. The analyser was
working in negative ionization mode, and all the data was
acquired and processed with Xcalibur 2.1 software (Themo Fisher
Scientiﬁc, River Oaks Parkway, San Jose, USA). The mass spectrometer was operated with the following parameter settings: spray

voltage, 2.5 kV; sheath gas, 60 arbitrary units; auxiliary gas, 20
arbitrary units; sweep gas, 0 arbitrary units, capillary temperature,
350 1C; S-lens RF level, 60; heater temperature, 400 1C. Optimal
normalized collision energy (NCE) was set at 30 during all the
analysis. Two experiments were performed in two corresponding
chromatographic runs. First experiment consisted in two scan
events. Scan event 1 performed by full scan from 100 to 350 Da
with nominal mass resolving power of 60,000 FWHM in order to
detect the accurate mass measurements of the [M–H] ions of
diclofenac. Scan event 2 was a “Dependent Scan” at 30,000 of
resolution and allowed the fragmentation of peak of diclofenac
found in Scan Event 1 into the ion trap and then analysed into the
Orbitrap in order to obtain the fragment ions (MS2). Second
experiment consisted in the fragmentation of the product ions
from the ﬁrst experiment obtaining the MS3 at a resolution of
7500 FWHM. Identiﬁcation of diclofenac was based on different
criteria: the retention time, the isotopic pattern, the fragmentation
pattern, the double bound equivalent (DBE) and the accurate mass
(with errors below 72 ppm at the time of matching the theoretical mass with the measured mass). All the experiments were
performed with a diclofenac standard (25 ng mL  1), a sample
extract (spiked also at 25 ng mL  1) and the environmental samples taken upstream and downstream the WWTP.

3. Results and discussion
3.1. Extraction and puriﬁcation optimization
Sonication was selected as extraction method according to preliminary studies. Energy was transmitted from the probe directly into
the sample with high intensity and the sample was quickly processed.
Two solvent mixtures were considered during the optimization:
methanol (100%) and 0.1% formic acid in water/acetonitrile (1:3, v/v).
Higher recoveries were obtained using 100% methanol for the majority
of the compounds (see Fig. 1). Sample size (50, 100 and 200 mg,
always referred as dry weight) was evaluated as an important
parameter, due to the small size of the considered organisms, which
is usually a limiting factor during sampling. A compromise was
reached in between limit of detection and matrix effect, and 100 mg
was selected as the ﬁnal biomass.
For the puriﬁcation of the extracts, ﬂorisil cartridges were
discarded as a viable option, despite being commonly used for
the elimination of matrix interferences such as lipids [30,31], due
to the low recoveries for most of the target compounds. Oasis HLB
cartridges have been widely applied for the analysis of pharmaceuticals [32–34]. A comparison between normal 6 mL cartridges
and a 96-well microplate with Oasis HLB stationary phase was
performed. Recoveries were similar for the majority of the compound, and signiﬁcant differences were not be detected between
both techniques. Finally, OSTROTM plate was applied, as it was
developed to remove phospholipids and precipitate proteins from
small volumes of sample [35]. OSTROTM resulted as the most
appropriate technique, with the highest recoveries for the majority
of the target compounds and good reproducibility (see Fig. 2).
Presented results led to the selection of an extraction protocol
method based on extraction with ultrasonic probe (120 s, 3 cycles,
30% amplitude) of 100 mg (dry weight) of sample homogenized in
3 mL of methanol. Extract (1.5 mL) was the evaporated to dryness
and redissolved in 0.75 μL of a mixture of water/acetonitrile
containing 0.1% formic acid. Extract was passed through the
OSTROTM plate, followed by 0.75 μL of the same fresh solvent.
Puriﬁed extract was divided in two aliquots for the analysis of both
families of compounds by UPLC–MS/MS. Aliquots were evaporated
to dryness and redissolved in: (a) methanol/water (1:1, v/v) for
EDCs; (b) methanol/water (1:9, v/v) for PhACs.
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samples spiked at 10 ng g  1 (n ¼3). MDLs for EDCs were in the
range of 0.08–2.4 ng g  1, and for PhACs, 0.06–4.3 ng g  1.
Calibration curves were generated using linear regression analysis (r2 40.98) in the concentration range from 0.1–100 ng g  1. Ion
suppression was measured in 20% of the target compounds (data
not shown), so isotopically-labelled compounds were used to
compensate possible matrix effects with ESI. Accuracy of the
instrumental method was calculated from three repeated injections
of a spiked sample at 10 ng g  1 in the same day as the deviation of
the measured mean concentration from the spiked concentration,
expressed in percentage, as described by Bogialli et al. [36]. The
instrumental precision (intra-day and inter-day) was calculated
from ﬁve repeated injections in the same day and in ﬁve consecutive days. Both values were lower than 20% for EDCs and PhACs.
3.3. Application to environmental samples

Fig. 1. Comparison of extraction efﬁciencies (%) of some EDCs and PhACs by
sonication using two solvents: a mixture of water/acetonitrile (1:3) and 100%
methanol (n¼3).

Fig. 2. Comparison of cleanup efﬁciencies (%) of some EDCs and PhACs by solid
phase extraction (SPE) with Oasis HLB and Florisil cartridges, a 96-well-plate Oasis
HLB stationary phase, and with Waters OSTROTM plate (n¼ 3).

3.2. Method validation
Method detection limits (MDLs) and method quantiﬁcation
limits (MQLs) in macroinvertebrates for both contaminant families
are presented in Tables 1 and 2. Both, MDLs and MQLs, were
considered as the minimum amount of analyte with a signal-tonoise ratio of 3 and 10, respectively and were determined in
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3.3.1. Determination of PhACs and EDCs in water
A total of 81 multiple-class human and veterinary PhACs and 19
EDCs and related compounds, as well as some transformation
products, were analysed. PhAC and EDCs water concentrations
are presented in Table S3. Recovery percentages and method
detection limits for EDCs in water samples are presented in
Table S4. Twenty-two PhACs and 6 EDCs were detected downstream the WWTP, in concentrations ranging from non-detected
to 573 ng L  1 and 261 ng L  1, respectively. In contrast, only a
PhAC (2-hydroxy-ibuprofen) and 3 EDCs (caffeine, nonylphenol
and 1-H-benzotriazole) could be quantiﬁed upstream the WWTP.
Overall, a clear increase in PhACs & EDCs concentrations was
observed in the downstream over upstream sites, indicating that
the WWTP efﬂuent is a source of contaminant inputs to the
River Segre.
Regarding PhACs, non-steroidal anti-inﬂammatory drugs
(NSAIDs) were the most abundant compounds. The highest value
was found for 2-hydroxy-ibuprofen (573 ng L  1) followed by
acetaminophen (222 ng L  1) and ibuprofen (193 ng L  1). Lower
but still considerable levels were found for the diuretic hydrochlorothiazide (311 ng L  1), and the lipid regulator gemﬁbrozil
(285 ng L  1). Other signiﬁcant groups were the β-blocking agent
atenolol (28 ng L  1) and psychiatric drugs such as carbamazepine
and venlafaxine. These concentrations are in agreement with
a previous study carried out in the same area, where concentrations of some of these PhACs were between 10 and 500 ng L  1
[37]. In similar studies performed in surface waters affected by
the efﬂuent of a WWTP, concentrations for the majority of these
PhACs were in the range from non-detected to 600 ng L  1 [28,38],
including ibuprofen metabolites, which have been detected at
signiﬁcant concentrations (up to 1 μg L  1) and higher than the
values found for the parent compound [39,40].
In the case of EDCs, the triazoles tolyltriazole (261 ng L  1) and
1-H-benzotriazole (194 ng L  1) were the most abundant compounds. Other signiﬁcant groups were: the stimulant caffeine
(207 ng L  1), the ﬂame retardants TBEP and TCPP (65 and
71 ng L  1, respectively), and nonylphenol (116 ng L  1). Similar
levels of concentrations for TBEP, caffeine and nonylphenol have
been detected by several research groups in river and groundwater
from Europe, USA, and Australia [41–44].
3.3.2. Determination of PhACs and EDCs in macroinvertebrates
Several compounds were detected in three species of macroinvertebrates (Table 3). PhACs were not detected in the upstream
samples in any species, whereas three EDCs – TBEP, estrone and
nonylphenol – were measured in upstream samples in at least one
of the three taxa., Two NSAIDs drugs (diclofenac and ibuprofen)
were detected downstream of the WWTP in Hydropsyche. Four
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Table 1
Mean percent recoveries (n¼ 3) of EDCs at two spiking levels in macroinvertebrates. Method detection and quantiﬁcation limits (MDL, MQL) in macroinvertebrate composite
(ng g  1, dry weight).
% Recoveries ( 7 RSD)
100 ng g  1
1H-benzotriazole
17α-Ethinylestradiol
17β-Estradiol
Benzylparaben
Bisphenol A
Caffeine
Estriol
Estrone
E1-3S
E1-3G
E2-17G
Ethylparaben
Levonorgestrel
Methylparaben
Nonylphenol
Progesterone
Propylparaben
Tolyltriazole
TCEP
TBEP
TCPP

48
40
43
40
79
61
59
46
69
56
56
42
48
52
69
64
50
76
40
61
55

( 7 11)
( 7 10)
( 7 13)
( 7 3.7)
( 7 13)
( 7 16)
( 7 12)
( 7 17)
( 7 15)
( 7 19)
( 7 22)
( 7 14)
( 7 15)
( 7 6.5)
( 7 13)
( 7 10)
( 7 5.9)
( 7 0.1)
( 7 13)
( 7 18)
( 7 9.0)

Precision (%RSD)

500 ng g  1
74
77
83
59
87
84
117
82
64
48
54
82
59
78
53
80
79
105
56
98
87

( 714)
( 75.9)
( 71.4)
( 719)
( 711)
( 718)
( 74.8)
( 76.1)
( 71.0)
( 713)
( 77.9)
( 77.9)
( 722)
( 73.0)
( 712)
( 716)
( 716)
( 714)
( 717)
( 70.4)
( 718)

MDL (ng g  1)

MQL (ng g  1)

Intra-day

Inter-day

Accuracy (%)

0.41
2.4
0.34
0.50
0.32
0.75
1.1
0.43
0.57
1.4
1.6
0.25
1.1
0.42
0.40
0.26
0.13
0.31
0.25
0.10
0.20

1.4
8.0
1.1
1.6
1.1
2.5
3.7
1.4
1.9
4.5
5.3
0.85
3.7
1.4
1.3
0.88
0.42
1.0
0.84
0.27
0.67

16
4.5
5.1
3.6
2.0
12
0.70
2.8
5.1
13
4.7
3.1
11
2.4
2.9
5.3
3.4
8.0
4.2
3.1
3.5

20
19
13
9.4
8.4
18
4.6
11
8.2
20
5.4
6.6
14
5.8
4.0
15
5.5
12
8.1
13
15

 0.10
22
9.1
 0.10
4.8
 9.7
 3.8
2.9
0.80
5.4
2.6
 10
 3.5
13
 11
 25
2.3
11
8.9
7.2
3.7

Intra-day

Inter-day

Accuracy (%)

2.5
1.7
1.2
1.1
1.9
4.5
0.80
2.3
4.3
0.5
3.3
3.3
1.7
0.6
1.7
14
8.5
6.9
9.0
6.8
2.4
2.0
1.4
1.6
4.8
1.4
1.8
2.7
3.2
0.60
1.3
2.3
3.7
3.4
3.6
3.0
3.5
0.50
1.3
1.1
1.3

14
2.4
2.5
2.5
2.3
14
1.3
2.7
4.4
2.0
8.9
10
15
1.1
3.8
18
9.4
12
12
9.0
3.7
2.7
3.2
3.1
20
1.6
4.3
4.8
5.1
1.2
3.8
2.7
4.2
4.1
4.4
3.5
8.2
1.9
2.0
1.9
1.6

6.9
 17
 11
13
 4.0
10
0.10
3.3
0.10
 12
 16
0.10
4.9
 8.4
 0.10
0.10
6.8
 14
 4.7
0.10
1.4
 16
 0.1
 4.8
0.10
0.10
 12
 0.10
 24
0.10
16
15
11
 0.10
 11
 0.10
 3.4
 3.5
11
0.10
 14

Table 2
Mean percent recoveries (n¼ 3) of PhACs at two spiking levels in macroinvertebrates.
% Recoveries (7 RSD)
100 ng g
Acetaminophen
Acridone
Alprazolam
Atenolol
Azaperone
Bezaﬁbrate
Carbamazepine
2-OH-CBZ
10,11-epoxy-CBZ
Citalopram
Codeine
Dexamethasone
Diclofenac
Diltiazem
Fluoxetine
Gemﬁbrozil
Hydrochlorothiazide
Ibuprofen
1-OH-ibuprofen
2-OH-ibuprofen
Levamisol
Metronidazole
Metoprolol
Nadolol
Naproxen
Norverapamil
Paroxetine
Piroxicam
Pravastatin
Propanolol
Propyphenazone
Ronidazole
Salbutamol
Sotalol
Sulfamethoxazole
Tamsulosin
Torasemide
Venlafaxine
Verapamil
Warfarin
Xylazine

68
74
96
45
73
47
61
51
54
66
51
43
44
77
37
85
70
88
81
90
37
99
66
41
104
58
103
59
46
23
60
46
45
31
59
50
118
63
79
57
43

1

( 7 16)
( 7 0.2)
( 7 19)
( 7 5.1)
( 7 18)
( 7 15)
( 7 1)
( 7 14)
( 7 2.1)
( 7 19)
( 7 15)
( 7 7.4)
( 7 15)
( 7 7.2)
( 7 7.5)
( 7 16)
( 7 15)
( 7 11)
( 7 15)
( 7 14)
( 7 14)
( 7 12)
( 7 17)
( 7 17)
( 7 15)
( 7 8.0)
( 7 17)
( 7 3.2)
( 7 16)
( 7 19)
( 7 17)
( 7 4.5)
( 7 16)
( 7 11)
( 7 10)
( 7 12)
( 7 7.6)
( 7 18)
( 7 20)
( 7 4.2)
( 7 15)

Precision (% RSD)

200 ng g
57
82
121
65
91
47
79
70
97
94
71
41
51
93
68
85
58
87
125
93
55
99
75
58
109
77
133
66
37
34
83
56
59
46
49
64
113
89
118
64
65

1

( 7 7.4)
( 7 21)
( 7 17)
( 7 12)
( 7 13)
( 7 6.3)
( 7 9.9)
( 7 16)
( 7 19)
( 7 16)
( 7 20)
( 7 18)
( 7 0.7)
( 7 4.6)
( 7 7.8)
( 7 18)
( 7 13)
( 7 3.4)
( 7 18)
( 7 20)
( 7 18)
( 7 21)
( 7 5.2)
( 7 3.6)
( 7 17)
( 7 11)
( 7 16)
( 7 16)
( 7 14)
( 7 20)
( 7 14)
( 7 18)
( 7 17)
( 7 9.0)
( 7 11)
( 7 6.6)
( 7 5.1)
( 7 16)
( 7 0.3)
( 7 17)
( 7 10)

MDL (ng g
1.9
0.78
0.71
0.45
1.6
0.070
0.060
1.4
1.1
0.10
2.0
0.28
0.51
0.83
0.44
0.15
0.10
0.64
1.0
1.3
2.5
2.1
0.080
0.35
0.21
0.79
1.6
2.8
4.3
2.9
0.16
0.41
0.21
1.1
0.71
0.20
0.10
0.10
0.71
0.15
0.54

1

)

MQL (ng g
6.4
2.6
2.3
1.0
5.3
0.24
0.21
4.6
3.5
0.31
6.8
0.94
1.7
2.8
1.5
0.50
0.34
2.1
3.4
4.3
8.2
6.9
0.25
1.2
0.69
2.6
5.4
9.5
14
9.5
0.54
1.3
0.69
3.6
2.3
0.68
0.31
0.30
2.3
0.50
1.8

1

)
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Table 3
PhACs & EDCs concentration (ng g  1, dry weight) in macroinvertebrates from the Segre River (NE Spain).
Hydropsyche

Ancylus

Hirudo

Upstream

Downstream

Upstream

Downstream

Upstream

Downstream

PhACs
Ibuprofeno
Diclofenac

n.d.
n.d.

183
12.4

n.d.
n.d.

n.d.
n.d.

n.d.
n.d.

n.d.
n.d.

EDCs
Estrone
Bisphenol A
TBEP
Nonylphenol

n.d.
n.d.
17.9
n.d.

n.d.
8.70
31.1
n.d.

n.d.
n.d.
7.70
75.5

n.d.
n.d.
31.8
96.3

17.6
n.d.
22.3
76.7

12.4
n.d.
20.6
130

EDCs (estrone, bisphenol A, TBEP, and nonylphenol) were detected
overall across the three taxa.
It is generally accepted that substances with a logarithm of
octanol–water partition coefﬁcient (log Kow) values equal or higher
than 3 have the potential to bioaccumulate in organisms, and
particularly in lipid tissues [45]. EDCs detected in macroinvertebrates
in this study have a log Kow ranging from 3.9 (TBEP) to 5.7
(nonylphenol) (see Table S2), which could make them susceptible
for bioaccumulation in aquatic organisms according to this concept
[46]. This seems a plausible hypothesis, as the other three EDCs
detected in water (1H-benzotriazole, tolyltriazole and caffeine),
detected at concentrations around 200 ng L  1 but with log Kow o2,
were not detected in macroinvertebrates. In fact, TBEP was the most
ubiquitous compound, as it was detected in samples upstream and
downstream for the three macroinvertebrate taxa in concentrations
up to 32 ng g  1. TBEP has previously been detected in other organisms, such as herring gull eggs, ﬂathead gray mullet, common carp
and Mediterranean barb in similar concentrations [29,47,48]. Nonylphenol was also detected both upstream and downstream the
WWTP efﬂuent in Ancylus and Phagocata, with maximum concentrations for Phagocata of 77 ng g  1 in the upstream sample and
130 ng g  1 downstream the WWTP. This compound has also been
detected in concentrations between 206 and 435 ng g  1 in mysid
shrimps, a crustacean found in marine and freshwaters in the
Netherlands [49]. In Italy, concentrations of nonylphenol up to
240 ng g  1 were measured in Mediterranean mussel (Mytilus galloprovincialis) in a coastal water ecosystem receiving industrial and
municipal WWTP efﬂuents [50]. The natural hormone estrone was
only detected in Phagocata both upstream and downstream the
WWTP at 12–18 ng g  1. Estrone has also been detected in ﬁsh muscle
elsewhere [29,47,51]. However, the likelihood that this hormone was
endogenous of Phagocata individuals cannot be dismissed. For example, in the polychaete Nereis virens, estradiol has been detected in male
and female coelomic ﬂuid [52]. There also evidence that indicates that
some mollusks are able to synthesize sex steroids, including estrone
[46,53,54]. Estrone, estradiol, testosterone, and progesterone have
been found in gastropods [55], cephalopods [56], and various bivalves
such as Paciﬁc oysters (Crassostrea gigas), Yesso scallops (Patinopecten
yessoensis) [57], and Blue mussels (Mytilus edulis) [54,58,59]. However,
some authors afﬁrm that there is no convincing evidence for
biosynthesis of vertebrate steroids by invertebrates, for example
mollusks [60], which might suggest that the presence of estrone in
Phagocata could be due to uptake from water. Finally, Bisphenol A was
only detected in the downstream sample in Hydropsyche at
8.7 ng g  1. Although it was detected in biota samples, this compound
was below detectable concentrations in the corresponding water
sample, which may suggest that this compound could be more
persistent in the macroinvertebrate tissue compared to water. Bisphenol A has been detected in ﬁsh tissues of several countries in
concentrations up to more than 200 ng g  1 [29,47,50,51,61].
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In the case of PhACs, four of the analyzed compounds had a log
Kow 43. However, only two of them, ibuprofen and diclofenac,
were detected in macroinvertebrates, whereas gemﬁbrozil and
bezaﬁbrate, present at relatively high concentrations and with log
Kow between 3.9 and 4.3, were not detected in the samples. This
suggests that accumulation of PhACs is not only regulated by their
log Kow. Pharmaceuticals are, in general, hydrophilic compounds
and quite often ionized at the pH of surface waters, with acidic
and/or basic chemical functional groups, which affects the lipophilicity of these compounds, and thus, the bioaccumulation in
aquatic organisms [62]. For instance, accumulation of ﬂuoxetine in
ﬁsh and algae is signiﬁcantly affected by variation in pH [63,64].
Ibuprofen and diclofenac have pKao 5, thus would be primarily
ionized at the pH  7.8 of the river water, and the anions would be
more soluble than the neutral molecule, leading to a reduction of
the sorption by hydrophobic partition onto organic matter [65].
Actually, their log D is 0.85 at pH 7.8 (calculated by ChemAxon),
much lower than for the detected EDCs, which suggests that other
mechanisms other that lipophilicity are inﬂuencing bioaccumulation in Hydropsyche. In this study, concentrations of PhACs
ibuprofen and diclofenac in Hydropsyche were in the range from
non-detected to 183 ng g  1, similar to those detected in ﬁsh bile
[66], and tissues [67]. Sorption of these compounds to colloids in
water may occur, act as a long-term storage and being a sink for
PhACs [62]. A recent study estimated calculated that the colloidal
phase contributed between 22–33% of diclofenac and 9–28% of
ibuprofen in the aquatic system, highlighting the important role of
colloids as carrier of contaminants [68]. An increased exposure to
these compounds could take place due to the ﬁlter-feeding habits
of Hydropsyche [69], which could enhance its uptake.
3.4. Presence of diclofenac in trichopterans
Extremely high concentrations of the anti-inﬂammatory diclofenac were measured in the Hydropsyche extracts when quantifying
with the ﬁrst transition (SRM1) (see Section 2), both in the
upstream and downstream sample. However, SRM2 was not
detected in the upstream sample, and ratio could not be calculated.
According to EU Commission Decision 2002/657/EC [70], a requisite
to conﬁrm a compound by low resolution mass spectrometry is that
the relative intensities of the detected fragment ions have to
correspond to those of the calibration standard at comparable
concentrations within a minimum of tolerance: 20%. Since diclofenac is known to have low intensity of the second transition
produced during the fragmentation (294-214) [66], as the relative
intensity (% of base peak) in a standard is r10%, thus this tolerance
can reach 50%. In both the upstream and downstream Hydropsyche
samples, SRM1 was detected at similar intensity. SRM2 was detected
in the downstream sample but the ratio was 30 times higher than
the ratios obtained with the diclofenac standard. Extracts of
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Phagocata and Ancylus from the upstream site were spiked with
25 ng mL  1 of diclofenac to calculate the SRM1/SRM2 ratio of
diclofenac in a complex matrix. Ratios of diclofenac in Phagocata
and Ancylus spiked extracts did comply with the aforementioned
rule. However, when the upstream Hydropsyche sample was spiked
with 25 ng mL  1 of diclofenac, the ratio was still much higher than
in the standard. Based on these results, the presence of an isobaric
interference in Hydrophsyche was postulated. In order to conﬁrm
this hypothesis and to ensure the correct quantiﬁcation of diclofenac in the environmental samples, further measures and analytical
strategies were taken. A Hypersil Gold PFP column, which provides
an alternative selectivity to C18 columns to resolve mixtures of
halogenated compounds and non-halogenated compounds, was
tested to achieve the separation of diclofenac and the suspected
interference. The upstream Hydropsyche extract spiked with diclofenac at 25 ng mL  1 and the non-spiked downstream sample were
injected and two peaks were indeed resolved in both cases with the
Hypersil Gold PFP column  RT: 1.3 min and 1.6 min (see Fig. 3a) 
while in the C18 column only one peak appeared. SRM1 was
detected in both peaks separated by Hypersil Gold column, whereas
SRM2 was only detected in the second peak, and the SRM1/SRM2
ratio in the second peak conﬁrmed that it was diclofenac. An
isobaric interference was assumed to co-elute with the target
compound using C18 column, and that interference was only
separated with the Hypersil Gold PFP column.
The probability of having an interfering isobaric ion largely
decreases with increases in mass resolution and mass accuracy.

Therefore, on a second step for conﬁrmation purposes, the accurate
mass of the parent compounds in the two resolved chromatographic
peaks were determined by injection of the downstream sample in
the TFC-LTQ Orbitrap using the same Hypersil Gold PFP column.
Measured accurate mass was m/z: 294.1714 at RT: 1.3 min and m/z:
294.0090 at RT: 1.6 min. Comparing these values with the theoretical
mass of diclofenac (m/z: 294.0089 and formula C14H11NCl2O2), an
error of 552 ppm and 0.34 ppm was calculated for the isobaric
interference (RT: 1.3 min) and suspected diclofenac (RT: 1.6 min),
respectively. The low error (o5 ppm) at RT: 1.6 min added one more
conﬁrmation criteria for the identiﬁcation of diclofenac. In contrast,
the most plausible molecular formula suggested by the software for
the interfering isobaric mass (ion m/z: 294.17069) was C16H25NO4,
with a low error (2.8 ppm) and did not include Cl, which is very
distinctive for diclofenac.
Accurate mass of the daughter ions was also calculated. The
mass spectrometer was operated in a data-dependent-acquisition
(DDA) mode in this study, which means that the full-scan analysis
with the Orbitrap analyser was followed by a MS–MS scan when the
accurate m/z of diclofenac was detected. Accurate mass of
the product ion (SMR1) of diclofenac was thus determined in the
upstream spiked sample as m/z: 250.0190. This mass was detected
in the downstream non-spiked sample at the RT: 1.6 min with an
error of 1.129 ppm for the calculated molecular formula C13H11NCl2.
Conversely, the isobaric interference (m/z: 294.1714 and RT: 1.3 min)
formed ions with different m/z values to those of diclofenac. Product
ion of that interfering mass was identiﬁed as m/z: 250.1453 and the

Fig. 3. (a) Chromatographic separation of diclofenac and matrix interference in a Hydropsyche sample performed in the Acquity UPLC tandem Qtrap MS; (b) accurate mass of
diclofenac, m/z 294.009, determined in the Orbitrap MS: (c) Accurate mass of main product ion, m/z 250.019, was present in the data dependant scan of this Hydropsyche
sample which conﬁrmed that diclofenac was present.
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Fig. 4. Workﬂow applied for the interference discrimination in Hydropsyche
samples.
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molecular formula was C14H20NO3 with an error of 1.092 ppm,
being different to the daugher ion of diclofenac.
Other than RTs and accurate mass determination, fragmentation of the ionized molecule can also provide additional information for identiﬁcation and improve speciﬁcity. Product ion of SMR1
of diclofenac (m/z: 250.0190 and RT: 1.6 min) was further fragmented in a MS3 scan event, and gave the ion m/z: 214.0430,
whose molecular formula was C13H11NCl.
According to EU Commission Decision 2002/657/EC, a precursor ion and a product ion at high resolution can achieve the
minimum requirement for identiﬁcation for high resolution mass
spectrometry. Both, the accurate mass of m/z 250.0190 acquired at
60,000 FWHM, as described in Fig. 3c, and the accurate mass of the
precursor ion m/z: 294.0090 were determined in the Hydropsyche
downstream sample. Throughout the experiments, Orbitrap analyser provided excellent accuracy, which means that the matrix
components were discriminated drastically. Thus, we were able to
determine the presence of diclofenac in Hydropsyche samples at
the downstream sampling site using SMR2 for quantiﬁcation and
the accurate mass of precursor ion and a product ion at high
resolution for conﬁrmation purposes. The workﬂow applied for the
discrimination of the interference is shown in Fig. 4.
4. Conclusions
A simple, rapid, sensitive and efﬁcient analytical method was
developed for the determination of 41 PhACs and 21 EDCs in aquatic
macroinvertebrates. The ﬁnal multi-residue procedure consisted of
an extraction by sonication, followed by puriﬁcation of extract lipids,
and the analysis was performed by UHPLC–MS/MS, which provided
the necessary sensitivity and selectivity for these trace contaminants.
The procedure was validated and it is characterized by good accuracy
and precision, providing low quantiﬁcation limits for macroinvertebrates. The method was applied to assess the bioaccumulation of
these contaminants in three macroinvertebrate taxa (Ancylus, Phagocata and Hydropsyche) from a WWTP-impacted river. Two NSAIDs
drugs, diclofenac and ibuprofen, and four EDCs – estrone, bisphenol
A, TBEP, and nonylphenol – were detected in at least one macroinvertebrate taxa in concentrations up to 183 ng g  1, which seems to
indicate that invertebrates have the potential to be useful bioindicators of exposure to PhACs and EDCs.
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a b s t r a c t
Wastewater treatment plants (WWTPs) are one of the main sources of pharmaceuticals and endocrine disrupting
compounds in freshwater ecosystems, and several studies have reported bioaccumulation of these compounds in
different organisms in those ecosystems. River bioﬁlms are exceptional indicators of pollution, but very few studies have focused on the accumulation of these emerging contaminants. The objectives of this study were ﬁrst to
develop an efﬁcient analytical methodology for the simultaneous analysis of 44 pharmaceuticals and 13 endocrine disrupting compounds in bioﬁlm, and second, to assess persistence, distribution, and bioaccumulation of
these contaminants in natural bioﬁlms inhabiting a WWTP-impacted river. The method is based on pressurized
liquid extraction, puriﬁcation by solid-phase extraction, and analysis by ultra performance liquid chromatography coupled to a mass spectrometer (UPLC–MS/MS) in tandem. Recoveries for pharmaceuticals were 31–137%,
and for endocrine disruptors 32–93%. Method detection limits for endocrine disruptors were in the range of
0.2–2.4 ng g−1, and for pharmaceuticals, 0.07–6.7 ng g−1. A total of ﬁve endocrine disruptors and seven pharmaceuticals were detected in ﬁeld samples at concentrations up to 100 ng g−1.
© 2015 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).

1. Introduction
Hundreds of pharmaceuticals (PhACs) are ubiquitously detected in
freshwater ecosystems at concentrations ranging between ng L−1 to
μg L−1 (Daughton and Ternes, 1999). Despite these relatively low concentrations, PhACs may pose a risk to aquatic organisms because they
are designed to modify biochemical pathways in the human body at
low doses. Pharmaceuticals are developed to remain in the human
body for an adequate period of time to reach their therapeutic effect,
which means that a great majority of them are excreted mostly unchanged and may persist in the environment (Boxall et al., 2004). Another group of emerging contaminants widely detected in freshwater
ecosystems are endocrine disrupting compounds (EDCs). These
⁎ Corresponding author.
E-mail address: srodriguez@icra.cat (S. Rodriguez-Mozaz).

compounds belong to different chemical families, and are able to interfere with the hormonal system of exposed organisms by mimicking or
counteracting natural hormones (Céspedes et al., 2005; Pojana et al.,
2007). The presence of these compounds in freshwater ecosystems is
of special concern considering that organisms are chronically exposed
to a mixture of PhACs and EDCs. Well-known examples of harmful effects due to exposure to emerging contaminants are the feminisation
of male ﬁsh (Kidd et al., 2007; Sumpter, 1998), inhibition of molting in
crustaceans (Rodriguez et al., 2007), and altered ﬁsh behavior
(Margiotta-Casaluci et al., 2014; Valenti et al., 2012). Wastewater treatment plants (WWTP) have been identiﬁed as one of the main sources of
PhACs and EDCs for freshwater ecosystems (Daughton and Ternes,
1999; Fent et al., 2006; Petrovic et al., 2002). The threat posed by the release of those contaminants through WWTP efﬂuents is particularly
worrisome in streams or small rivers, where the dilution capacity of
the receiving freshwater ecosystem is small (Brooks et al., 2005).

http://dx.doi.org/10.1016/j.scitotenv.2015.05.049
0048-9697/© 2015 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).
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Studies reporting toxic effects of PhACs and EDCs have led to some
attempts of regulation for some of these compounds in the European
Union (Collado et al., 2014), such as the anti-inﬂammatory diclofenac
or the synthetic hormones EE2, which have been included in the so
called ‘watch list’ of priority substances under the Water Framework Directive for the “speciﬁc purpose of facilitating the determination of appropriate measures to address the risk posed by these substances”
(European Commision, 2013). In the US, the Drinking Water Contaminant Candidate List also contains several PhACs and EDCs, including antibiotics, and hormones (Environmental Protection Agency U.S., 2012).
Other PhACs, such as carbamazepine, sulfamethoxazole, diclofenac, ibuprofen, naproxen, bezaﬁbrate, atenolol, erythromycin and gemﬁbrozil
have been classiﬁed as high priority pharmaceuticals to the water
cycle by the GWRC, Global Water Research Coalition (2008).
A comprehensive knowledge of the fate of these pollutants in all the
environmental compartments involved may be crucial to assessing the
potential risk associated with the discharge of WWTP efﬂuents. Previous studies have reported bioaccumulation of PhACs and EDCs in different environmental compartments. For instance, some studies have
shown that sediments may be a sink of PhACs, due to the links with microbial degradation, in particular for those compounds not affected by
hydrolysis or photodegradation (Kunkel and Radke, 2008). Other studies have reported bioaccumulation of PhACs and EDCs in invertebrates
(Berlioz-Barbier et al., 2014; Huerta et al., 2015) and ﬁsh (Brooks
et al., 2005; Chu and Metcalfe, 2007; Du et al., 2012; Huerta et al.,
2013; Jakimska et al., 2013; Pojana et al., 2007; Ramirez et al., 2009).
The question that remains is whether river bioﬁlms could be a signiﬁcant compartment for accumulation and transformation of these
emerging contaminants.
River bioﬁlms are communities composed mainly of bacteria, algae,
and fungi embedded in an organic polymer matrix. This matrix of
extracellular polymeric substances (EPS) is particularly relevant in the
sorption of compounds from the water phase, acting as a molecular
sieve, sequestering cations, anions, apolar compounds and particles
(Flemming and Wingender, 2010). Bioﬁlms are fundamental constituents of river ecosystems, as they are involved in vital functions such
nutrient retention (Bechtold et al., 2012). Their relatively rapid development, widespread distribution and large biomass, together with their
capacity to absorb contaminants, suggest that bioﬁlms are exceptional
indicators of pollution (Sabater et al., 2007). Several studies have already shown that the presence of contaminants such as PhACs and
EDCs can affect the bioﬁlm negatively, altering its structure and metabolism (Corcoll et al., 2014, 2015; Ricart et al., 2010; Rosi-Marshall et al.,
2013). Bioﬁlms have an important role in water puriﬁcation capacity
(Chenier et al., 2003; Tien and Chen, 2013). In fact, transport and fate
of contaminants in aquatic environments may be affected signiﬁcantly
by their sorption and remobilization interaction with bioﬁlms
(Headley et al., 1998), as they follow a transient development and collapse, and in their detachment may move even kilometers downstream
(Sabater et al., 2015), transporting contaminants within them. Thus,
bioﬁlms inﬂuence the transport and fate of emerging contaminants
such as PhACs and EDCs through biotic (bioaccumulation and biotransformation by algae and bacteria) (Chenier et al., 2003; Tien and Chen,
2013) and abiotic (physical sorption to EPS) means (Headley et al.,
1998) . In this study, bioaccumulation refers to the concentration of target compounds found within the bioﬁlm, both inside the cells and in the
matrix surrounding them, which may be led by active biological uptake
or passive physical sorption. Bioaccumulation in bioﬁlms has been reported for a wide variety of contaminants, such as metals (Arini et al.,
2012; Morin et al., 2008; Serra and Guasch, 2009; Tien et al., 2013), pesticides (Headley et al., 1998), hormones, surfactants and a psychiatric
drug (Correa-Reyes et al., 2007; Writer et al., 2011a, 2011b, 2013). Because of their acknowledged capacity to bioaccumulate different contaminants, they could also play a critical role in transferring PhACs
and other EDCs to higher trophic levels of riverine food webs within
freshwater ecosystems.
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However, information about bioaccumulation of PhACs and other
EDCs in river bioﬁlms is still non-existent for the great majority of
these compounds. To ﬁll the gaps in knowledge regarding the fate of
emerging contaminants in freshwater ecosystems, such as PhACs and
EDCs, it is essential to develop and validate appropriate analytical
methods. Therefore, the objectives of this study were ﬁrst to develop
an efﬁcient analytical methodology for the simultaneous analysis of
PhACs and EDCs in river bioﬁlm, and second, to assess persistence, distribution, and bioaccumulation of these trace contaminants in river
bioﬁlms affected by WWTP efﬂuents.
2. Materials and methods
2.1. Standards and solutions
A total of 44 PhACs and 13 EDCs were analyzed. A list of the target
analytes, molecular structures, and chemical properties are listed in
the supplementary material (Table S1). Individual stock standards and
labeled internal standards were prepared in methanol at a concentration of approximately 1000 mg L−1. Stock solutions and 20 mg L−1 mixtures in methanol were stored at −20 °C and diluted to 1 mg L−1 before
each analytical run.
2.2. Sample collection and pre-treatment
The study was conducted in a section of the River Segre (Spain) affected by the discharge of a WWTP efﬂuent. Water and bioﬁlm samples
were collected at ﬁve sites: one site upstream (500 m from the WWTP)
and four downstream of the local WWTP (from 500 to 4500 m). Water
samples (100 mL) were ﬁltered through 0.45 μm nylon membrane ﬁlters and kept at −20 °C until analysis. Bioﬁlm was collected from surfaces of rocks that were removed from near-shore areas of the stream.
Bioﬁlm of at least one river cobble was gently scraped (volume =
40 mL) and used for each replicate. The bioﬁlm was placed directly
into Falcon® tubes and transported to the laboratory in a dark cool
box. Samples were lyophilised and kept frozen (−20 °C) until analysis.
2.3. Water extraction
Water was extracted according to the method developed by Gros
et al. (2012) for the analysis of PhACs, and also applied for the analysis
of EDCs. Brieﬂy, 3 mL of EDTA 1 M (4%, v/v) were added to the samples.
SPE cartridges (Oasis HLB, 60 mg) were conditioned with 5 mL of methanol followed by 5 mL of ultra-pure water at a ﬂow rate of 2 mL min−1.
Samples were loaded onto the cartridge at a ﬂow rate of 1 mL min−1.
Cartridges were rinsed with 6 mL of HPLC grade water, and were
dried in air for 30 min. Finally, analytes were eluted with 6 mL of
methanol and evaporated to dryness under a nitrogen stream and
reconstituted in 1 mL of methanol/water (10:90) for the analysis of
PhACs and methanol/water (50:50) for the analysis of EDCs. Finally,
5 μL of a 1 mg L− 1 standard mixture containing labeled compounds
were added in the water extracts before analysis.
2.4. Bioﬁlm extraction and clean-up
Initially, sonication was pre-selected as the possible extraction
method, together with pressurized liquid extraction (PLE). Four solvents were tested, including methanol, methanol/water (1:1), methanol with 0.1% EDTA, and citric buffer (pH4)/acetonitrile (1:1, v/v), all
based on the authors' previous experience with pharmaceutical and
EDC extraction. To reduce the number of experiments and solvent consumption, the results of one of these solvents were compared in both
extraction methods to ﬁnd which one had the best extraction recoveries. For sonication extraction, 200 mg of freeze-dried bioﬁlm was placed
in a 14-mL Falcon tube with 10 mL of the corresponding solvent. Extraction entailed 3 cycles of 10 min, and the supernatant was collected in a
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glass vial. The extraction protocol based on pressurized liquid extraction
(PLE) was performed with ASE®350 (Thermo Scientiﬁc). Bioﬁlm
(200 mg) was placed in 10 mL cells together with diatomaceous earth
to ﬁll up the rest of the cell. Samples were extracted with the corresponding solvent during 3 cycles of 5 min at 60 °C.
Extracts obtained using either PLE or sonication, were placed
under an N2 current until the organic solvent was evaporated till
dryness or, in the case of extracts containing an aqueous phase, till
5 mL volume. Evaporated extracts were then diluted to 100 mL of
H2O (organic solvent content b 0.05%). Further puriﬁcation of the extracts was performed by solid phase extraction (SPE) using the protocol for extraction of water samples described in the previous
section (Gros et al., 2012). Puriﬁed extracts were then evaporated
to dryness under a nitrogen stream and reconstituted in 1 mL of methanol. Two aliquots (250 μl each) were evaporated and reconstituted in
the same volume of: a) methanol/water (10:90) for the analysis of
PhACs; and b) methanol/water (50:50) for the analysis of EDCs. Finally,
5 μL of a 1 mg L− 1 standard mixture containing labeled compounds
were added to the bioﬁlm extracts as internal standard right before
the analysis.

and citric buffer (pH4)/acetonitrile) resulted in the selection of citric
buffer (pH4)/acetonitrile as the ﬁnal extraction solvent, since the
majority of the compounds had higher recoveries (Fig. 1). Mixture
methanol/water was discarded, as many of the target analytes were
not recovered. The remaining three solvents showed similar recovery
efﬁciencies between them. However, the mixture citric buffer (pH4)/
acetonitrile produced slightly higher recoveries for most of the compounds, including most of the EDCs, as well as lower standard deviation
between replicates. After selecting citric buffer (pH4)/acetonitrile as an
optimal solvent, extraction efﬁciencies were compared between using
sonication and PLE as an extraction methodology (Fig. 1). Although recoveries were similar, better reproducibility with PLE indicated that
this extraction method was more robust. Therefore, the ﬁnal extraction
method with PLE involved a sample size of 200 mg, 3 cycles of 5 min,
with 100% of fresh solvent each cycle, 90 s purge with N2 at 60 °C.
Final recoveries of EDCs and PhACs after extraction and puriﬁcation
with SPE are shown in Tables 1 and 2.

2.5. Instrumental analysis

Extraction recoveries, linearity, method detection and quantiﬁcation
limits, accuracy, repeatability and reproducibility as well as matrix effects were calculated for EDCs and PhACs (see Tables 1 and 2). To determine recoveries, bioﬁlm samples were spiked with a mixture of the
target analytes at three levels: 10, 100 and 500 ng g−1, selected according to previous studies in other biological matrices. Concentrations
obtained after the procedure, calculated by matrix-matched curves
(prepared with unexposed bioﬁlm grown in the lab) and internal standard calibration, were compared with the initial spiking levels. Extraction recoveries for all compounds were higher than 50%, except for
bisphenol A, triclosan, ibuprofen and sulfamethoxazole, which were between 32 and 42%, possibly due to the fact that the conditions chosen
were not the best for these speciﬁc compounds, as often occurs in
multi-residue methodologies, where a compromise is reached for
analytes with very different characteristics.
Method detection limits (MDLs) and method quantiﬁcation limits
(MQLs) were calculated in samples spiked at 10 ng g−1 (n = 3) as the
minimum amount of analyte with a signal-to-noise ratio of 3 and 10,
respectively. MDLs for EDCs were in the range of 0.20–2.4 ng g−1, and
for PhACs, 0.07–6.7 ng g−1.
Accuracy of the instrumental method was calculated as the deviation of the measured mean concentration from the real concentration,
expressed in percentage from two repeated injections of a spiked sample (25 ng g−1). The instrumental precision (intra-day and inter-day)
was calculated from ﬁve repeated injections on the same day and on
ﬁve consecutive days of a spiked sample (25 ng g−1). Values were less
than 17% and 20% for EDCs and PhACs, respectively.
Signal alterations during analysis by mass spectrometry detectors
with electrospray interfaces are particularly noticeable in the case of biological samples. To evaluate the degree of matrix effects during analysis of bioﬁlm, peak areas of bioﬁlm extracts (spiked at 25 ng g−1) were
compared to those of the analytes in the solvent mixture at the same
concentration. For EDCs, 92% of the compounds suffered ion suppression and only one of them ion enhancement (see Fig S1). In the case
of PhACs, 59% suffered ion suppression, 18% ion enhancement and the
remaining 23% was within the 20% signal variation that is not considered as a matrix effect (see Fig S2). Due to the obvious effects of the
co-eluting interferences in ionization, matrix-matched calibration, together with the addition of labeled compounds, was selected as the
most suitable approach to compensate for matrix effects during analysis, as in previous studies (Huerta et al., 2013; Jakimska et al., 2013).
Calibration curves prepared in extracts of bioﬁlm from pristine sampling sites (where no analytes were detected) were generated using
linear regression analysis (R2 N 0.98) in the concentration range from
0.01 to 100 ng mL−1.

For the analysis of PhACs, extracts were analyzed using the method developed by Gros et al. (2012) using an ultra-performance liquid
chromatography (UPLC) system (Waters Milford, USA) coupled to a
hybrid quadrupole linear ion trap mass spectrometer Qtrap 5500
(Applied Biosystems), equipped with an electrospray ionization
source (ESI). Brieﬂy, an Acquity HSS T3 with 10 mM formic acid/ammonium formate (pH 3.2) and methanol as the mobile phase at a
ﬂow rate of 0.5 mL min− 1 was applied for the analysis of PhACs in
positive mode, whereas an Acquity BEH C18 with acetonitrile and
5 mM ammonium acetate/ammonia (pH = 8) as mobile phase at a
ﬂow rate of 0.6 mL min − 1 was applied for the PhACs analyzed in
negative mode.
For the analysis of EDCs, extracts were analyzed using the LC–MSMS method developed by Jakimska et al. (2013) in the same instrumental set up, using the Acquity BEH C18 column for both positive and negative modes with methanol and water (pH 9) as mobile phase at a ﬂow
rate of 0.4 mL min−1.
In both cases, the acquisition of the compounds was done in selected
reaction monitoring (SRM) mode with the monitoring of two transitions. The most intense transition was used for quantiﬁcation purposes
when possible, whereas the second one was used to conﬁrm the identity of the target compounds. Quantiﬁcation was performed with a
matrix-matched calibration curve together with the internal standard
approach by adding the corresponding labeled compounds at a concentration of 10 ng L−1 before analysis.
2.6. Calculation of bioaccumulation factors (BAFs)
Distribution coefﬁcient logarithms (Log Dow) for all the compounds
detected in water and/or bioﬁlm were calculated at pH 7.4 and compared with the ﬁeld-derived bioaccumulation factors (BAFs). BAFs
were calculated considering the measured water and bioﬁlm concentrations in this study according to the following equation:
BAF

 
 
ng
L
ng
¼ conc: biota
=conc: water
:
g
g
L

ð1Þ

3. Results
3.1. Bioﬁlm extraction and puriﬁcation
Comparison between sonication extraction efﬁciencies using four
solvents (methanol, methanol/water (1:1), methanol with 0.1% EDTA,

3.2. Method validation
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Fig. 1. Comparison of extraction efﬁciencies (%) for a) four different solvents by sonication and b) two extraction methods (PLE and sonication) using ACN/Citric buffer for selected
pharmaceuticals.

A total of 15 compounds, 14 PhACs from six therapeutic families –
analgesics, psychiatric drugs, diuretics, lipid regulators, calcium channel
blockers and antibiotics – and one ﬂame retardant were detected in the
ﬁrst sampling site after the WWTP discharge. The highest concentrations were detected for diuretic compounds, lipid regulators and
analgesics/anti-inﬂammatories, with total concentrations of these therapeutic families between 240 and 361 ng L−1, maximum concentration
that was measured for hydrochlorothiazide, a diuretic usually present at
high concentrations in WWTP-impacted waters (Gros et al., 2012;

3.3. Environmental samples
3.3.1. Water concentrations of PhACs and EDCs
A total of 81 multiple-class human and veterinary PhACs and 19
EDCs and related compounds, as well as some transformation products,
were analyzed in water. Recovery percentages and method detection
limits in water samples for PhACs and EDCs are published elsewhere
(Gros et al., 2012; Huerta et al., 2015). No compounds were detected
in the ﬁrst sampling point, before the WWTP input, as shown in Table 3.

Table 1
Mean percent recoveries (n = 3) of 13 EDCs at three spiking levels, and method detection and quantiﬁcation limits (MDL, MQL) in bioﬁlm (ng/g, dry weight).
% recoveries (±RSD)

LODs

Precision (% RSD)

10 ng/g

100 ng/g

500 ng/g

MDL (ng/g)

MQL (ng/g)

Intra-day

Inter-day

Parabens
Benzylparaben
Ethylparaben
Methylparaben
Propylparaben

Accuracy (%)

49 (±16)
72 (±3.5)
82 (±9.4)
64 (±13)

62 (±16)
84 (±13)
83 (±9.2)
69 (±5.9)

62 (±11)
90 (±5.0)
87 (±6.6)
85 (±4.7)

0.20
0.83
0.27
0.19

0.67
2.77
0.89
0.64

16.4
5.1
9.3
5.2

16.0
3.3
6.4
4.9

8.8
12.3
9.9
10.7

Plasticizers
Bisphenol A

32 (±8.6)

32 (±8.5)

53 (±19)

0.71

2.35

14.7

12.4

1.6

Hormones
Estrone
Estrone-3-sulfate
Estriol
17α-ethinylestradiol
Progesterone

53 (±11)
37 (±30)
78 (±2.2)
59 (±14)
59 (±4.7)

68 (±18)
62 (±2.7)
87 (±2.7)
64 (±11)
52 (±5.9)

72 (±11)
80 (±1.3)
93 (±4.9)
70 (±12)
51 (±3.4)

0.74
0.35
2.09
2.40
1.69

2.46
1.18
6.97
7.99
5.62

10.7
1.4
2.4
14.1
8.9

9.5
15.0
2.4
11.3
6.2

9.7
2.8
8.8
10.7
−1.9

Flame retardants
TBEP
TCEP

57 (±11)
70 (±7.8)

56 (±3.8)
79 (±4.9)

65 (±17)
75 (±4.1)

0.70
2.13

2.35
7.11

3.4
3.5

16.8
1.8

−4.8
−2.1

Antibacterial
Triclosan

40 (±6.8)

41 (±9.7)

46 (±6.2)

0.71

2.36

6.6

6.1

8.8
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Table 2
Mean percent recoveries (n = 3) of 44 PhACs at three spiking levels, and method detection and quantiﬁcation limits (MDL, MQL) in bioﬁlm (ng/g, dry weight).
% recoveries (±RSD)
10 ng/g

LODs

100 ng/g

500 ng/g

MDL (ng/g)

Analgesics/anti-inﬂammatories
1-OH-IBU
83 (±2.8)
Ibuprofen
31 (±18)
Diclofenac
60 (±0.5)
Diclofenac-glucuronide
75 (±15)
Meloxicam
67 (±2.3)
Piroxicam
103 (±14)
Propyphenazone
70 (±5.2)

97 (±5.3)
42 (±6.2)
69 (±19)
100 (±4.4)
63 (±10)
109 (±16)
84 (±3.4)

105 (±2.0)
86 (±3.4)
74 (±9.5)
111 (±6.1)
63 (±7.5)
101 (±5.1)
87 (±2.9)

1.86
1.96
1.39
1.63
0.38
0.39
0.17

Antibiotics
Azythromycin
Chloramphenicol
Ciproﬂoxacin
Clarithromycin
Erythromycin
Oﬂoxacin
Sulfamethoxazole

71 (±12)
94 (±7.7)
33 (±17)
55 (±9.0)
63 (±16)
65 (±0.3)
24 (±12)

102 (±14)
94 (±25)
70 (±12)
61 (±16)
69 (±3.1)
70 (±16)
38 (±13)

101 (±11)
97 (±0.8)
56 (±9.1)
64 (±7.8)
77 (±9.1)
80 (±8.4)
46 (±19)

Antihelmintics
Thiabendazole

57 (±2.9)

61 (±4.0)

Antiplatelet agent
Clopidogrel

75 (±16)

Calcium channel blockers
Diltiazem
Norverapamil
Verapamil
Diuretic
Furosemide
Hydrochlorothiazide
Trazodone

Precision (% RSD)
MQL (ng/g)

Intra-day

Inter-day

Accuracy (%)

6.19
6.53
4.63
5.43
1.26
1.31
0.56

9.9
12.8
6.3
5.6
2.3
5.1
2.9

5.3
19.4
2.7
13.3
7.5
16.7
5.2

2.8
13.5
11.0
7.3
3.3
4.5
6.4

0.15
0.78
0.68
0.27
6.71
0.25
0.48

0.50
2.59
2.26
0.92
22.37
0.83
1.59

2.6
6.9
11.6
7.8
4.3
16.4
11.9

13.2
5.3
16.0
9.0
12.1
10.5
14.3

1.8
5.4
−14.9
15.8
−3.2
−2.1
0.1

75 (±11)

0.14

0.48

5.4

10.8

12.4

74 (±3.2)

109 (±9.5)

0.45

1.50

3.2

9.5

8.2

52 (±10)
77 (±11)
76 (±11)

105 (±0.7)
115 (±19)
126 (±22)

113 (±1.5)
101 (±5.2)
108 (±9.0)

0.07
0.07
0.06

0.24
0.25
0.21

1.5
5.6
8.5

10.1
11.2
11.1

16.8
12.0
10.6

57 (±29)
39 (±6.2)
65 (±14)

58 (±3.5)
79 (±2.7)
87 (±14)

64 (±9.3)
83 (±13)
87 (±12)

3.54
0.14
0.10

11.81
0.46
0.35

3.5
2.7
14.1

9.3
13.2
13.9

15.9
−2.7
8.1

Histamine H1 and H2 receptor antagonists
Desloratadine
80 (±17)

106 (±6.6)

116 (±10)

0.20

0.68

10.1

6.0

4.9

Lipid regulators
Bezaﬁbrate
Fluvastatin
Gemﬁbrozil
Loratadine
Pravastatin

78 (±3.7)
62 (±9.0)
56 (±1.5)
85 (±13)
67 (±13)

90 (±0.8)
62 (±9.0)
68 (±2.6)
90 (±11)
74 (±7.8)

97 (±12)
71 (±10)
69 (±13)
123 (±9.0)
86 (±9.7)

0.12
0.67
0.60
0.18
1.21

0.38
2.23
2.00
0.62
4.03

0.8
10.4
2.5
2.1
13.1

11.9
14.5
12.7
15.0
13.1

6.5
6.2
1.2
9.4
−0.1

Psychiatric drugs
Acridone
OH-CBZ
Epoxy-CBZ
Carbamazepine
Citalopram
Diazepam
Fluoxetine
Lorazepam
Paroxetine
Sertraline
Venlafaxine

69 (±7.6)
70 (±7.8)
72 (±6.6)
64 (±4.9)
99 (±26)
76 (±8.5)
63 (±15)
97 (±7.3)
61 (±11)
61 (±11)
75 (±9.5)

92 (±3.3)
101 (±3.6)
102 (±6.5)
107 (±4.6)
104 (±4.4)
103 (±7.8)
66 (±9.1)
113 (±6.4)
68.1 (±15)
69 (±12)
116 (±7.1)

88 (±9.8)
70 (±7.8)
111 (±16)
104 (±8.2)
119 (±23)
103 (±0.5)
88 (±12)
125 (±5.8)
71 (±9.5)
104 (±19)
137 (±24)

0.14
0.17
0.16
0.23
0.33
0.70
0.78
0.78
0.61
1.72
0.10

0.46
0.57
0.55
0.78
1.11
2.33
2.60
2.60
2.04
5.74
0.34

4.7
3.6
6.5
4.1
4.9
4.9
10.1
6.4
11.5
11.1
7.1

4.3
7.8
6.6
5.0
9.6
0.5
14.7
9.5
9.5
11.9
9.5

3.1
2.3
−6.5
7.4
10.6
1.1
4.8
1.9
9.1
−4.0
11.8

Synthetic glucocorticoid
Dexamethasone

83 (±15)

78 (±7.3)

89 (±14)

1.18

3.92

7.3

15.7

−0.2

Tranquilizer
Azaperone

49 (±11)

62 (±9.6)

81 (±15)

0.36

1.19

9.6

16.7

−10.7

β-blocking agents
Metoprolol
Metoprolol acid
Propanolol

55 (±12)
59 (±10)
62 (±14)

69 (±15)
59 (±12)
61 (±9.8)

77 (±4.1)
87 (±9.0)
94 (±4.4)

0.20
2.88
0.27

0.68
9.61
0.90

4.1
9.0
9.7

11.7
10.2
19.4

7.3
10.0
3.5

Osorio et al., 2012). Total concentration of PhACs and EDCs decreased
about 40% in less than 5 km downstream, although the number of compounds detected only decreased 13%. The impact of the WWTP efﬂuent
as a source of these contaminants is clearly observed from the consistent die-away in the lower concentrations observed from the WWTP
outfall to the last downstream site.

3.3.2. Bioﬁlm concentrations of PhACs and EDCs
Seven PhACs (out of 44) and ﬁve EDC (out of 13) were detected in
bioﬁlm samples (see Table 3). Fig. 2 shows the levels of major families
detected both in water and bioﬁlm in all sampling points. The most concentrated pharmaceutical was the anti-inﬂammatory diclofenac, which
was measured at 100 ng g−1 immediately downstream of the WWTP
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Table 3
Detected PhACs and EDCs in water and/or bioﬁlm in River Segre.
Water concentration (ng/L)

Endocrine disruptor compounds
Parabens
Ethylparaben
Methylparaben
Propylparaben
Flame retardants
TBEP
Antibacterial
Triclosan
Pharmaceutical compounds
Analgesics/anti-inﬂammatories
1-OH-IBU
Ibuprofen
Diclofenac
Antibiotics
Clarithromycin
Sulfamethoxazole
Calcium channel blockers
Diltiazem
Norverapamil
Verapamil
Diuretics
Furosemide
Hydrochlorothiazide
Lipid regulator
Bezaﬁbrate
Gemﬁbrozil
Pravastatin
Psychiatric drugs
Carbamazepine
OH-CBZ
Citalopram
Venlafaxine

Bioﬁlm concentration (ng/g)

Control

I1

I2

I3

I4

Control

I1

I2

I3

I4

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

21.3
212
8.70

20.3
176
n.d.

6.90
9.00
n.d.

n.d.
n.d.
n.d.

n.d.

65.3

41.4

21.5

15.9

3.60

50.8

14.1

17.3

4.80

n.d.

n.d.

n.d.

n.d.

n.d.

18.0

56.5

76.5

75.0

32.9

n.d.
n.d.
n.d.

68.7
193
29.1

64.8
187
25.6

46.0
115
19.9

26.0
70.8
n.d

n.d
n.d
n.d.

n.d
n.d
103

n.d
n.d
23.5

n.d
n.d
bLOQ

n.d
n.d
bLOQ

n.d.
n.d.

32.8
18.0

24.5
19.6

19.1
23.2

7.7
9.0

n.d
n.d

n.d
n.d

n.d
n.d

n.d
n.d

n.d
n.d

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

n.d.
n.d.
n.d.

nd
nd
nd

11.8
20.9
21.7

nd
18.7
20.2

11.8
11.2
11.1

4.7
4.20
14.4

n.d.
n.d.

45.8
311

38.6
296

33.1
221

bMQL
199.6

n.d
n.d

n.d
n.d

n.d
n.d

n.d
n.d

n.d
n.d

n.d.
n.d.
n.d.

7.20
286
44.0

6.40
222
25.7

4.50
157
23.9

3.4
76.9
13.8

n.d
nd
n.d

n.d
10.3
n.d

n.d
nd
n.d

n.d
4.00
n.d

n.d
nd
n.d

n.d.
n.d.
n.d.
n.d.

38.6
n.d.
4.70
21.1

23.6
n.d.
n.d.
13.8

21.3
n.d.
n.d.
9.3

15.0
n.d.
n.d.
2.4

n.d
n.d.
n.d
n.d.

n.d
n.d.
n.d
n.d.

n.d
bLOQ
n.d
43.7

n.d
1.8
n.d
6.50

n.d
nd
n.d
n.d.

discharge. Diclofenac has been repeatedly detected in wild biota, including invertebrates (Huerta et al., 2015) and ﬁsh tissues in Mediterranean
rivers (Huerta et al., 2013). Other compounds detected included the antihypertensive drugs diltiazem and verapamil, the lipid regulator gemﬁbrozil, and the psychiatric drug venlafaxine. Verapamil has previously
been detected in invertebrates (Hydropsyche sp.) at concentrations
around 3 ng g− 1 downstream of a WWTP (Grabicova et al., 2014).

Venlafaxine has also been detected in ﬁsh homogenates at 0.6 ng g−1
in a heavily polluted river (Huerta et al., 2013). This is the ﬁrst study
to report such compounds from natural river bioﬁlms.
Maximum concentration around 200 ng g− 1 was detected for
paraben preservative methylparaben within 1 km downstream of the
WWTP. This compound has previously been detected in ﬁsh at concentrations up to 80 ng g−1 (Jakimska et al., 2013). Antibacterial triclosan

Fig. 2. Relative presence of the groups of contaminants detected in both water and bioﬁlm along 5 km after the discharge of a WWTP.
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and the ﬂame retardant TBEP were detected in all sampling points,
including the site upstream of the WWTP, in concentrations between 3 and 76 ng g− 1. Triclosan has been found to have negative
effects both in bacterial and algal communities within the bioﬁlm at
environmentally-relevant water concentrations (Ricart et al., 2010).
Several compounds detected in the bioﬁlm were not correspondingly found in water: ethylparaben, methylparaben, propylparaben, triclosan, norverapamil, verapamil and OH-CBZ. This may suggest that
bioﬁlm was able to uptake compounds present at very low concentrations in water (b MDLs) and bioaccumulate them. Other ﬁeld studies indicated that steroidal hormones and 4-nonylphenol were detected in
bioﬁlm samples even when they were not in water (Writer et al.,
2011a, 2011b).
Still, a number of compounds detected in water were not detected in
the bioﬁlm, such as, citalopram, pravastatin, sulfamethoxazole, furosemide, carbamazepine, and bezaﬁbrate, found in water at low concentrations (b 50 ng L−1), even in the sampling sites close to the WWTP. Other
compounds found at higher concentration in water, such as hydrochlorothiazide (max. conc. 361 ng L−1) and ibuprofen (max. conc.
193 ng L−1), were not detected either in bioﬁlm.
It is important to highlight that collected water samples in this study
were discrete, while the bioﬁlm was allowed to grow for a longer period
and therefore was exposed to varying concentrations of these contaminants. Therefore correlation between water and bioﬁlm concentration
should only be considered as possible tendency of PhAC bioaccumulation. Nevertheless, the levels found for contaminants in river water in
the sampling campaign are in line with those previously found in the
same site in another period of the day (Acuña et al., 2015) and thus,
they can be considered representative of the type of pollution in the
area.
3.3.3. Calculation of BAFs
In Fig. 3, three groups were easily identiﬁed: i) the compounds detected in water and retained in bioﬁlm (in yellow), with log Dow between 1 and 4; ii) the compounds detected only in water (in blue),
generally with log Dow b 1; and iii) the compounds detected only in
bioﬁlm (in green), with log Dow N 1.5. The only points out of the

norm correspond to clarithromycin (log Dow pH 7.4 = 3), an easily degradable antibiotic, so its absence in bioﬁlm could be due to degradation
and not to lack of sorption; and carbamazepine.
4. Discussion
The presence of PhACs and EDCs in surface waters, and therefore
in other environmental compartments, may be affected by several
processes, such as photolysis, hydrolysis, sorption and biodegradation (Boreen et al., 2003; Radjenović et al., 2009; Yamamoto et al.,
2009; Lau et al., 2005; Rosenfeldt and Linden, 2004). Understanding
partitioning behaviorof contaminants in the biological compartment, and the role of biota in the removal of these bioactive compounds from surface water is of critical importance to studying
their ecological impact.
Octanol-water partition coefﬁcient (Kow) has been successfully applied to predict sorption processes for non-ionisable compounds (Fisk
et al., 1998; Meylan et al., 1999). More recently, the use of Dow to predict hydrophobic partition of the neutral species at a speciﬁed pH for
ionisable compounds has been widely accepted (Fitzsimmons et al.,
2001). However, Dow cannot be used alone to completely explain the
trends observed in Fig. 3. For instance, among the compounds detected
in the bioﬁlm, neutral compounds were present, such as the EDCs, and
ionisable compounds, both in positive and negative ionization, as the
PhACs (see Table S5). Probably mechanisms other than hydrophobic interactions play important roles in sorption of PhACs, such as electrochemical interactions affected by the presence of aromatic rings and
functional groups (Yamamoto et al., 2009). Bioﬁlm bacterial and algal
communities together with the EPS matrix are considered to play a substantial role in the sorption of organic and inorganic molecules (Dobor
et al., 2012).
This EPS matrix contains apolar regions, groups with hydrogenbonding potential, anionic groups (in uronic acids and proteins) and
cationic groups (for example, in amino sugars), facilitating sites of interaction to the contaminants dissolved in the water (Flemming and
Wingender, 2010; Flemming, 1995; Headley et al., 1998). For instance,
most bioﬁlm reactors in WWTPs are typically negatively charged and

Fig. 3. Correlation between log BAFs and log Dow (at pH 7.4) for the compounds detected in water (in blue), bioﬁlm (in green), or both (in yellow). BAFs of the compounds detected only in
bioﬁlm (green), were calculated using MDLs in water as water concentrations to avoid giving BAF values = 0. (For interpretation of the references to color in this ﬁgure legend, the reader is
referred to the web version of this article.)
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thus provide potential sorption sites for neutral and positivelycharged compounds, while the sorption of anionic organic molecules is slowed down due to electrostatic repulsion between the
negatively-charged molecules and the negatively-charged bioﬁlm
(Carlson and Silverstein, 1998; Riml et al., 2013). It is therefore
possible that the combination of both ionic binding as well as organic carbon partition may explain the sorption capacity of these
contaminants to bioﬁlm, even when they present low log Dow
(Kwon and Armbrust, 2008).
In addition to sorption, compounds readily partitioned to the biological compartment may undergo other processes within the bioﬁlm, such
as biodegradation. For instance, bioﬁlm biodegradation of diclofenac
under controlled conditions was reported after some days of exposure
(Paje et al., 2002). Biodegradation may occur, not only due to the presence of the bioﬁlm bacterial community in the EPS matrix, but other
components, such as algae and fungi, may also have the capacity to
transform some of these contaminants. For example, Della Greca et al.
studied the removal and biotransformation of synthetic hormone EE2
by the microalga Selenastrum capricornutum and found that EE2 was
transformed into 3 products (Della Greca et al., 2008). Elimination of
emerging contaminants by the white-rot fungus Trametes versicolor
has also been applied in different studies (Badia-Fabregat et al., 2014;
García-Galán et al., 2011; Llorens-blanch et al., 2015; Yang et al.,
2013). In fact, several studies have considered the role of natural bioﬁlm
in freshwater ecosystems' water puriﬁcation capacity (Acuña et al.,
2015; Gurr and Reinhard, 2006; Kunkel and Radke, 2011), and Writer
et al. showed that attenuation of some EDCs in freshwater ecosystems
appears to be a combination of both sorption and biodegradation
processes (Writer et al., 2011a, 2011b) by the stream bioﬁlm and
sediments.
Bioaccumulation of PhACs and EDCs presented in this study demonstrates that bioﬁlms could be very useful tools in monitoring, as they are
naturally available and integrate chronic exposure. However, more research is needed to determine how bioaccumulation and biodegradation are related, i.e. whether bioaccumulation increases bioavailability
and therefore increases the chances of biodegradation by bacteria,
algae and the enzymes contained in the EPS matrix, and consequently
the compounds accumulated in the bioﬁlm are also degraded. Biomagniﬁcation potential along the trophic chain should not be forgotten,
as bioﬁlm could constitute a secondary exposure pathway for other organisms (invertebrates, ﬁsh) coexisting in an ecosystem. Therefore,
reliable analytical methods that include metabolites in their analysis
are a useful tool for the determination of how bioﬁlm interacts with
the contaminants. They would allow determining how the bioﬁlm is
actually transforming the parent compounds. The analytical methodology
developed here allows the measurement of up to 5 known metabolites
and transformation products in bioﬁlm, including 1-OH-ibuprofen,
epoxy-carbamazepine, OH-carbamazepine, norverapamil and diclofenac
glucuronide.

5. Conclusions
This study developed a simple, rapid, sensitive and efﬁcient analytical
method for the determination of 44 PhACs and 13 EDCs in river bioﬁlm.
To the best of the authors' knowledge, this is the ﬁrst study determining
such a large number of target compounds in bioﬁlm. The ﬁnal multiresidue procedure consisted of pressurized liquid extraction, followed
by puriﬁcation of extract with solid-phase extraction, and the analysis
was performed by UHPLC–MS/MS, which provided the necessary sensitivity and selectivity for these contaminants. The method was applied to
assess the bioaccumulation of these contaminants in natural bioﬁlm
from a WWTP-impacted river. Seven PhACs – diclofenac, diltiazem, gemﬁbrozil, verapamil, norverapamil, OH-CBZ, and venlafaxine – and ﬁve
EDCs – ethylparaben, methylparaben, propylparaben, TBEP and triclosan – were detected in concentrations up to100 ng g−1.
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a b s t r a c t
Increasing evidence exists that emerging pollutants such as pharmaceuticals (PhACs) and endocrine-disrupting
compounds (EDCs) can be bioaccumulated by aquatic organisms. However, the relative role of trophic transfers
in the acquisition of emerging pollutants by aquatic organisms remains largely unexplored. In freshwater ecosystems, wastewater treatment plants are a major source of PhACs and EDCs. Here we studied the entrance of
emerging pollutants and their ﬂow through riverine food webs in an efﬂuent-inﬂuenced river. To this end we
assembled a data set on the composition and concentrations of a broad spectrum of PhACs (25 compounds)
and EDCs (12 compounds) in water, bioﬁlm, and three aquatic macroinvertebrate taxa with different trophic positions and feeding strategies (Ancylus ﬂuviatilis, Hydropsyche sp., Phagocata vitta). We tested for similarities in
pollutant levels among these compartments, and we compared observed bioaccumulation factors (BAFs) to
those predicted by a previously-developed empirical model based on octanol–water distribution coefﬁcients
(Dow). Despite a high variation in composition and levels of emerging pollutants across food web compartments,
observed BAFs in Hydropsyche and Phagocata matched, on average, those already predicted. Three compounds
(the anti-inﬂammatory drug diclofenac, the lipid regulator gemﬁbrozil, and the ﬂame retardant TBEP) were detected in water, bioﬁlm and (at least) one macroinvertebrate taxa. TBEP was the only compound present in all
taxa and showed magniﬁcation across trophic levels. This suggests that prey consumption may be, in some
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cases, a signiﬁcant exposure route. This study advances the notion that both waterborne exposure and trophic
interactions need to be taken into account when assessing the potential ecological risks of emerging pollutants
in aquatic ecosystems.
© 2015 Elsevier B.V. All rights reserved.

1. Introduction
The incidence of pharmaceuticals (PhACs) and endocrine-disrupting
compounds (EDCs) in freshwater ecosystems is an issue of increasing
concern (e.g., Arnold et al., 2014; Brodin et al., 2014; Lee et al., 2015). Although concentrations of PhACs in the environment are usually very low
(i.e., around ng L−1 and within the low μg L−1 range), these compounds
can be reactive to non-target organisms (Hernando et al., 2006) and
pseudo-persistent in the environment due to their continuous discharge
(Webb, 2001; Daughton, 2002). It is currently widely accepted that EDCs,
including environmental estrogens (chemical pollutants that can alter
animal endocrine systems by binding to and activating the estrogen receptor) are potentially harmful to exposed organisms, with effects including reduced fertility and fecundity, masculinization of females and
feminization of males, and alteration of ﬁsh spawning timing (Jobling
et al., 2003; Falconer et al., 2006 and references therein). Whereas a
number of ﬁeld studies have addressed the occurrence and effects of
emerging pollutants on aquatic vertebrates, particularly ﬁsh (e.g.
Brooks et al., 2005; Ramirez et al., 2009; Du et al., 2012; Jakimska et al.,
2013), bioaccumulation by invertebrates has been largely studied by
means of aqueous-exposure experiments (Oetken et al., 2005;
Nentwig, 2007; Hoppe et al., 2012) (but see Berlioz-Barbier et al.,
2014; Du et al., 2014, 2015). Overall, we need to further study the bioaccumulation of PhACs and EDCs in natural conditions if we are to fully understand the potential impact of these emerging pollutants in freshwater
ecosystems.
Two main processes may lead to the bioaccumulation of PhACs and
EDCs by aquatic organisms: direct partitioning from the abiotic environment through inhalational exposure (bioconcentration) and dietary
sources (trophic transfer). Hydrophobic compounds (especially those
poorly metabolized and with high log Kow values) are more likely to
present bioaccumulation hazards to aquatic organisms (Mackay and
Fraser, 2000). Additionally, higher trophic positions may be differentially affected by trophic transfer (Fisk et al., 2005). Biomagniﬁcation of
pollutants (and hence toxicity) in top predators has long attracted ecological research (e.g., Cabana and Rasmussen, 1994; Kidd et al., 1995).
However, it remains a critical research need with regard to emerging
pollutants (Boxall et al., 2012), and still few studies have quantiﬁed trophic magniﬁcation or dilution of these compounds in an explicit way
(but see Vernouillet et al., 2010; Du et al., 2014). Overall, we need to
better understand how biotic interactions mediate the bioaccumulation
of emerging pollutants (Brodin et al., 2014; Kidd et al., 2014).
Wastewater treatment plants (WWTPs) are a major source of PhACs
and EDCs to freshwater ecosystems (Ternes, 1998; Gros et al., 2007).
Due to the increased effective exposure faced by organisms in streams
and rivers dominated by WWTP efﬂuent discharge, these systems
offer an ideal setting to study how these pseudo-persistent PhACs and
EDCs accumulate and ﬂow through freshwater ecosystems. With
widespread droughts and increased streamﬂow and groundwater appropriation, these systems may anticipate worst-case scenarios for the
accumulation of PhACs and EDCs in rivers with limited dilution capacity
in industrialized regions (Brooks et al., 2006; López-Doval et al., 2013;
Du et al., 2015).
Here we addressed the general question of the bioaccumulation of
PhACs and EDCs by aquatic organisms. More speciﬁcally, we examined
if PhACs and EDCs were effectively accumulated in an efﬂuentinﬂuenced riverine food web, and whether trophic magniﬁcation or
trophic dilution took place across the three trophic levels analyzed (primary producers to secondary consumers). To this end, we combined
existing (Huerta et al., 2015, in press) and new data on a broad

spectrum of emerging pollutants (25 PhACs and 12 EDCs) across 5 compartments that represented a simpliﬁcation of the efﬂuent-inﬂuenced
riverine food web: water, bioﬁlm, and three macroinvertebrate taxa differing in trophic position and feeding strategy. These macroinvertebrates were the limpet Ancylus ﬂuviatilis O.F. Muller 1774, a primary
consumer, mainly microphyte-scraper; the caddisﬂy Hydropsyche sp.
Pictet 1834, an omnivore ﬁlter-feeder; and the ﬂatworm Phagocata
vitta (Duges 1830), a macroinvertebrate-predator (Tachet et al., 2002).
We predicted that (i) the composition and levels of PhACs and EDCs
in water, bioﬁlm and macroinvertebrates would be related, and that
bioaccumulation models developed for invertebrates (based on
octanol–water distribution coefﬁcients, Dow) would adequately predict,
overall, the range of BAFs observed in our taxa (hereafter, bioaccumulation hypothesis). We also predicted that (ii) trophic levels and feeding
strategies would account for variation in bioaccumulated PhACs and
EDCs within the food web, with compounds being trophically magniﬁed
and thus most abundantly found in the macroinvertebrate taxa feeding
relatively higher in the chain (hereafter, trophic magniﬁcation
hypothesis).

2. Materials and methods
2.1. Study area
The study was conducted in the Segre River (Ebro River basin, NE
Iberian Peninsula) near the town of Puigcerdà, where this river is relatively unimpacted but receives the discharge of a wastewater treatment
plant (WWTP) efﬂuent of c. 30,000 population equivalents. At the study
site the watershed drains an area of 287 km2 and the elevation ranges
from 1098 to 1130 m a.s.l. The river runs through a gravel bed meandering channel across a broad valley mainly covered with native forests,
some pastures and small agricultural ﬁelds. The river's mean annual
streamﬂow at the study site is 7.7 m3 s− 1 (ranging from a monthly
minimum of 0.7 m3 s−1 to a monthly maximum of 32.4 m3 s−1) and
presents a hydrograph peaking in late spring because of strong snowmelt inﬂuence. The selected river segment holds potentially confounding factors approximately constant (i.e. geomorphology, hydrology,
water chemistry; Acuña et al., 2015). The study took place in October
2012, in a control reach (500 m upstream of the WWTP) and three impact reaches (each 1-km long) located downstream of the WWTP.

2.2. Environmental characterization
Environmental variation across reaches was deﬁned according to
temperature (°C), pH, electrical conductivity (μS cm− 1), nitrite (N−1
−1
−1
), nitrate (N-NO−
), ammonium (N-NH+
),
NO−
3 , μg L
2 , μg L
4 , μg L
3
−1
phosphate (P-PO4, μg L ), and dissolved organic carbon (DOC,
μg L−1). Temperature, pH, and electrical conductivity were measured
in situ using handheld probes (WTW, Weilheim, Germany). Water samples for nutrient analyses were collected at each reach, ﬁltered in 0.7 μm
GF/F ﬁlters (Whatman Int. Ltd., Maidstone, UK) and kept at −20 °C until
analyzed. Phosphate concentration was determined colorimetrically
using an Alliance-AMS Smartchem 140 (AMS, Frepillon, France), after
Murphy and Riley (1962). Nitrite, nitrate and ammonium concentrations were determined on a Dionex ICS-5000 ion chromatograph
(Dionex Co., Sunnyvale, USA; Hach, 2002). DOC concentration was
determined on a Shimadzu TOC-V CSH coupled to a TNM-1 module
(Shimadzu Co., Kyoto, Japan).
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2.3. Food web characterization
Mapping the streambed allowed quantifying variation in resource
types and resource availability among reaches. In each reach we visually
identiﬁed different bioﬁlm types, helophyte and macrophyte patches,
moss clumps, benthic organic matter accumulation, and emerged substrata. Then, using a viewer (30 × 30 cm), we estimated the relative
cover (%) of each of these substrata classes every 30 cm and across
three transverse transects in each reach. The algal biomass in the bioﬁlm
was evaluated by using chlorophyll-a as a proxy. To this end, ﬁve replicate samples (9 cm2 each) of bioﬁlm per reach were collected, stored in
the dark and frozen (−20 °C). In the laboratory, chlorophyll-a was extracted in 90% acetone for 12 h in the dark at 4 °C, and its concentration
was determined using a Lambda UV/VIS spectrophotometer (U-2000;
Hitachi, Tokyo, Japan), following Jeffrey and Humphrey (1975).
The faunal community was characterized by means of 6 pooled
Surber samples per reach (625 cm2 each, 330-μm mesh size), covering
the variety of microhabitats present. Whole samples were preserved
in the ﬁeld in 70% methylated spirit, and specimens were sorted from
debris in the laboratory. Individuals were identiﬁed under a binocular
microscope to the lowest taxonomic level (to genus level whenever
possible; Diptera mostly to subfamily level; Annelida to subclass
level), and counted. A subsample of 25 individuals per taxa and reach
were measured, and length–mass equations were applied to obtain biomass (as dry mass, after Stockner, 1971; Allan, 1984; Benke and Jacobi,
1986, 1994; Meyer, 1989; Dixon and Wrona, 1992; Burgherr and Meyer,
1997; Benke et al., 1999; Miserendino, 2001; Rosati et al., 2012). We
then aggregated taxa biomass in trophic strategies using a fuzzy coding
technique (Chevene et al., 1994) that allowed us to consider the range of
trophic afﬁnities of each taxa (ranging from 0 = no afﬁnity; to 5 = high
afﬁnity; after Tachet et al., 2002), and we compared biomass of macroinvertebrate trophic guilds across reaches.
2.4. Collection of water, bioﬁlm, and macroinvertebrate specimens for
analyses
At each reach, water samples (100 mL) were ﬁltered through 1 μm
glass ﬁber ﬁlters followed by 0.45 μm nylon membrane ﬁlters, and
kept at − 20 °C until analysis. Samples of epilithic bioﬁlm (volume =
40 mL) were obtained from cobbles near the stream shore by gently
scraping the rock surface. These samples were kept in 50 mL Falcon®
tubes in a dark cool box and transported to the laboratory, where they
were lyophilized and kept frozen (− 20 °C) until analysis. Finally, we
collected c. 125 individuals of Ancylus ﬂuviatilis, 90 individuals of
Hydropsyche sp., and 70 individuals of Phagocata vitta at each reach in
order to have sufﬁcient material for analysis. In order to control for variation in size and developmental stages of these macroinvertebrates, in
each reach we collected only the largest specimens of Ancylus and
Phagocata; and in the case of Hydropsyche, only last larval instars (instar
V) and prepupae (i.e. the stage from case-closure to larval-pupae ecdysis). Specimens were placed in 50 mL Falcon® tubes ﬁlled with river
water and transported in a dark cool box. In the laboratory we conﬁrmed
their identiﬁcation under a binocular microscope, and conﬁrmed taxa
were placed in ﬁltered river water during 24 h to allow for gut clearance
and thus avoid overestimating tissue concentrations (Van Geest et al.,
2010). A composite sample for each taxa and reach was then freezedried, homogenized with a mortar, and kept at −20 °C until analysis.
The three target macroinvertebrate taxa had been previously determined
based on an exploratory ﬁeld visit (in August 2012) that aimed at identifying consistently-dominant macroinvertebrate taxa across reaches.
2.5. Emerging contaminant extraction
Water samples were extracted according to the method developed
by Gros et al. (2012) for the analysis of PhAC, which was also applied
for the analysis of EDCs. Brieﬂy, 3 mL of EDTA 1 M (4%, v/v) was

added to water samples. A Baker vacuum system (J.T. Baker,
Netherlands) was used to pre-concentrate the samples in Oasis HLB cartridges (60 mg, 3 mL). They were loaded with 100 mL of water samples
and eluted with 6 mL of methanol. The extracts were evaporated under
a gentle nitrogen stream and reconstituted with 1 mL of methanol–
water mixture (50:50, v/v for EDCs; 10:90, v/v for PhACs).
Bioﬁlm samples were extracted by pressurized liquid extraction
(PLE) with ASE®350, following the method developed by Huerta et al.
(in press). Samples (200 mg, dry weight) were placed in 10 mL cells
and together with diatomaceous earth to ﬁll up the rest of the cell and
extracted with citric buffer (pH 4)/acetonitrile during 3 cycles of
5 min at 60 °C. Extracts were placed under a N2 current until the volume
was approximately 5 mL, and they were then diluted to 100 mL of H2O
(organic solvent content b 0.05%). Further puriﬁcation of the extracts
was performed by solid phase extraction (SPE) using the described protocol for extraction of water samples (Gros et al., 2012). Puriﬁed extracts were then evaporated to dryness under a nitrogen stream and
reconstituted in 1 mL of methanol. Two aliquots (250 μL each) from
this 1 mL of methanol were evaporated in reconstituted in the same volume of: a) methanol/water (10:90) for the analysis of PhACs;
b) methanol/water (50:50) for the analysis of EDCs. Finally, 5 μL of a
1 mg/L standard mixture containing labeled compounds was added in
the extracts as internal standard.
Macroinvertebrates were processed following Huerta et al. (2015).
Samples (100 mg, dry weight) were extracted with an ultrasonic
probe (Branson Digital Soniﬁer, model 102C) (120 s, 3 cycles, 30% amplitude) and homogenized in 3 mL of methanol. Extract (1.5 mL) was
evaporated to dryness and dissolved in 0.75 μL of a mixture of water/
acetonitrile containing 0.1% formic acid. Extract was passed through
the OSTRO™ plate for the removal of phospholipids, followed by
0.75 μL of the same fresh solvent. Puriﬁed extract was divided in two aliquots for the analysis of both families of compounds (PhACs and EDCs)
by UPLC–MS/MS. Aliquots were evaporated to dryness and dissolved in
methanol/water (1:1, v/v) for EDCs, and in methanol/water (1:9, v/v)
for PhACs.
Method detection limits (MDL) and method quantiﬁcation limits
(MQL) of all PhACs and EDCs are available in the referenced papers
(Gros et al., 2012; Huerta et al., 2015, in press). Here we focused on
the 37 compounds that were targeted simultaneously in water, bioﬁlm,
and macroinvertebrates (Table S1), and subsequent data analyses were
restricted to the subset of compounds that were detected in at least one
of these matrices.
2.6. Data analysis
We ﬁrst explored the across-reach variation in environmental characteristics and presence of pollutants (PhACs + EDCs) in water. To this
end we run two Similarity Proﬁle (SIMPROF) tests: one on environmental variables (using Euclidean distances on normalized data), and another one on the presence–absence of PhACs and EDCs present in water
(Sorensen coefﬁcient). SIMPROF allows testing if similarities observed
in empirical data are smaller or larger than those expected by chance,
challenging the null hypothesis of no multivariate structure. We also
assessed across-reach variation in resource types (comparing streambed covers across reaches), in resource availability (comparing algal
biomass across reaches), and in food web structure (comparing biomass
of macroinvertebrate trophic guilds across reaches).
The bioaccumulation hypothesis was tested in two ways. First, we
compared composition and levels of emerging pollutants among trophic
compartments (water, bioﬁlm, Ancylus, Hydropsyche, and Phagocata).
To this end we built a similarity matrix using the Bray–Curtis coefﬁcient,
to consider not only similarities in pollutants' composition (i.e.
presence–absence) but also in their concentrations. We visualized
similarities in pollutants among compartments, and among reaches
within each compartment, with a non-metric multidimensional scaling
(MDS). We subsequently tested for statistical signiﬁcance in the
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observed patterns using a Permutational MANOVA (PERMANOVA),
considering food web compartment as a ﬁxed factor, and reach (control
vs. impact) as a ﬁxed factor nested within food web compartment. This
test allowed quantifying overall variation in pollutants across food
web compartments, and also differences among pairs of compartments
(10 post-hoc comparisons in total, obtained from all possible pairwise
groupings of the 5 compartments). If two compartments could not be
statistically distinguished based on the composition and levels of
PhACs and EDCs present in each, and presented relatively high Bray–
Curtis similarities, we would consider them to be positively associated
(in order to control for false associations, values below method detection limits were considered as true zeroes in the similarity matrix).
Second, the bioaccumulation hypothesis was also tested by comparing observed to predicted bioaccumulation factors (hereafter BAFs, in
L kg−1) in the macroinvertebrate taxa. Observed BAFs were obtained
as the ratio between concentrations of given pollutants in particular
taxa to those detected in water. When a compound was not detected
or quantiﬁed we used half method detection limits (MDL) or method
quantiﬁcation limits (MQL), and only compounds detected in at least
one of the two components were included. In turn, predicted BAFs
were obtained from the linear regression proposed by Arnot and
Gobas (2006). However, following the approach by Du et al. (2015)
here we used the octanol–water distribution coefﬁcient (Dow) instead
of the octanol–water partition coefﬁcient (Kow), to account for inﬂuences of pH on the bioaccumulation of ionizable compounds (Eq. (1)).
Dow was calculated at the approximate ﬁeld pH = 8 (average pH across
sites = 8.05).
log BAF ¼ 0:82 log Dow þ 0:09

ð1Þ

We regressed observed on predicted BAFs of all compounds for each
of the three macroinvertebrate taxa, and obtained a slope and corresponding 95% conﬁdence intervals that were used to deﬁne whether
differences existed or not.
Finally, we examined the trophic magniﬁcation hypothesis by focusing on compounds that occurred in all living compartments. We
tested for differences in pollutant concentration found in bioﬁlm,
Ancylus, Hydropsyche, and Phagocata using a mixed model that considered compartment as a ﬁxed effect and reach as a random effect.
Post-hoc Bonferroni pairwise tests allowed identifying which compartments differed signiﬁcantly. We would consider our prediction
to be conﬁrmed if global differences existed and if concentrations
showed a positive association, overall, with trophic levels
(i.e., bioﬁlm b Ancylus b Hydropsyche b Phagocata).
All analyses were developed in Primer v.6 and SPSS v.22 for
Windows.
3. Results
3.1. Reach and food web characterization
The SIMPROF tests revealed that reaches were showing, overall,
similar environmental conditions (Pi = 0.322, P = 0.080; Table 1).
However, variation in PhACs and EDCs was signiﬁcant (Pi = 35.56,
P b 0.001), indicating that food webs were exposed to different combinations of pollutants across reaches.
Epilithic bioﬁlm cover clearly dominated (N 75%) in all reaches, and
macrophytes were the second most abundant cover (surpassing 15%
in the impact reaches I2 and I3; Fig. 1a). Signiﬁcantly higher concentrations of chlorophyll-a were found in the impact reaches relative to the
control reach (ANOVA on log-transformed data; F3,15 = 18.432,
P b 0.001) (Fig. 1b). A total of 34 macroinvertebrate taxa were found
(C = 23, I1 = 19, I2 = 14, I3 = 16), with Diptera (10 taxa) and
Trichoptera (5 taxa) being the most diverse orders. Macroinvertebrate
biomass increased downstream (Fig. 1c). Among the macroinvertebrate
trophic guilds, macroinvertebrate feeders (i.e. predator strategies) and

Table 1
Water variables at the studied reaches (mean ± SD, n = 3).
Environmental
variable

C

I1

I2

I3

T (°C)
13.2 ± 1.7
13.3 ± 1.4
13.4 ± 1.6
13.1 ± 1.3
183.7 ± 1.1
207.7 ± 1.5
170.7 ± 1.5
202.3 ± 1.5
Conductivity
(μS cm−1)
pH
7.5 ± 0.1
8.6 ± 0.6
8.8 ± 0.1
7.3 ± 0.1
P-PO3−
(μg L−1)
40.1 ± 2.3
172.9 ± 13.1
168.9 ± 1.5
177.8 ± 1.9
4
−1
−
N-NO3 (μg L ) 583.6 ± 27.1 1230.4 ± 44.5 1329.6 ± 62.9 1409.6 ± 110.6
5.4 ± 0.43
69.8 ± 8.5
76.5 ± 13.6
54.8 ± 5.0
N-NO2− (μg L−1)
−1
)
14.6 ± 2.8
476.9 ± 97.6
393.7 ± 64.0
116.2 ± 31.9
N-NH+
4 (μg L
2.4 ± 0.02
3.0 ± 0.3
2.8 ± 0.03
3.0 ± 0.4
DOC (mg L−1)

detritivores dominated. Predators were more prevalent in the control
reach and the impact reach I1, whereas detritivores dominated in the
impact reaches I2 and I3 (Fig. 1c). The three selected taxa represented,
on average, a pooled 45.9% of the macroinvertebrate biomass (mean
% ± SD: Ancylus = 6.2 ± 3.3%, Hydropsyche = 21.7 ± 6.2%, Phagocata =
18.0 ± 11.7%).
3.2. Bioaccumulation of PhACs and EDCs
A total of 17 compounds were detected (Fig. 2, Table S2). 10 compounds (9 PhACs and 1 EDC) were present in water, 9 in bioﬁlm (6
PhACs and 3 EDCs), and 6 in the macroinvertebrate taxa (1 EDC in
Ancylus; 2 PhACs and 2 EDCs in Hydropsyche and in Phagocata) (Fig. 2,
Table S2). However, there was a large variation in the identity and levels
of detected compounds across compartments (Fig. 2, Table S2). Three
compounds (the anti-inﬂammatory drug diclofenac, the lipid regulator
gemﬁbrozil, and the ﬂame retardant TBEP) were detected simultaneously in bioﬁlm and in (at least) one macroinvertebrate taxa, and
these were also found in water. The ﬂame retardant TBEP was the
only compound found consistently across all food web compartments
(Fig. 2, Table S2). The highest concentrations of PhACs and EDCs occurred in impact reaches (Fig. 2). Hydrochlorothiazide, gemﬁbrozil
and ibuprofen were consistently abundant in water (ranging
115–311 ng L−1 across impact reaches), methylparaben was abundant
in bioﬁlm in impact reach I1 (176.4 ng g−1), and ibuprofen was also
abundant in Hydropsyche in the impact reach I2 (182.7 ng g−1) (Fig. 2,
Table S2).
3.3. Bioaccumulation hypothesis
The MDS showed the similarities in pollutant composition among
food web compartments and among reaches within each compartment
(Fig. 3). In this representation of the multivariate space, samples were
mainly clustered by food web compartments, indicating that some compounds were speciﬁcally accumulated by each group. The vertical axis
of the MDS ordered samples by reaches, with those from control reaches
(where the lowest number and levels of compounds was detected)
lying close, and those from I1/I2 reaches lying relatively closer to
those from water (where the highest number and levels of compounds
was detected) (Fig. 3). These patterns were conﬁrmed by the
PERMANOVA, which delivered signiﬁcant effects for both food web
compartment (Pseudo-F4,10 = 4.59, P = 0.001) and reach (PseudoF5,10 = 2.68, P = 0.002). Pairwise post-hoc tests showed that most
food web compartments differed signiﬁcantly in pollutants' composition (Table 2). The three macroinvertebrate taxa presented relatively
high Bray–Curtis similarities (40–50%), and two of these pairs
(Ancylus–Hydropsyche and Hydropsyche–Phagocata) could not be statistically distinguished (Table 2).
When comparing the observed (ﬁeld) BAFs to predicted BAFs from
Eq. (1), statistically signiﬁcant regressions were obtained for all three
taxa (Fig. 4). For Ancylus, the slope differed from 1, which implies that
the model was not completely capturing the drivers of variation in our
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Fig. 1. Cross-reach variation in (a) streambed relative covers, (b) algal biomass (using bioﬁlm chlorophyll-a as a proxy), and (c) food web structure. See text for details. In (b), letters indicate signiﬁcant grouping according to Bonferroni post-hoc tests. C = control reach; I1 = 1st impact reach after efﬂuent; I2 = 2nd impact reach after efﬂuent; I3 = 3rd impact reach after
efﬂuent.

observed BAFs. However, for both Hydropsyche and Phagocata (especially the latter) the slope conﬁdence intervals included 1, meaning that the
dependence of BAF on Dow assumed by the empirical model was applicable to our taxa (Fig. 4). Observed and predicted log BAFs (in L kg−1)
are reported in Table S3.
3.4. Trophic magniﬁcation hypothesis
Only the ﬂame retardant TBEP occurred in all compartments. TBEP
concentration varied among living compartments (Fig. 5) and the
mixed model (controlling for reach) showed that these differences
were signiﬁcant (F3,9 = 6.986, P = 0.01). Post-hoc pairwise comparisons further showed that TBEP concentrations increased with trophic
levels, being lowest in bioﬁlm, intermediate in Ancylus, and highest in
Hydropsyche and Phagocata (Fig. 5). No differences in TBEP concentration were found between the two taxa that putatively held the highest
trophic positions (i.e. Hydropsyche, omnivore, and Phagocata, predator)
(Fig. 5).
4. Discussion
A number of ﬁeld studies have used correlational approaches to infer
the effects of emerging pollutants on populations and communities of
aquatic organisms (e.g., Muñoz et al., 2009; Ginebreda et al., 2010;
Damásio et al., 2011). These studies have reported signiﬁcant

associations between abundance of pollutants and abundance or
biomass of certain invertebrate groups (e.g. anti-inﬂammatories and
β-blockers on oligochetes and chironomids; Muñoz et al., 2009), or between integrative hazard indexes and macroinvertebrate diversity indexes (Ginebreda et al., 2010). However, in ﬁeld conditions emerging
contaminants generally co-occur with other chemical contaminants
(Kolpin et al., 2002; Focazio et al., 2008; Proia et al., 2013), making the
effects of PhACs on aquatic organisms difﬁcult to disentangle from
those of co-occurring stressors such as pesticides, salinity, and nutrients
(Damásio et al., 2011). For this reason, here rather than inferring
impacts of emerging contaminants by comparing community structure
between control and impact reaches, we quantiﬁed bioaccumulation as
a measure of “impact” itself (Van der Oost et al., 2003). Although this approach is still relatively new on invertebrates (but see Du et al., 2014,
2015), it has the advantage of making no assumptions on the effects
of emerging pollutants, co-occurring pollutants, or the interaction between both. We detected a wide range of emerging pollutants (17 of
the 37 analyzed); an overall low association in the composition of
pollutants found among the several food web compartments, but an
agreement between observed and predicted BAFs in Hydropsyche and
Phagocata (partly conﬁrming the bioaccumulation hypothesis); and an
overall trophic magniﬁcation of TBEP over the examined trophic levels
(conﬁrming the trophic magniﬁcation hypothesis). Our study was limited
in food-web extent (integrating from bioﬁlm to secondary-consumer
invertebrates, but no ﬁsh) and overlooked temporal variability. Changes
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Fig. 2. Levels of the PhACs (12 compounds) and EDCs (5 compounds) that were detected in at least one sample. Each panel represents a food web compartment: a) water; b) bioﬁlm,
c) herbivore Ancylus; d) omnivore Hydropsyche; e) predator Phagocata. Shading represents the four sampled reaches: white = control reach (C), black = 1st impact reach after efﬂuent
(I1); dark gray = 2nd impact reach after efﬂuent (I2); light gray = 3rd impact reach after efﬂuent (I3). See values in Table S2.

in the load entering the WWTP, in removal efﬁciencies, and in dilution
capacity owing to variation in river discharge (Vieno et al., 2005;
Loraine and Pettigrove, 2006; Sui et al., 2011) control effective exposure
to bioﬁlm and invertebrates over their lifetimes. Thus, variation (over
time) in the number and concentration of compounds found in water
would have likely altered BAFs if a longer time window had been considered. However, levels found in river water were close to those
found in the same site but in a different period of the year (Acuña
et al., 2015), and another study showed that the concentrations of
some pharmaceuticals in these study reaches were relatively stable
over a 48-h period (Aristi et al., 2015). Overall, our study advances the

notion that both waterborne and dietary exposure may contribute to
the bioaccumulation of emerging pollutants in aquatic organisms.
4.1. Bioaccumulation of emerging pollutants by aquatic organisms
We found almost half of the analyzed compounds (12 out of 25
PhACs, 5 out of 12 EDCs), but a large variation in their combinations
when comparing food web compartments: 5 compounds were present
in bioﬁlm but absent in water, 2 EDCs (BPA and estrone) were found in
Hydropsyche and Phagocata but not in water, and 5 out of the 10 compounds detected in water were not found in any other compartment
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Fig. 3. Non-metric multidimensional scaling (MDS) showing the ordination of the ﬁve
food web compartments and the four sampled reaches in terms of emerging pollutants'
composition (Bray–Curtis similarity index). C = control reach; I1 = 1st impact reach
after efﬂuent; I2 = 2nd impact reach after efﬂuent; I3 = 3rd impact reach after efﬂuent.
Shapes represent trophic compartments. The control reach for water was not included
in this representation because no compounds were detected (see Table S2).

(Fig. 2, Table S2). These mismatches could be explained by temporal
variation integrated by aquatic organisms but not captured in discrete
water samples, as discussed earlier. We also observed signiﬁcant differences in pollutants' composition and levels between bioﬁlm and the
three macroinvertebrate taxa. Although at relatively lower concentrations, bioﬁlm accumulated a higher number of PhACs and EDCs than
the three macroinvertebrate taxa (either alone or combined). This
high number of pollutants in bioﬁlm might be related not only to bioﬁlm
uptake but also to potential physical sorption by the extracellular polymeric substances, EPS (Schorer and Eisele, 1997; Headley et al., 1998;
Lawrence et al., 2001; Huerta et al., in press). The lack of detailed data
on bioﬁlm structure hinders, in our case, from assessing if variation in
the number of pollutants in bioﬁlm could be also partially explained
by differences in structure (e.g. related to maturity) across reaches. It
is also important to note that Hydropsyche and Phagocata had a signiﬁcantly higher number of bioaccumulated pollutants than Ancylus (4 vs.
1). For these taxa, but not for Ancylus, a previously developed bioaccumulation model for invertebrates (Arnot and Gobas, 2006) correctly
predicted the observed BAFs. Du et al. (2015) also found a signiﬁcant relationship, but with lower coefﬁcients of determination (R2 = 0.19), between predicted and observed BAFs of PhACs in Planorbarius snails in an
efﬂuent-dependent stream in Texas. Acknowledged factors explaining
variation in BAFs have been related (but not restricted) to differences
in lipid content, individual size, or life stage (Arnot and Gobas, 2006):
higher lipid contents imply a higher capacity to store hydrophobic
compounds; larger-bodied animals have slower elimination rates; and
age reﬂects organismal effective exposure under pseudo-persistent

conditions. In our study, Phagocata was the only taxa with a life-cycle
duration N 1 year (Tachet et al., 2002) and likely had the highest lipid
content of the three (Makhutova et al., 2009). This taxa also held the
highest trophic position (Armitage and Young, 1991; Tachet et al.,
2002) and highest mean body size. Since these traits are often correlated in nature (especially body size and trophic position; Woodward and
Hildrew, 2002; Woodward et al., 2005; Arim et al., 2010), it may be difﬁcult to parse out their unique inﬂuences by means of ﬁeld studies. Despite these and other sources of uncertainty around BCFs and BAFs (e.g.
respiration mode, Meredith-Williams et al., 2012), the relatively simple
bioaccumulation model based on Dow (Arnot and Gobas, 2006; as modiﬁed by Du et al., 2015) predicted BAFs in the highest trophic levels,
which is indeed relevant to ecological risk assessment.
4.2. Trophic magniﬁcation of TBEP
In our study, the only compound that could be tested for trophic
magniﬁcation or dilution (i.e. present in bioﬁlm as well as in the three
macroinvertebrate taxa) was the ﬂame retardant TBEP and it showed,
overall, trophic magniﬁcation. Our ﬁnding raises the question of whether TBEP would continue to be magniﬁed over additional (vertebrate)
trophic levels, either aquatic (i.e. from Hydropsyche larvae or Phagocata
to invertivore ﬁsh) or terrestrial (i.e. from adult, ﬂying Hydropsyche to
insectivorous birds). Within this context, studying a more extensive
food web (including an extra trophic level – e.g., ﬁsh – and other
primary- and secondary-consumer invertebrates) using C and N stable
isotopes could allow for a precise depiction of the magniﬁcation pathways. Previous studies had detected TBEP in similar concentrations, in
coastal ﬁshes in the Philippines (Kim et al., 2011) and in Mediterranean
riverine ﬁshes (also in the Ebro basin, among other rivers; Jakimska
et al., 2013). Chen et al. (2012) studied its occurrence in herring gull
eggs and pointed out that despite its moderate Kow value (3.9), the ubiquity of TBEP likely indicates bioaccumulation potential. Volatilization of
organophosphates from objects protected by ﬂame retardants such as
vehicles and buildings causes these compounds to enter aquatic ecosystems via washout from the atmosphere (Regnery and Püttmann, 2009).
This could explain why this compound, unlike all PhACs and most of the
EDCs detected, was found in all living compartments already in the control reach. TBEP can alter embryonic development and protein expression when present in high concentrations (150 μg L–1 to 100 mg L–1;
Han et al., 2014), but effects on biota within concentration ranges comparable to ours have not been reported to our knowledge.
Previous studies quantifying trophic magniﬁcation of emerging pollutants (either by using trophic magniﬁcation factors or by comparing
BAFs and ecological effects across trophic levels) show dissimilar results. Du et al. (2014) examined diphenhydramine and carbamazepine
concentrations (among other pharmaceuticals) in an efﬂuentdependent stream food web (considering bioﬁlms, aquatic invertebrates, and vertebrates) and found a slightly positive (non-signiﬁcant)
slope between carbamazepine concentration and trophic position, and
a signiﬁcant and negative one for diphenhydramine. The psychiatric
drug carbamazepine was also the focus of a study comparing BAFs and
toxic effects of this compound across three trophic levels (algae, a crustacean, and a cnidarian; Vernouillet et al., 2010). In that case

Table 2
Summary of PERMANOVA post-hoc tests comparing pollutant composition and levels among food web compartments (Bray–Curtis similarity index, 999 permutations). Values represent
average similarity in pollutants between/within compartments and P-value of each pairwise comparison (in parenthesis).
* = P b 0.05, reﬂecting signiﬁcant differences in pollutant composition for that pair.
PhAC + EDC matrix B

PhAC + EDC matrix A

Water
Bioﬁlm
Ancylus
Hydropsyche

Bioﬁlm

Ancylus

Hydropsyche

Phagocata

2.93 (0.004)*

3.28 (0.004)*
23.79 (0.107)

11.15 (0.006)*
15.97 (0.042)*
50.06 (0.350)

7.02 (0.009)*
15.28 (0.016)*
49.01 (0.028)*
42.54 (0.330)
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R2 = 0.324
b = 0.70 [0.32 - 1.07]
bioaccumulation across aquatic trophic levels is still very scarce, the trophic magniﬁcation of TBEP we found is a signiﬁcant ﬁnding and should
be further investigated.

4.3. Concluding remarks
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Fig. 4. Predicted vs. observed (ﬁeld) bioaccumulation factors (BAFs, in L kg−1) for
(a) Ancylus, (b) Hydropsyche, and (c) Phagocata. Solid lines show the observed relationship
between predicted and observed BAFs, dashed lines indicate a hypothetical 1:1 agreement
with the model used to predict BAFs (Arnot and Gobas, 2006; as modiﬁed by Du et al.
(2015)). The three linear regressions were signiﬁcant (P b 0.01). The coefﬁcients of determination (R2), and the slopes of the linear regression (b) with associate 95% conﬁdence intervals (in brackets) are shown.

magniﬁcation was reported between algae and the crustacean
Thamnocephalus, but dilution occurred towards the cnidarian Hydra,
which likely biotransformed this toxic. Another study on a psychiatric
drug (the benzodiazepine oxazepam) showed differential behavioral effects between exposed perch and damselﬂies, and reported that 46% of
the pharmaceutical present in ingested prey was accumulated in the
predator (Brodin et al., 2014). Since research explicitly targeting

The bioaccumulation of emerging pollutants by bioﬁlm and aquatic
invertebrates under ﬁeld conditions has attracted little research relative
to that devoted to ﬁsh. However, sedentary lives may make bioﬁlm and
many aquatic macroinvertebrate taxa (including aquatic life stages of
insects) particularly realistic indicators of local exposure. In particular,
some invertebrate groups have long been known to denote anthropogenic disturbance (Goodnight, 1973; Cairns and Pratt, 1993) and
hydroclimatic conditions (Barbour et al., 1992; Batzer and Ruhí, 2013),
hence their ability to reﬂect emerging pollution could even increase
their indicator use. Despite the number and variety of emerging pollutants detected in this study (and the presence of compounds like
diclofenac, recently included in the watch list of substances for EUwide monitoring), observed concentrations did not represent a clear
risk to exposed organisms. Future research should use stable isotopes
to estimate trophic positions and feeding links, and should consider as
many food web nodes as possible. However, this study already shows
that many compounds can be bioaccumulated, and TBEP can be magniﬁed by macroinvertebrates, in riverine food webs. Our results emphasize the need to consider diet, together with waterborne exposure, as
a potential bioaccumulation route in aquatic organisms.
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a b s t r a c t
Antibiotic resistance represents a growing global health concern due to the overuse and misuse of antibiotics.
There is, however, little information about how the selective pressure of clinical antibiotic usage can affect
environmental communities in aquatic ecosystems and which bacterial groups might be responsible for dissemination of antibiotic resistance genes (ARGs) into the environment. In this study, chemical and biological
characterization of water and sediments from three water supply reservoirs subjected to a wide pollution
gradient allowed to draw an accurate picture of the concentration of antibiotics and prevalence of ARGs, in
order to evaluate the potential role of ARGs in shaping bacterial communities, and to identify the bacterial
groups most probably carrying and disseminating ARGs. Results showed signiﬁcant correlation between
the presence of ARG conferring resistance to macrolides and the composition of bacterial communities,
suggesting that antibiotic pollution and the spreading of ARG might play a role in the conformation of bacterial communities in reservoirs. Results also pointed out the bacterial groups Actinobacteria and Firmicutes as
the ones probably carrying and disseminating ARGs. The potential effect of antibiotic pollution and the presence of ARGs on the composition of bacterial communities in lacustrine ecosystems prompt the fundamental
question about potential effects on bacterial-related ecosystem services supplied by lakes and reservoirs.
© 2013 Elsevier B.V. All rights reserved.

1. Introduction
One of the most signiﬁcant groups of pollutants within the category
of emerging contaminants is antibiotics (Schriks et al., 2010). Antibiotic
compounds may be found in different environmental compartments
due to their extensive use in human and veterinary medicine and the
continuous drainage of surface runoff and release from wastewater
treatment plants (WWTP). The presence of these compounds in freshwater systems has attracted increasing attention because of their
potential threat to the environment (Gros et al., 2009; Kim and
Carlson, 2007). Antibiotics may pose a risk to the ecosystems even at
⁎ Corresponding author. Tel.: +34 972183380; fax: +34 972 183248.
E-mail address: rmarce@icra.cat (R. Marcé).

very low concentrations and persistence rates, as they are designed
to have a biochemical effect in the microorganisms, and thus have a
signiﬁcant impact in the processes controlled by native biological communities (Maul et al., 2006; Muñoz et al., 2009). To date most research
on the impact of antibiotic discharges into the environment are based
on the effects on benthic invertebrates and algae (Cleuvers, 2003;
Fent et al., 2006). However, little is known about the potential effects
on the diversity and functioning of bacterial communities in lacustrine
ecosystems, despite its fundamental role as regulators of the processes
that deﬁne the majority of ecosystem services provided by these freshwater bodies, such as the capacity for self-puriﬁcation (Bell et al., 2005).
One of the greatest concerns about the presence of antibiotics in
the environment is the emergence and dissemination of antibiotic
resistance genes (ARGs) due to continuous exposure of bacteria,

0048-9697/$ – see front matter © 2013 Elsevier B.V. All rights reserved.
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even at very low antibiotic concentrations (Baquero et al., 2008;
Kümmerer, 2009a, 2009b; Martinez, 2009; Zuccato et al., 2010).
Many of these genes are found on transposons, integrons or plasmids,
which can be mobilized and transferred to other bacteria, belonging
to the same or different species (Allen et al., 2010). Although, antibiotic resistance development has been extensively investigated in
cultivable bacteria, especially those of clinical importance (D'Costa
et al., 2007), the vast majority of environmental bacteria cannot be
cultured using standard laboratory methods (Amann et al., 1995;
Kirk et al., 2004; Oliver, 2010). As a result, there is little information
about how the selective pressure of clinical antibiotic usage can affect
environmental communities (D'Costa et al., 2011; Martinez, 2009)
and which bacterial groups might be responsible for dissemination
of ARGs in the environment (Allen et al., 2010; Li et al., 2011; Zhang
et al., 2009). This is particularly relevant in the case of reservoirs
used for abstraction of drinking water and recreational activities,
two principal routes for resistant environmental bacteria and ARGs
to reach human populations (Taylor et al., 2011). Water supply in
Mediterranean countries is frequently based on resources stored in
reservoirs located downstream from populated areas, deﬁning these
systems as ideal study sites to investigate the effect of antibiotic
pollution on natural microbial communities.
The objective of this study was to assess whether the occurrence of antibiotic compounds and ARGs can have a role in the
composition of microbial communities from the water column
and sediments of three water supply reservoirs (La Llosa del Cavall,
Sau, and Foix) located near Barcelona, Spain. Concentrations of nine antibiotic families in water and sediment samples were measured by
ultra-high-performance liquid chromatography coupled to mass spectrometry. Real-time PCR was applied for the quantiﬁcation of four selected ARGs, whereas pyrosequencing was used to analyze the bacterial
community composition. This combined approach allowed to draw an
accurate picture of the concentration of antibiotics and prevalence of
ARGs in the studied reservoirs, to evaluate the associations between
ARGs and bacterial communities, and to identify the bacterial groups
most probably carrying and disseminating ARGs.
2. Materials and methods
2.1. Sampling and in situ measurements
Three man-made reservoirs located in Catalonia (Spain) were
chosen considering their role in water supply, irrigation, and recreational uses, as well as the intensity of human activity in the upstream
watershed. La Llosa Reservoir is located in the headwaters of the
Cardener River, and stores 79 hm 3 of water (maximum depth
72 m, mean water residence time (WRT) 333 days) devoted mainly
to water supply and irrigation. Sau Reservoir (volume 164 hm 3,
maximum depth 50 m, WRT 113 days) is located in a middle stretch
of the Ter River, and is a fundamental player in the water supply
scheme of the Barcelona Metropolitan Area. Finally, Foix Reservoir
is a small reservoir (volume 3.7 hm 3, maximum depth 11 m, WRT
106 days) located in the Foix River devoted to irrigation of local
ﬁelds and hosts a number of recreational activities. These artiﬁcial
reservoirs present an increasing pollution gradient from La Llosa
Reservoir, which is near pristine conditions, to Foix Reservoir,
which is a highly polluted water body, while Sau Reservoir is in an
intermediate situation. The main stressor deﬁning the pollution
gradient observed in the reservoirs is the impact of efﬂuents from
upstream WWTP: in Foix Reservoir the mean percent of water entering the reservoir that comes from upstream WWTP efﬂuents was 60%
for the last decade, in Sau Reservoir was 10%, and in La Llosa Reservoir was 0.3%.
Sampling campaigns were performed in May 2010 and May 2011.
Samples were taken at three different points in each reservoir: near
the main inﬂow (tail), in middle reach (mid), and near the dam.
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The rationale behind sampling in these three different points along
the reservoirs is that the input of materials from the river promotes
the establishment of heterogeneous bacterial communities along the
reservoir (Šimek et al., 2011). During the sampling campaigns, reservoirs were stratiﬁed, with surface water temperature around 15 °C
and the bottom water around 8 °C.
In the three sampling points visited in each reservoir a surface
water sample (i.e. 0.5 m depth) was collected with a 5 L hydrographic
bottle (except for LC–MS/MS analysis, where an amber glass bottle
was used), and a sample from the top 4 cm of the sediments by
means of a Ekman–Birge bottom sampler (Hydro-Bios). In the sampling point near the dam an additional water sample one meter
above the sediments was collected (i.e., four water samples and
three sediment samples for each reservoir in total). ARGs analyses
and bacterial community characterization were performed only for
samples collected in 2011. At every sampling station proﬁles of
water temperature, conductivity, pH, and dissolved oxygen were
measured with a SeaBird 19plus SEACAT CTD Proﬁler. The amount of
light down the proﬁles was assessed by means of a Li-COR spherical
Quantum Sensor (LI-193SA), and the light extinction coefﬁcient
calculated assuming the Beer–Lambert law. Hydrological data for the
reservoirs were supplied by the Catalan Water Agency (ACA).
2.2. General parameters
Water samples were ﬁltered through GF/F ﬁlters and analyzed for
nitrate and chloride by liquid chromatography in a Konik KNK 500-A,
and for soluble phosphate (Murphy and Riley, 1962) and ammonia
(Solórzano, 1969) by a colorimetric method. Dissolved organic carbon
concentration was quantiﬁed by combustion in a Shimadzu TOC-5000
Analyzer after ﬁltration through a GF/F ﬁlter and acidiﬁcation to
remove inorganic carbon. Suspended solids were calculated by gravimetry. Total dissolved iron and manganese were measured through
the phenantroline method and the persulfate method, respectively
(APHA, 1992). Density of live bacteria was assessed after staining
water samples with Live/Dead(R) BacLight™ bacterial viability kit.
For the top 4 cm of the sediment samples, concentrations of As, Ba,
Cd, Ce, Co, Cr, Cu, Ga, Mn, Mo, Nb, Ni, Pb, Rb, Sn, Sr, Th, Ti, V, W, Y,
Zn, Zr, and Fe were determined through X-ray ﬂuorescence (model:
Axios advanced PANalytical) after adhesion using Elvactite 2044 and
posterior pressing.
2.3. Antibiotic analysis
A Baker vacuum system (J.T. Baker, The Netherlands) was used to
pre-concentrate the water samples using an adapted method (Gros et
al., 2012). Brieﬂy, water sample was pH-adjusted to 3 with 1.0 M HCl
and 10 ml of 1 M EDTA (4%, v/v) was added. Oasis HLB cartridges
(60 mg, 3 ml) cartridges (Waters, Massachusetts, USA) were loaded
with 250 mL of water samples. Cartridges were eluted with 10 ml
of methanol. The extracts were evaporated under a gentle nitrogen
stream and reconstituted with 1 mL of methanol–water mixture
(50:50, v/v). A detailed description of the sediment extraction
method can be found elsewhere (Yang et al., 2010). Brieﬂy, 1 g of
freeze-dried sediment was sonicated for 15 minutes in 10 mL of
0.2 M citric buffer (pH 4.0) and acetonitrile solution (50:50, v/v).
Each extract was centrifuged and the supernatant diluted to 500 mL
and puriﬁed with SPE following the same procedure as water samples. Extracts were analyzed using the method developed by Gros et
al. (Gros et al., 2013) using a UPLC Waters chromatographic system
(Milford, MA, USA) coupled to a Qtrap 5500 (Applied Biosystems)
mass spectrometer. Chromatographic separation was achieved with
an ACQUITY UPLC HSS T3 column (2.1 × 50 mm, particle size
1.8 μm) at 30 °C, supplied by Waters (Milford, MA, USA). Recoveries
for the analyzed antibiotic compounds were 50–133% for water
samples, and 33–101% for sediment samples.
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2.4. Quantiﬁcation of ARGs by real-time PCR

2.6. Data analyses

Water samples were ﬁltered through 0.22 μm nylon ﬁlters
(Millipore) in order to concentrate bacterial cells. The membranes
were then resuspended in lysis buffer (1.2% Triton X-100, 20 mM
Tris–Cl, 2 mM sodium EDTA, and 20 mg/ml), and DNA was extracted
using a standard phenol-chloroform method. Sediment samples were
also collected, weighed, and homogenized in phosphate-buffered
saline (PBS; 10 mM sodium phosphate, 150 mM sodium chloride,
pH 7.2). The homogenates were then resuspended in lysis buffer
and DNA was extracted as mentioned above. All samples were
collected and analyzed in duplicate.
The ARGs considered in this study were blaTEM, ermB, qnrS, and
sulI, which confer resistance to β-lactam antibiotics, macrolides,
quinolones (including ﬂuoroquinolones) and sulfonamides, respectively. ARGs were quantiﬁed in all DNA extracted samples using
real-time PCR. Copy number of the 16S rRNA gene was also quantiﬁed
for normalization of the data. All real-time PCR assays were ampliﬁed
in duplicate using the Brilliant III Ultra-Fast SYBR® Green QPCR
Master Mix (Agilent Technologies) on a MX3005P system (Agilent
Technologies), with the exception for the blaTEM gene, which was
ampliﬁed using the SYBR® Green Master Mix (Applied Biosystems).
The primers sets and the thermal cycling parameters were speciﬁc
for each gene (Table A.1). After the PCR, a dissociation curve (melting
curve) was constructed in the range of 60 °C to 95 °C. Escherichia coli
strain 488 (blaTEM), Enterococcus sp. strain CO4097 (ermB), E. coli
strain J53 pMG306 (qnrS) and Aeromonas sp. strain P2G1 (sulI) were
used as positive controls to make the standards by transforming
gene-bearing plasmids into E. coli using the TOPO cloning kit
(Invitrogen). Plasmids were then extracted using the PureLink
plasmid kit (Invitrogen), and the concentration was determined
using a NanoDrop spectrophotometer (NanoDrop). Ten-fold serial
dilutions of puriﬁed plasmid DNA were used for the generation
of standard curves for each ARG. Gene copies were calculated as
described previously (Marti and Balcazar, 2012).
Data (copy number of each ARG) were compared using the one-way
analysis of variance (ANOVA) or Kruskal-Wallis test as appropriate,
because most data were not normally distributed. Data were analyzed
using SPSS for Windows version 17.0 (SPSS, Chicago, IL).

To investigate the generality of longitudinal patterns in reservoirs,
mean normalized concentrations of antibiotics were calculated to be
able to combine data from the different reservoirs in common analyses and ﬁgures. Antibiotic concentrations along a given reservoir
were normalized by the corresponding average of the whole system,
and then data from all reservoirs were used to calculate cross-system
means and standard deviations for the tail, mid, and dam regions
(water and sediments treated separately). The same procedure was
used to calculate mean normalized ARG abundances.
To search for potential links between antibiotic pollution, ARGs,
and bacterial communities, a series of Redundancy Analysis (RDA)based analyses was performed. First, the relative importance of environmental variables (including antibiotic concentrations), space
(geographic coordinates) (Van der Gucht et al., 2007), and the presence of ARGs in explaining the bacterial communities in the water
column and sediments, separately, was determined. The total variation of the bacterial community matrix was decomposed into unique
environmental, spatial, and ARG components with corresponding p
values using RDA and partial RDA (Borcard et al., 1992; Cottenie
et al., 2003; Legendre and Legendre, 1998). This analysis measures
the amount of variation that can be attributed exclusively to one set
of explanatory (environment, space, or ARGs) variables and the
variation explained by correlations between the different sets (shared
or common term). The signiﬁcance of these components was evaluated
with a Monte Carlo permutation test (Legendre and Legendre, 1998),
and the variation components were bias-corrected (Peres-Neto et al.,
2006). Although the set of samples for the analyses was limited (n =
12 for water samples, n = 9 for sediments), RDA and partial RDA
included in the variation analyses never used a number of explanatory
variables in excess of n/2 (Borcard et al., 2011) in the case of water
samples, and only one RDA failed to fulﬁll this condition for the sediment set. This was accomplished reducing the number of explanatory
variables in each set to the most parsimonious subset of signiﬁcant
variables with a forward selection procedure. This procedure also
prevented over-ﬁtting and co-linearity. The bacterial community data
consisted in percentages to avoid the deleterious effect of the different
density of bacteria on the analyses, while all explanatory variables
were log transformed and standardized. No signiﬁcant eigenvector or
polynomial spatial variable was found, hence only the geographic coordinates were considered in the analyses.
The association between antibiotics and ARGs in the water column and sediments was assessed performing two separate RDA
using as explanatory variables the corresponding set of environmental variables measured in this study. Due to the large number
of potential explanatory variables, the most parsimonious subsets
of signiﬁcant variables were selected with a forward selection procedure. The association between ARGs and bacterial groups in
water and sediments was also tested through RDA, using the
ARGs data as the explanatory matrix. Forward selection was used
as above to avoid over-ﬁtting and co-linearity. All RDA and partial
RDA included in this study were performed with R (R Development
Core Team, 2007) and the Vegan library (Oksanen et al., 2007).

2.5. Analysis of bacterial community composition by pyrosequencing
Puriﬁed DNA samples from each sampling point were ampliﬁed
separately with primers 27F (3′-GAG TTT GAT CNT GGC TCAG-5′)
and 519R (3′-GTN TTA CNG CGG CKG CTG-5′), and the amplicons
were sequenced using Roche 454 GS FLX Titanium chemistry. Raw
sequencing reads were quality trimmed using the MOTHUR software package (Schloss et al., 2009). Sequences were restricted to
the ﬁrst 250 bp and aligned using the SILVA reference database
(Pruesse et al., 2007). Sequences were then randomly removed
from each library to retain a total of 10855 (water samples) and
6058 (sediment samples) sequences for each treatment in order
to minimize any bias due to the difference in the total number of
sequences. The Ribosomal Database Project (RDP) pipeline and
Classiﬁer function (Wang et al., 2007) were used to align and
assign identities at a conﬁdence threshold of 80%. MOTHUR was
used to assign sequences to operational taxonomic units (OTUs,
97% similarity) and calculate both Shannon's diversity index
values (H′) and Chao1 richness estimates. The parsimony test, as
implemented by MOTHUR, was used to assess whether two or
more communities have the same structure. A Bonferroni correction was applied to adjust the signiﬁcance level for multiple
pairwise comparisons. The sequence data from this study have
been deposited in the NCBI Short Read Archive under accession
number SRA049379.

3. Results
3.1. Pollution gradient
The general physico-chemical characterization (Table A.2) allowed
us to conﬁrm a clear eutrophication and pollution gradient from
La Llosa to Foix. Water samples for Foix Reservoir showed extremely
high values for ammonia, phosphate, and metals. Nonetheless,
maximum values for the light extinction coefﬁcient were very high
at Foix Reservoir, according to the largest levels of suspended solids.
Chloride concentration, a variable closely related to pollution in
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reservoirs (Marcé et al., 2008), was also largest in Foix Reservoir. On
the contrary, in the case of sediment samples, results did not support
the existence of an obvious pollution gradient in this compartment
(Table A.2). Among elements that can be potentially attributed to
human pollution, only Cu, Pb, and Zn showed mild gradients with
largest values at Foix Reservoir.
3.2. Antibiotic occurrence
Antibiotic levels at the water column reached their maximum in
Foix Reservoir, where the most abundant antibiotic families found
were macrolides and sulfonamides, with erythromycin and sulfamethoxazole as the main family representatives, respectively (Fig. 1A–F,
Table A.3). In contrast, very low concentrations were found in water
from Sau and La Llosa Reservoirs, where maximum concentrations
were in the low ng L−1 range. The most prevalent antibiotic compound
in these two reservoirs was sulfamethozaxole, present in all the water
samples from Sau Reservoir and four samples out of twelve from La
Llosa. Antibiotic concentrations in sediment samples were slightly
higher in Foix Reservoir (Fig. 1G–L, Table A.4), but this tendency was

less evident than in water samples. Whereas macrolides followed the
same occurrence pattern found in water, sulfonamides and tetracyclines showed a different behavior, with relatively constant concentrations across reservoirs.
Antibiotic concentration along the water body of all reservoirs
sampled in this study (Fig. 2A–F) presented two distinct situations:
a) the compounds tetracycline, sulfamethoxazole, and erythromycin showed stable concentrations along the water body, a similar
result to that found for chloride, a conservative ion often used as
a tracer, indicating that these substances did not experienced
major transformations during transport along reservoirs; whereas
b) ciproﬂoxacin and oﬂoxacin seemed to be inﬂuenced by attenuation processes, as their concentrations decreased signiﬁcantly from
the tail to the dam. Considering the dynamics of chloride, this
reduction in the concentrations cannot be attributed to dilution
inside the reservoir but to other biotic or abiotic processes such
as sorption in particulate matter and photo and biodegradation.
Greater variability within each reservoir was present in sediment
samples (Fig. 2G–K), where the ﬂuoroquinolones ciproﬂoxacin and
oﬂoxacin were absent.

Fig. 1. Average antibiotic concentration and ARG abundance at the water column and sediments found in three water supply reservoirs. For each antibiotic family and reservoir,
calculations include all concentrations measured above the limit of quantiﬁcation from all sampling points. For each ARG and reservoir, calculations included all sampling points.
Missing points indicate that the antibiotic family or ARG was not detected. Bars denote standard deviations, and some were not plotted because they extended beyond zero in the
logarithmic axis.

78

Chapter 5: Effects
B. Huerta et al. / Science of the Total Environment 456–457 (2013) 161–170

Fig. 2. Occurrence of chloride, selected antibiotics and ARGs in the water column and sediments along the longitudinal axis of water supply reservoirs, expressed as mean normalized concentration (Methods). For reference, the normalized concentration that equals the mean (i.e., one) was indicated as a dashed horizontal line, and we included results of an
exponential ﬁt and corresponding curve for ﬂuoroquinolones. Missing points indicate that the antibiotic or ARG was not detected. Bars denote standard deviations, and some were
not plotted because they extended beyond zero in the logarithmic axis.

3.3. Prevalence of antibiotic resistance genes (ARG)
Quantitative analysis of ARGs in water samples showed that qnrS
and ermB genes had a higher copy number in Foix Reservoir than in
Sau and La Llosa del Cavall reservoirs (Fig. 1M–P). In addition, the
abundance of the sulI gene was signiﬁcantly higher (p b 0.05) in
water samples from Foix and Sau reservoirs compared with the abundance in La Llosa del Cavall Reservoir. However, no signiﬁcant differences (p > 0.05) in abundance of the blaTEM gene was found among
reservoirs.
For sediment samples, only the abundance of the sulI gene was
signiﬁcantly greater (p b 0.05) in Foix Reservoir compared to the
other two reservoirs (Fig. 1Q-R). The qnrS gene was only detected in
sediment samples collected from Foix and Sau reservoirs. However,
there was no signiﬁcant difference (p > 0.05) in copy number between the two reservoirs. The blaTEM and ermB genes showed similar
copy number in sediment samples from the three reservoirs.
Although the normalized concentration of ARGs in water samples
collected at the tail of the reservoirs tended to be larger than in mid
and dam regions (Fig. 2L–S), the differences did not reach the level
of statistical signiﬁcance, with the exception of the qnrS gene whose
concentration was signiﬁcantly higher (p b 0.05) at the tail. A higher
concentration of ARGs was indeed observed in sediment samples

collected at the tail stations, with the exception of the qnrS gene
whose concentration did not show any signiﬁcant difference among
sampling points.

3.4. Bacterial community composition
Phylum level afﬁliations of sequences encountered in each sampling point revealed a diverse bacterial community. The relative
abundance of bacterial communities at the phylum level (classes for
Proteobacteria) showed that the dominant bacterial groups in water
samples were Actinobacteria, Betaproteobacteria, and Bacteroidetes
(Fig. 3), except for the tail of Foix Reservoir where Actinobacteria
and Gammaproteobacteria were dominant. The bacterial community
composition in sediment samples was more variable among the
different sampling points (Fig. 3), as measured by the Shannon diversity index and Chao1 richness estimator (Tables A.5-A.8). The dominant bacterial groups in sediment samples were Actinobacteria,
Betaproteobacteria, and Gammaproteobacteria in La Llosa del Cavall
Reservoir; Cyanobacteria, Firmicutes, and Planctomycetes in Sau Reservoir; and Actinobacteria, Firmicutes, and Planctomycetes in Foix Reservoir. A high proportion of unclassiﬁed bacteria (mean value for all the
sediment samples = 17.41 ± 6.63, n = 9) was also observed.
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Fig. 3. Bacterial community composition in A) water samples; B) sediment samples from the three reservoirs.##.

Despite the high degree of similarity shared among the bacterial
communities from each sampling point at the phylum level, differences with respect to community structure and composition became
apparent at the genus level (97% similarity). Pairwise comparison of
each bacterial community harbored a phylogenetic structure that
was signiﬁcantly different (p b 0.01) from each other, as determined
by the phylogeny-based parsimony test (Tables A.5 and A.6). Only
water samples collected at the tail, mid, and dam sites from La Llosa
del Cavall Reservoir did not show any signiﬁcant difference in the
bacterial community structure.
3.5. Links between antibiotics, ARGs, and bacterial communities
A variation partitioning analysis was performed to identify the
environmental and spatial factors that best explain the disparity in
bacterial communities found in water and sediment samples (see
Section 2.6). The analysis included the geographic location of
sampling points, the environmental variables measured in this
study (including antibiotic concentration), and the ARG abundance
data as a third additional descriptor group. As for water samples,
the analysis explained the 80% of the variation in the bacterial community data, and yielded 19% of total variance explained by ARG
alone, 17% by environmental variables alone, 11% by geographical
location alone, and 33% by a common effect (Fig. 4A and Table A.9).
In particular, the variables that signiﬁcantly contributed to explain
the overall bacterial community patterns where: geographic location
(x coordinate), water temperature, pH, light extinction coefﬁcient,
and normalized emrB and blaTEM copy numbers. In the case of
sediment samples, the analysis explained the 74% of the variation of
the bacterial communities, but we could not identify any signiﬁcant
isolated component (Fig. 4B and Table A.9). This was most probably
because the explanatory matrices were highly correlated, as showed
by the large shared component (69%). Geographical location was
not signiﬁcant in this case, being the variables that signiﬁcantly contributed to explain the overall bacterial community patterns: W, Rb,
and Mn concentration, and normalized emrB and sulI copy numbers.
Potential links between the environmental conditions and the
abundance of ARGs in water and sediment samples were explored
performing a RDA, using the environmental variables (including
antibiotic concentration) as an explanatory matrix. In the case of
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water samples, the analysis explained 85% of the variability of the
ARGs data (Fig. 4C, p b 0.0001), with a disproportional large effect
of macrolides concentration (adjusted r 2 = 0.64, p = 0.001) and
minor contributions of density of live bacteria (adjusted R 2 = 0.15,
p = 0.001) and the light extinction coefﬁcient (adjusted r 2 = 0.06,
p = 0.001). It was noteworthy the association between macrolides
concentration and normalized ermB copy numbers (Pearson's r 2 =
0.77, p = 0.0002, n = 12), and between the density of live bacteria
and normalized sulI (Pearson's r 2 = 0.54, p = 0.0067, n = 12). For
the sediments, the analysis explained 50% of the variability of the
ARG data (Fig. 4D, p = 0.016), with a signiﬁcant effect of macrolides
concentration (adjusted r 2 = 0.28, p = 0.036) and Cd concentration
(adjusted r 2 = 0.18, p = 0.044). Macrolides concentration correlated
positively with sulI copy number (Pearson's r 2 = 0.52, p = 0.0293,
n = 9), while Cd concentration was inversely related to qnrS
(Pearson's r 2 = 0.51, p = 0.0308, n = 9).
Finally, associations between ARGs and bacterial groups in water
samples were assessed performing a RDA using the ARGs data as the
explanatory matrix (Fig. 4E). The analysis explained 52% of the variability of the bacterial community data (p b 0.0027), with the blaTEM
(adjusted r 2 = 0.40, p = 0.011) and ermB (adjusted r 2 = 0.12, p =
0.016) genes as signiﬁcant explanatory variables. Although the RDA
suggested a positive association between normalized ermB copy numbers and the percentage of Firmicutes, as well as between the blaTEM
gene and the percentage of Actinobacteria, paired Pearson's correlations
did not show any signiﬁcant result. Remarkably, in RDA analysis for the
sediment samples, the bacterial groups related to ARGs in water samples were also involved in main associations found in the sediments
(Fig. 4F). Explained variability was 69% (p b 0.0001), with the ermB
(adjusted R2 = 0.57, p = 0.002) and sulI (adjusted r 2 = 0.12, p =
0.019) genes as signiﬁcant predictors. The ermB gene strongly and signiﬁcantly correlated with the percentage of Actinobacteria (Pearson's
r 2 = 0.88, p = 0.0002, n = 9), as well as the sulI gene with Firmicutes
(Pearson's r2 = 0.61, p = 0.0129, n = 9).
4. Discussion
Signiﬁcant associations between the ARGs and bacterial community composition in three water supply reservoirs were detected.
Although a correlation exercise cannot conﬁrm the hypothesis that
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Fig. 4. Analysis of the relationships between environmental variables (including antibiotics), ARG, and bacterial communities in water (left panels) and sediment (right panels) samples:
Variation partitioning analyses of the bacterial communities in water (A and B), RDA distance biplots of ARG abundance constrained by environmental variables (C and D) and bacterial
community data constrained by ARG abundance (E and F). Explanatory variables in RDA are denoted as bold blue arrows and red marks. We removed unclassiﬁed bacterial groups and
groups without signiﬁcant weight in panels e and f to increase readability.##.

antibiotic occurrence and ARGs is shaping the bacterial communities
in the reservoirs sampled, results suggested that this is the most
plausible explanation for the associations found. A potential alternative explanation is that correlations were spurious, that is, promoted
by an unnoticed common cause. This common cause might be the
effect of WWTP efﬂuents containing resistant bacteria (Pruden et
al., 2006), which means that all associations found between ARGs
and bacterial communities were just promoted by the fact that both
bacteria and ARGs are released from upstream WWTPs. Although

this may be the main explanation for the presence of the detected
ARGs in the resistome of the bacterial communities, this cannot
explain associations between ARG and bacterial communities found
in this study considering the WRT of the water bodies under investigation. Since WRT in the reservoirs is in the order of months, the bacterial communities are the result of the complex ecological interactions
(e.g., competence, predation) among bacteria and the other components of the food web after presumably hundreds or thousands of
bacterial live cycles. Although it is reasonable to think that the presence
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of ARGs in the resistome can be facilitated by direct pollution from
WWTP efﬂuents, the most plausible explanation for the associations
found between ARGs and the bacterial communities is that ARGs and
the resistant bacteria spread in the bacterial community facilitated by
the presence of the selective agent (antibiotic).
The association between ARGs and the bacterial communities was
more evident in the water column, where ARGs was the unique variation component with the strongest explaining power (19%), despite
the dominant role of the variation shared by the three explaining sets
(33%). The variation shared by the different explaining sets precluded
the detection of any signiﬁcant unique component in the sediments,
but considering the highly signiﬁcant explanatory power of the
ARGs data the effect of ARGs on the bacterial communities cannot
be discarded (Table A.8). In any case, the pollution gradient in
water samples was more evident than in the sediments, where differences in environmental variables and ARGs were less apparent. Normalized ARGs abundance in water and sediments from the same
sampling site were closely related (Fig. A.1), suggesting a common
process, with the only exception of qnrS (related to ﬂuoroquinolones,
the antibiotic family with the most variable concentration in water
and absent in the sediment).
Maximum antibiotic concentrations found in this study are
frequently reported in systems affected by efﬂuents of wastewater
treatment plants (Zhou et al., 2011). In this case, the pollution gradient between reservoirs was mainly determined by the wastewater
contribution to the total inﬂow to the reservoir, which peaked at
Foix Reservoir (average annual contribution of 31%). Some studies
have shown that exposure to highly antibiotic-contaminated efﬂuent
promotes resistance genes in environmental bacterial communities
(Kristiansson et al., 2011), but other studies suggest that levels of
antibiotics below the minimum inhibitory concentration (MIC) can
also select resistant bacteria (Gullberg et al., 2011). Thus, even though
the levels of antibiotics found in this study are, as expected, far below
the MIC for bacteria, it cannot be excluded that they might exert a
selection pressure enough to maintain the resistome in environmental communities.
Highest concentrations of antibiotics corresponded to macrolides
and sulfamides (water), and tetracyclines (sediment), in similar
levels (ng/L to μg/L) to those found in some studies carried out in
river water and sediments (Tong et al., 2009; Yang et al., 2010).
Although RDA identiﬁed macrolides concentration as a principal
variable for explaining the variability of ARG in both, water and sediment samples, antibiotic concentration was not a signiﬁcant variable
in variation analyses of the bacterial communities. However, this
might be a consequence of the incapability of the analyses to assess
the presence of all antibiotic compounds present in the samples,
including metabolites and transformation products that can have
similar or even higher biological activity (Boxall et al., 2004). Thus,
the ARG data may be considered as an integrative proxy of the presence of a complex mixture of antibiotic pollutants, better reﬂecting
the impacts of pollution on the bacterial communities. Metals can
also be responsible for the presence of ARG due to co-resistance
mechanisms (Baker-Austin et al., 2006; Knapp et al., 2011), although
no positive association between ARG and concentration of metals was
found in this study. However, the presence of metals could be a factor
correlated with the transport and accumulation of antibiotics. For
instance, ﬂuoroquinolones are known to form complexes with some
iron oxides, which suggest a tendency to adsorb onto clay minerals
(Gu and Karthikeyan, 2005). Also, the adsorption of tetracyclines on
sediments strongly depends on the pH and presence of metals
(Zhang et al., 2011). Values of metals in the target reservoirs showed
a maximum of ﬁfty-fold higher concentration of Fe 2+ in water from
Foix than from La Llosa Reservoir, what could explain the higher concentration of antibiotics in the sediment of Foix Reservoir, as a result
of not only the greater antibiotic concentration but also other pollutants that might increase antibiotic residence time in the system.
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One of the most relevant results from this study is that two bacterial groups associated to the presence of ARGs in both water and sediments were identiﬁed as Actinobacteria and Firmicutes. This is not
unexpected, because some members of Actinobacteria and Firmicutes
are producers of antibiotics (Allen et al., 2010; Kieser et al., 2000;
Mannanov and Sattarova, 2001). Considering that analyses for the different compartments were independent, this suggests that these two
groups may be related to the dissemination of ARGs in natural environments like reservoirs. This is in accordance with previous studies,
showing that most resistant bacteria belong to Gram-positive group
(Mindlin et al., 2008). These results are remarkable considering that
Actinobacteria was the bacterial group contributing the most to the
bacterial communities sampled in this study (mean abundance =
22 ± 13%), suggesting that indeed ARGs may be signiﬁcantly linked
to bacterial community composition in freshwaters affected by antibiotic pollution. The association between ARG and Firmicutes was
less conclusive, because in some samples the relatively low number
of Firmicutes may be explained as a residual population coming
directly from the upstream WWTP efﬂuents. If this were the case,
the association would be entirely spurious, with no implications
related to the dynamics of the natural community.
Although the strong and highly signiﬁcant relationship found in
the sediment samples between Actinobacteria and the ermB gene as
well as between Firmicutes and the sulI gene seems to support an
association between particular taxa and particular ARG, this information should be interpreted with caution. Several of the ARGs abundances were signiﬁcantly correlated both, in water and sediments,
and other ARGs not measured in this study might be present in the samples. Thus, the possibility that signiﬁcant ARGs detected by RDA simply
reﬂect the effect of non-measured ARGs, or that the uncertainty of the
measurements resulted in the observed associations, while masking
the causal relationships that would include different measured ARG,
cannot be discarded. The fact that Actinobacteria is related with the
ermB gene in sediments but with the blaTEM gene in the water column
seems to point in this direction (the same reasoning is valid for
Firmicutes, sulI, and ermB). The association between Actinobacteria,
Firmicutes and the presence of ARGs can be considered robust, but the
bacterial group in charge of carrying each ARG cannot be appointed. It
is also difﬁcult to ascertain whether other signiﬁcant environmental
and spatial variables in the analyses have a real effect on the bacterial
communities or they simply reﬂect other environmental conditions,
which are either not measured or confounded in spatial differences.
The presence of signiﬁcant variables like metals W or Rb concentration
seems to point to the latter.
Although the correlations cannot conﬁrm causal mechanisms, the
signiﬁcant role of macrolides, ermB, Actinobacteria and Firmicutes in
independent analyses suggests that antibiotic pollution may play a
role in the conformation of bacterial communities in reservoirs via
the spreading of ARGs. Macrolides are the most prevalent antibiotic
family measured in our samples, and the ermB gene is an ARG conferring resistance to, precisely, macrolides. Finally, the ermB gene had a
signiﬁcant role in explaining bacterial community variability in both
water and sediment samples, and at least in sediments showed a
clear relationship with abundance of Actinobacteria. In fact, a search
using BLASTN (Altschul et al., 1990) for the matching sequences in
the GenBank database including updates against the sequence for
the ermB gene (GenBank accession no. AJ972606) as a query sequence revealed the presence of this gene in several bacterial species,
including members of Actinobacteria, such as Eggerthella sp. (GenBank
accession no. AP012211) and Trueperella pyogenes (GenBank accession no. AY334073). The spreading of the ermB gene may be facilitated
due to the fact that it is associated with conjugative transposons
located in chromosomes as well as on plasmids (Roberts, 2008).
Again, although our results cannot prove the existence of such a causal
chain, we can speculate about the existence of a selective pressure of
macrolides on the bacterial communities, with spreading of ARGs
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(already present in the community or coming from ARGs pollution
from WWTPs) as a convenient mechanism used by particular bacterial
groups to out-compete others. But more research in needed to conﬁrm
this mechanism.
Although some studies already described impacts of antibiotics on
the functionality of bacterial communities in aquatic environments
(Bundschuh et al., 2009; Maul et al., 2006), this is one of the few studies to describe signiﬁcant associations between antibiotic pollution,
the presence of ARGs, and the composition of bacterial communities
in lacustrine ecosystems. Moreover, the fact that the bacterial communities were analyzed by pyrosequencing avoided the bias obtained
when evaluating antibiotic resistance in environmental microbial
communities based only on cultivable bacteria. However, we can
only speculate about the effects of the shifts of the bacterial communities promoted by antibiotic pollution and ARGs on the functionality
of the ecosystem. While it is well known the principal role of bacteria
in the ecosystem processes that deﬁne most of the ecosystem services
provided by lacustrine ecosystems (e.g., organic matter degradation,
denitriﬁcation), information to anticipate the impact of the combination of antibiotic pollution and the presence of ARGs on the bacterial
communities is lacking. Are ARGs conferring resilience against the
impacts of antibiotic pollution thus maintaining the community physiological proﬁles (i.e. the capacity to degrade a number of carbon
sources) and growth indices, or some biogeochemical processes will
be severely impacted by the community shift? In the light of these
results, these kinds of questions deserve much more attention in
the future.
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Abstract
Psychoactive drugs have been persistently detected in surface waters, and biochemical and
behavioural effects in a range of aquatic organisms have already been reported. The conservation of
these drugs receptors in fish means that a mode-of-action mediated effect could be observed in fish in
the same way as in humans, although the key question is at what exposure concentrations this might
happen. This study investigated the relationship between the concentrations of oxazepam, a
benzodiazepine, in water, fish plasma and other tissues, and the drug-induced behavioural effects after
chronic exposure. Higher oxazepam concentrations were found in brain, followed by plasma and
liver, while muscle presented the lowest values. Average concentrations measured in plasma after 28
days were 8.7±5.7, 30.3±16.1, and 98.8±72.9 for the 1, 5, and 25 μg L-1 exposure nominal water
concentrations. Significant positive correlations between plasma and tissue concentration of
oxazepam were found in all cases. Exposure of fish to 25 μg L-1 produced plasma concentrations
within the Human Therapeutic Plasma Concentration (HTPC) range in many individuals, indicating
that an anxiolytic effect in fish, closely related to an increase in the exploratory activity, was expected
according to the Read-Across hypothesis. However, no behavioural effects were observed at any
exposure concentrations in the exploratory activity, distance travelled or velocity at any exposure
level.

Keywords: Read-Across, behaviour, bioaccumulation, fish, psychoactive drug
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Introduction
In recent years interest in the potential effects of psychoactive pharmaceuticals in aquatic
organisms has grown rapidly, mainly due to the frequent detection of particular compounds in the
aquatic environment

173–175

. Several psychoactive drugs have been detected in surface waters,

generally in the ng L-1 range 175–177, as well as in the biota including fish tissues
147

, invertebrates

49,86

and biofilm

85

41,43,82,100

, fish plasma

, in the low ng g-1 range. In addition, an increasing number of

studies have attributed biochemical and behavioural effects to some of these compounds in a range of
aquatic organisms, and across a wide range of exposure concentrations (pg L -1 to mg L-1).
Consequently, the environmental implications of exposure to these drugs is, as yet, unclear 175.
Amongst the psychoactive compounds of interest is the benzodiazepine oxazepam has received
significant attention after a recent report in which relatively low concentrations (1.8 μg L-1) affected
the behaviour of wild fish inhabiting Swedish rivers 103,178. Oxazepam is a drug widely used primarily
for the treatment of anxiety, but is also prescribed for insomnia and acute alcohol withdrawal. This
drug acts as an agonist of an allosteric binding site on γ-aminobutyric acid subtype A (GABAA)
receptors and increases the efficiency of GABA binding, a major inhibitory neurotransmitter and key
regulator of anxiety

179

, thus leading to the reduction of the communication between neurons, and

hence to a calming effect in the brain

180–182

. Importantly, this neurotransmitter system is well

conserved in teleost fish: several studies have identified benzodiazepine-GABA receptors in fish and
shown that they have similar binding characteristics as those present in mammals 183,184; and exposure
of zebrafish to GABA-enhancing drugs, such as diazepam (another benzodiazepine drug), results in
anxiolytic effects, thus confirming that fish are sensitive to GABA modulation, and specifically the
enhanced inhibitory action of benzodiazepines

185

. This apparent conservation of drug target supports

the notion that exposure to oxazepam may lead to a similar mode-of-action mediated effect in fish as
is the case in humans 181,186.
Considering the importance of characterizing accurate effect concentrations in order to better
inform the Environmental Risk Assessment (ERA) of pharmaceuticals, the aim of this study was to
investigate the relationship between the external (water) exposure concentration and internal (plasma)
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exposure concentration of oxazepam in Fathead Minnow (Pimephales promelas), and the resultant
behavioural effects of the drug after a chronic exposure.
The experimental design used was formulated using the principle of the „read across
hypothesis‟

147,187

, that is hypothesis that, provided the pharmacological „machinery‟ are present and

functionally comparable, human pharmaceuticals will elicit the same target-mediated pharmacological
response in fish as they do in humans at a similar plasma (or tissue) concentrations (i.e. Human
Therapeutic Plasma Concentration, HTPC) 187. The main rationale behind the Read-Across Hypothesis
is that it should allow the use of data generated in clinical (human) or non-clinical (other mammals)
studies to predict the effects and approximate effect concentrations of the same drug in fish, following
environmental exposure. In reverse, as is the case here, the approach can be used to estimate the
required water concentration that will elicit a pharmacological effect in fish form the human
therapeutic plasma concentration using, for example, uptake models like the Fish Plasma Model

145

.

This approach has been successfully applied in previous studies on anti-depressant drugs by
Margiotta-Casaluci et al., 147 and Valenti et al., 166.
In the current study oxazepam-induced anxiolytic responses in fish were hypothesised as
functionally equivalent to the reduction of anxiety in human patients following oxazepam treatment
147

. Fish were exposed to a range of water concentrations of oxazepam predicted to produce plasma

concentrations equal to and below (and thus of environmental relevance) those known to induce
therapeutic effects in humans. Drug plasma concentrations were measured in individual fish and
linked to (anti)anxiety-related endpoints quantified using two types of well-characterised behavioural
tests designed to measure anxiety in fish: the Novel Tank Diving Test and the Shelter Seeking test.
Oxazepam concentration was also measured in brain, liver, and muscle to characterize drug
distribution across major drug reservoirs of the body following chronic exposure.
Materials and Methods

Chemicals

Oxazepam (CAS number 604-75-1) was purchased from Sigma-Aldrich with purity higher than
98%. Stocks solutions were prepared every seven days in N,N-Dimethylformamide (DMF) (Fisher
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Scientific) in amber bottles to preserve them from light exposure. HPLC grade methanol, acetonitrile,
water and formic acid (98%) were supplied by Merck. The OstroTM 96-well plate used for
purification of plasma samples was acquired from Waters Corporation. Dechlorinated tap water (5
and 10 μm carbon filtered) was used as dilution water, and general parameters (pH, temperature and
dissolved oxygen) were monitored daily throughout the study.
Test Species and Ethical Statement
Adult Fathead minnows (Pimephales promelas) were supplied from breeding stocks maintained at
Brunel University, London, UK. Two weeks before the beginning of the study, sexually mature males
and females were separated to prevent any spawning activity and acclimated to the test conditions.
Fish were fed three times per day: once with adult brine shrimp (Tropical Marine Centre, Gamma
irradiated), and twice with flake food (King British Tropical flake food). Fish were not fed on the
sampling day. The study was carried out under Project and Personnel Licences granted by the UK
Home Office, under the United Kingdom Animals (Scientific Procedures) Act 1986, and the European
Animal Directive 2010/63/EU.

Experimental design
The 28-day exposure was carried out using a continuous flow-through system comprising
sixteen 20 L glass tanks (dimensions: 455(l) x 260(w) x 250(d) mm. The test was run at a water
temperature of 25 ± 1 °C, with a photoperiod of 16 h light:8 h of dark, with 20 min dawn/dusk
transition periods. During the experiment, dissolved oxygen concentrations were maintained between
6.4 and 7.8 mg L-1, while pH was 7.5, ±0.5. Water flowed into sixteen glass mixing chambers at a rate
of 222 mL min-1, which supplied sixteen tank volumes per day, to each test tank. The same mixing
chambers also received concentrated stock solutions of oxazepam delivered via peristaltic pumps at a
rate of 0.1 µL min-1. In total, there were four exposure tanks per treatment (two for males and two for
females) for each of four treatments (0, 1, 5, and 25 μg L-1). Eight males or females were randomly
allocated to the appropriate tanks giving a total of 32 fish per treatment (16 males, and 6 females).
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Both the allocation of the treatment groups in the experimental room, and the allocation of each fish
into one of the 16 tanks were randomised with the aid of a random number generator.
As

previously

mentioned,

exposure

concentrations

were

selected

to

cover

both,

pharmacologically and environmentally relevant concentrations. The selection of external exposure
(water) concentrations expected to result in pharmacologically relevant internal (plasma)
concentrations was driven by the application of the Fish Plasma Model (FPM) of Huggett et al.,

145

,

and information on the human therapeutic plasma concentration (HTPC) of oxazepam. The latter was
obtained from a study in which patients were administered 15 and 30 mg of oxazepam in two
separate occasions with a seven days interval, which produced therapeutic plasma concentrations in
the range 100-280 ng mL-1 188.
After the 28-day exposure, fish were sacrificed by an overdose of anaesthetic (Neutral buffered
MS222, 100-500 mg L-1), standard length and wet weight measured, and blood taken from the caudal
vein using heparinized capillary tubes. Blood samples were centrifuged at 4 °C, 10,000 g for 6 min,
plasma collected and stored at -80°C until analysis, and brain, muscle and liver removed, weighed,
snap-frozen in liquid nitrogen, and stored at -80°C until subsequent analysis.
Analysis of oxazepam in water, fish plasma and other tissues
Water samples (40 mL) for the chemical analysis were collected in Falcon tubes on days 0, 7,
14, 21, and 28 from all tanks, and kept at -20 °C until analysis. For analysis, 1 mL of each sample was
centrifuged at 8000 rpm for 10 min, after which 10 µl of each sample was directly injected in the
detector without further extraction. For plasma samples, acetonitrile (400 µl) was added to 50 µl of
plasma and vortexed for 30 s for protein precipitation. Samples were then transferred to an Ostro 96well plate (Waters) connected to a vacuum system for the removal of phospholipids. An aliquot of
300 µl was collected from each extract and was placed under a N2 current to dry completely. Finally,
extracts were dissolved in 100 µl of a 1:1 mixture of methanol/water. Five µl of diazepam-d5 prepared
at 1 µg mL-1 in methanol was added as an internal standard to each extract to account for matrix
effects during subsequent analysis
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Brain, liver and muscle samples were extracted using a method adapted from that of Valdés et
al (2015, in preparation). Samples (ranging from 20 to 200 mg) were sonicated in 1 ml of methanol
for 15 min, and then centrifuged at 10000 rpm for 10 min. After this procedure was repeated 3 times,
the supernatant was collected and evaporated to dryness. Extracts were subsequently dissolved in 1
mL of HPLC grade water and then then purified in a SPE Oasis HLB 96 well plate. SPE sorbent in the
wells was previously conditioned with 1 ml of methanol and 1 ml of HPLC at a flow of 0.5 mL min -1,
with extracts being loaded at the same flow rate. After drying the well for 5 min, 1 mL of methanol
was loaded in the plate to elute the samples which were collected and placed under a N2 current to dry
completely. Finally, extracts were dissolved in 750 µl of a mixture methanol/water (1:1) for analysis.
Ten µl of diazepam-d5 prepared at 1 µg mL-1 in methanol was added to each extract to account for
matrix effects during analysis.
All extracts were analysed by ultra-performance liquid chromatography (UPLC) (Waters)
coupled to a hybrid quadrupole linear ion trap mass spectrometer Qtrap 5500 (Applied Biosystems),
equipped with an electrospray ionization source (ESI) in positive mode. Ten µl was injected in an
Acquity HSS T3 column, with 10 mM formic acid/ammonium formate (pH 3.2) and methanol as the
mobile phase set at a flow rate of 0.5 mL min-1.
Compound dependent MS parameters (declustering potential (DP), collision energy (CE) and
collision cell exit potential (CXP)) as well as compound selected reaction monitoring (SRM)
transitions were optimized by direct infusion of individual standard solution of each analyte at 10
ngmL-1. A summary of these parameters is presented in Table S1. All transitions were recorded in
Scheduled MRM algorithm with 30s detection window. Source dependent parameters were
determined by Flow Injection Analysis (FIA) and were as follows: curtain gas (CUR) – 30 V, nitrogen
collision gas (CAD) – medium, source temperature – 500 °C, ion spray voltage – 5500, ion spray
gases GS1 – 60 V and GS2 – 50 V. Instrument control data acquisition and data analysis were carried
out using Analyst software (Applied Biosystems).

90

Chapter 5: Effects

Prediction of oxazepam plasma concentration using the Fish Plasma Model
Measured plasma concentrations were compared to the concentrations predicted by the Fish
Plasma Model (FPM)

145

. The model aims to predict the Fish Steady State Plasma Concentration

(FssPC) of a drug starting from given water concentration, and is based on the following equations:
(1) Log PBlood:Water = 0.73 x Log D7.4 – 0.88
(2) FssPC = [Water concentration, µg/L] x PBlood:Water

Average water concentrations throughout the 28 days were used to compare measured versus
predicted plasma concentrations.
Analysis of fish behaviour
At Day 14, two well characterised fish behavioural tests, the Shelter-seeking Test and the Novel
Tank Diving Test, were performed on a sub-sample of all the exposed fish, including fish (n=32) from
the control treatment and fish from the treatment at the highest concentration (25 μg L -1). At Day 28,
all fish (n=128) were subjected to both tests.
Behavioural tests were performed as described by Valenti et al.,
al.,

147

166

and Margiotta-Casaluci et

. For assessment, fish were transferred from the exposure to the observation tank, which

contained only water, with no chemical immediately before performing the tests. For the Shelterseeking Test, fish were transferred to a 12L observation tank (measuring 390(l) x 200(w) x 200(d)
mm). Within each tank, a tile was placed, representing the shelter for the fish, equidistant from the
tank walls. Behaviour was recorded for 15 min, which included the time spent under the tile (s). For
the Novel Tank Diving Test, fish were transferred to a 9L observation tank (290(l) x 345(w) x 140(d)
mm) divided in three areas (bottom, middle, top), and the exploratory behaviour of each fish (e.g. the
number of transitions and time spent in each area area) was recorded for 15 min. A Fujifilm Digital
Camera (FinePix JV300, 14.0 Mpix) was positioned in front of each observation tank to record fish
behaviour, and resultant videos were analysed using VideoTrack version 2.5.0.25 (ViewPoint).

91

Chapter 5: Effects

Data analysis
Statistical analyses were conducted using SigmaStat software (version 3.5, Systat, San Jose,
USA). Behavioural data were analysed using Kruskal–Wallis tests followed by Dunn‟s post hoc tests,
and also by Wilcoxon-Rank-Sum Test. Bioaccumulation data were analysed using the Holm-Sidaktest
One Way ANalysis Of Variance (ANOVA). Statistical significance was set at p < 0.05 in all cases.
Results & Discussion
Oxazepam concentrations in water, plasma, brain, and muscle
Recoveries, method detection (MDLs) and quantification limits (MQLs), precision and
accuracy for the analysis of oxazepam in water, fish plasma brain, liver and muscle are summarised in
Table 1 (see also Supplementary Material). Average water concentrations measured throughout the
experiment for the lowest, medium and highest treatment concentrations were 0.8 ±0.2, 4.7 ±0.5 and
30.6 ±2.9 μg L-1 (Mean, ± SD, n=20), respectively. During the five sampling events, measured
concentrations were within 20% of the nominal concentration in all tanks.

Table 1.Method validation parameters for the analysis of oxazepam in water and fish tissues.

Recoveries (%)
MDL
(± RSD)
(ng mL-1)*
Water
0.02
a
Plasma
78 (13)
0.04
Brain
106 (14) b
0.54
Liver
102 (11) b
0.12
Muscle
92 (14) b
0.15
* ng g-1 for tissues
a
Plasma was spiked at 100 ng mL-1
b
Tissues were spiked at 50 ng g-1

MQL
(ng mL-1)*
0.06
0.14
1.80
0.39
0.51

Precision
(% RSD)
Intra Inter-day
day
1.2
2.5
7.1
8.7
0.9
5.3
0.5
0.3
6.1
7.1

Matrix Effect
(% ± STDEV)
103 (±3)
104 (± 9)
102 (±8)
115 (±1)
99 (±3)

Measured concentrations of oxazepam in plasma of fathead minnows are shown in Table 2
and Table S2. All of the samples in the control group had concentrations below the MDL, while an
increasingly high concentration of oxazepam in plasma was observed at higher exposure
concentrations. Average concentrations of oxazepam measured in plasma were 8.7 ±5.7, 30.3 ±16.1,
and 98.8 ±72.9 (Mean, ± SD, n=32) for the 1, 5, and 25 μg L-1 treatment groups, respectively.
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Observed inter-individual variability in oxazepam plasma concentrations for fish from the
same tank was within the range of 3- and 6-times for 9 out of 12 tanks (Table S3). In three tanks
higher variation was likely driven by two samples in which very low concentrations of oxazepam
were quantified. If the 5th and 95th percentile values are used, the ratio Max:Min in those three tanks
goes back to the expected range of values (2.5-4.2). This degree of intra-tank variability is similar to
the one observed for another psychoactive drug, fluoxetine, by Margiotta-Casaluci et al.,147.
Determining the distribution of the drug in the body and potential bioaccumulation dynamics is
critical in order to inform the future development of uptake and pharmacokinetics models able to
predict those processes in conditions of chronic exposure

147

. The development of those models is in

fact often constrained by the availability of empirical data. Characterization of distribution is
particularly important for drugs like oxazepam which act on a specific system (i.e. central nervous
system).
The concentrations of oxazepam in the liver, brain, and muscle of exposed fish are
summarised in Table 2 and Table S2. Perhaps unsurprisingly the highest concentrations were found
in brain, followed by plasma and liver, while muscle presented the lowest values. Oxazepam was
detected in all exposed fish except in 12 samples. The majority (>80%) of fish showing no measurable
oxazepam uptake were individuals from the lowest treatment concentration group. The tissue-specific
bioconcentration factors (BCFs) were calculated according to the measured water concentration and
the concentrations in each tissue, and these are summarised in Table 2. BCFs in brain were
significantly higher when compared to the other tissues, especially at the lowest exposure
concentration, mirroring what has been observed in previous studies

167,189

. This observation suggests

that the accumulation of oxazepam in fish tissue at least in part driven by lipophilicity, as brain lipid
content is comparatively higher to the other tissue types measured. The tissue/plasma ratios were also
calculated and are summarised in Table 2, and Figure 1a. For all tissues, the ratio between the solid
tissue and plasma concentration in the lowest concentration, calculated as the logarithmic
concentration (log10), resulted significantly different compared to the other two concentrations. A
linear regression of log-transformed (log10) solid tissue versus plasma concentrations was undertaken
and is represented in Fig. 1b, to provide an indication of oxazepam organ distribution, as in Tanoue et
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al.,

190

. Significant positive correlations between plasma and tissue concentration of oxazepam were

found in all cases (0.578 < R2 < 0.723, p < 0.05, n= 96, Pearson correlation coefficient). The
distribution of oxazepam in fish supports the current knowledge of the pharmacokinetic and
distribution of this drug in mammals 191,192.
Benzodiazepines, including oxazepam, are substances able to cross the blood-brain barrier
relatively rapidly

179

. Once in the brain, these compounds equilibrate with brain tissue and after

equilibrium is attained, a constant brain:plasma ratio is maintained, so that plasma concentrations are
proportionately related to concentrations in the brain 193. This study did not have multi-time sampling,
so it is not possible to ascertain if that equilibrium was maintained during the exposure period
employed. Nevertheless, the ratio brain/plasma observed here (1.5-2.9:1) is similar to that observed in
rats (3-5:1)

191

and cats (1-3:1)

192

supporting the read across approach and suggesting that, at least

with oxazepam, the use of preclinical species‟ data on drug distribution may provide useful insights
into pharmacokinetics of the drug in fish.

Figure 1 A) Comparative accumulation of oxazepam (log10 tissue/plasma concentration ratio) at the three
exposure concentrations; B) Log-linear correlation between plasma and tissue concentration of oxazepam in
exposed fish (Pearson correlation coefficient).
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Table 2 Measured concentration of oxazepam in plasma, brain, muscle and liver at the three exposure levels. BCF: bioconcentration factors. All
values are expressed as median, except for the water concentrations (mean).
Water

Plasma

Brain

Muscle

Liver

Average
measured conc.
(μg L -1)

FPM
(ng mL-1)

Conc.
(ng mL-1)*

BCF

Conc.
(ng g-1)*

BCF

Brain/Plasma
Ratio

Conc.
(ng g-1)*

BCF

Muscle/Plas
ma Ratio

Conc.
(ng g-1)*

BCF

Liver/Plas
ma Ratio

0.8

6

7 (3-18)

9.0

24 (0-73)

30.4

2.9

5 (0-47)

5.8

1.5

9 (0-50)

11.2

0.7

4.7

28

29 (8-80)

6.1

8.7

1.5

11 (0-96)

2.3

0.8

22 (8-96)

4.7

0.4

30.6

142

81 (10313)

2.6

3.2

1.6

43 (7-192)

1.4

1.1

69 (0-439)

2.2

0.6

* Median (min-max)

41 (2378)
97 (29322)
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Fish Plasma Concentrations vs Human Therapeutic Plasma Concentrations

Measured plasma concentrations were also compared with the concentrations predicted by the
FPM, according to the equations described in Section 2.4 (see Fig. 2). The HTPC range used as
reference

188

in this study is 100-280 ng mL-1. Exposure of fish to 1 and 5 μg L-1 resulted in plasma

concentrations of oxazepam below the HTPC, whereas exposure to 25 μg L-1 produced plasma
concentrations within the HTPC range in many individual fish, in particular the males (9 out of 16
males and 3 out of 16 females).
The FPM demonstrated good degree of accuracy for the prediction of oxazepam uptake in
fish plasma in general, despite the fact that it does not consider inter- or intra-species variability and
that it was developed for very hydrophobic compounds

144

. However, when male and female fathead

minnows were assessed separately, the model overestimated the measured concentrations in female
fish: the measured concentration was on average 2.7-times lower than the predicted concentration for
females exposed at the highest concentration. Two hypotheses arise to explain these differences,
although no data are available to test their validity: a) gender-specific metabolism of oxazepam lead to
different steady-state plasma concentrations; b) smaller gill surface area in females lead to lower
uptake rates

194

. Previous studies with a different psychoactive drug, fluoxetine, have also

demonstrated the occurrence of dose-dependent modulation (e.g. induction, inhibition, saturation) of
metabolic enzymes, which can lead to discrepancies between measured and modelled concentrations
[10]. These dynamics are anticipated to occur only at high concentrations and are likely not to be
relevant at environmental concentrations. In this study, no metabolites of oxazepam were measured,
so the possibility of this effect occurring in the high concentration group remains only theoretical.
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Figure 2 Measured (blue line; mean ± SD; n=20) and predicted (red dashed line) plasma concentrations of
oxazepam after 28 days exposure. The grey area indicates the Human Therapeutic Plasma Concentration range
(HTPC).

In humans, sex-specific differences in pharmacokinetics have been identified for many drugs,
including benzodiazepines

195

. For instance, a study about the kinetics of oxazepam in men and

women determined that elimination half-life was 25% longer in females and clearance of total as well
as unbound oxazepam was significantly greater in men than in women

196

. These differences have

been attributed to variations in size, composition and hormonal effect, which ultimately can affect
drug absorption, distribution, metabolism, and excretion (ADME) profile, although other studies on
benzodiazepines, including oxazepam, have not found sex differences in distribution or elimination
rates 197,198.

Behavioural Effects
A key hypothesis of this study was that a therapeutically relevant anxiolytic effect of oxazepam
would occur in fish only at plasma concentrations similar to the human therapeutic concentrations, but
not lower. Oxazepam is a short-intermediate acting benzodiazepine, so after the 28 day exposure, the
concentrations found in the plasma are likely to fall in to the steady state. Despite this, no behavioural
effects were observed at any exposure concentration, including those that resulted in fish plasma
concentrations comparable to HTPCs in humans.
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Shelter Test
No significant differences were observed regarding the time spent under the shelter between the
control group and the exposed groups at any concentration, either after 14 (data not shown) or 28 days
of exposure (see Fig. 3). Males and females both displayed similar behavioural variability, although
male fish spent 20% more time under the refuge than female fish, which was expected as it conforms
to normal fathead minnow behaviour 199.
Novel Tank Diving Test
Several endpoints were recorded in this test: number of transitions and time spent in the top and
middle area, as well as distance travelled and average speed. Decreased exploratory activity (p<0.05)
in both the middle and top areas was observed only for the group exposed to 5 μg L -1, although
oxazepam plasma concentrations in fish exposed to that concentration were approximately 3-times
lower than the HTPCs, and so no behavioural alterations were expected. In contrast, no significant
effects were observed in fish exposed to the highest concentration (25 μg L-1). The analysis of data
distribution for individual fish and individual tanks indicated a high degree of both inter-individual
and inter-tank variability across treatments, including the control group. The latter included both
highly active and poorly active tanks. No behavioural alterations were detected in terms of the
distance travelled or velocity at any exposure level.
Behavioural studies provide an important link between the physiology and ecology of the
aquatic organisms. Fish in particular provide an excellent test organism for behaviour, as they have
high ecological relevance, are constantly exposed to environmental stressors, and possess many of the
receptors required for potential responsiveness to many human drugs

186,200

. However, behavioural

endpoints are difficult to measure, interpret, and reproduce. In fact, inter-individual behavioural
variability may significantly influence the sensitivity of behavioural tests for ecotoxicology and limit
their use in risk assessment 166.

98

Chapter 5: Effects

Figure 3 Effect of oxazepam on fish exploratory behaviour quantified during a Shelter-Seeking Test performed
after 28 days of exposure. A) Time spent in under the shelter per treatment; Boxes represent medians, with 10th
and 90th percentiles (n=32). B) Time spent under the shelter in each individual tank (males represented as blue
circles, females as pink inversed triangles). Dashed lines separate control tanks and each one of the three
exposure concentrations.

In spite of the potential ecological consequences of behavioural alteration, two main challenges
are currently limiting the use of behavioural toxicology data for environmental risk assessment. The
first is the availability of validated robust methodologies able to detect the subtle behavioural effects,
if any, occurring at low exposure concentrations. The second challenge is represented by the
translation of those subtle effects from the laboratory to the field. The first issue can be addressed by
employing well-standardised behavioural tests and by performing a careful characterization of
baseline values. In the present study we employed two well-established tests, the Novel Tank Diving
test and the Shelter Seeking test. Both tests are designed to assess the exploratory behaviour of fish
introduced into a novel environment and are recognised as appropriate for the assessment of anxiety
in teleosts 201.
The “Novel Tank Diving Test” is based on the instinctive behaviour of fish to search for a
refuge when they are transferred to a novel environment (i.e. observation tank) by diving to the
bottom or under the shelter until the conditions are perceived as safe enough to initiate exploration.
The swimming pattern and several behavioural endpoints are quantified to assess anxiety (number of
transitions into the top area, time spent in the top area or inside/outside the shelter)

147,202

. Our results

highlight the high inter-individual variability of fish behaviour and suggest that experiments
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performed with low statistical power (e.g. small sample sizes) may lead to erroneous interpretation of
the data at worst, and the absence of meaningful empirical data at best. Nevertheless, method
standardisation and validation, if performed, can significantly increase the reliability of behavioural
toxicology data.

Figure 4 Effect of oxazepam on fish exploratory behaviour quantified during a Novel Tank Diving Test
performed after 28 days of exposure. Number of entries into the Top Area: A) per treatment and B) in each
individual tank. Time spent in the top area C) per treatment and D) in each individual tank. Males represented as
blue circles, females as pink inversed triangles. Boxes represent medians, with 10th and 90th percentiles (n=32).
Dashed lines separate control tanks and each one of the three exposure concentrations.

The second challenge is probably the most difficult to tackle. For example, previous studies
have shown that fathead minnows exposed to environmentally relevant mixtures of four different
psychiatric drugs impacted predator avoidance behaviour (an endpoint of high ecological relevance)
203

. However, results from other studies have been contradictory: while exposure to sertraline induced

fathead minnow males to spend less time sheltering due to altered nest guarding behaviour
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166

,
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fluoxetine exposure, a drug acting with the same mode of action, resulted in an increase in the same
endpoint

203

. The way to translate this contrasting information into ecological predictions is currently

uncertain, however, steps forward have been achieved by Hellstrom et al.,

204

, who successfully

applied GPS technology to track the exploratory behaviour of individual fish in a Swedish artificial
lake. In the future these technologies may promote the understanding of the ecological relevance of
chemical-induced behavioural effects by monitoring such effects with the animals in their natural
environment rather than one in which normal behaviour is likely to altered prior even to the
introduction to test substances of interest.
Mode of action and prediction of behavioural effect
Knowledge of the mode of action of drugs in humans can be a key component to aid the
prediction of potential effects in fish and other wildlife species. In humans benzodiazepines are used
as anxiolytics, muscle relaxants, procedural sedation agents, and sedative-hypnotics to treat
withdrawal states, among other conditions. They act on the benzodiazepine binding site on the
chloride channel of the GABAA receptor, an inhibitory neurotransmitter receptor, and increase the
frequency of chloride channel opening. This hyperpolarizes the cell and prevents nerve
firing/stimulation enhancing the action of the endogenous ligand, GABA itself. In the case of fish, this
anxiolytic effect has been shown to translate into a reduction of avoidance behaviours and an increase
in exploratory behaviour

205

that are indicative of a reduction in anxiety much the same as is the case

in human recipients 206. Consequently, fish exposed to anxiolytic drugs pay less attention to the threats
or the uncertainties of a novel environment and show a willingness to make excursions into areas
where the threat of predation is potentially higher (e.g. to the surface of the water). These same effects
are present in people treated with anxiolytic drugs, and thus, it seems reasonable to conclude that
these drugs affect fish in the same way 206.
Fathead minnows react in different ways when exposed to stress: sometimes they become
motionless (“freezing”), for periods ranging from approximately 0.5 min to greater than 8 min. In
other cases, they swim more slowly, or they spend less time outside the shelter or the opposite: sudden
unpredictable dashing may happen as initial response to danger. In other cases, there is no apparent
response

207

. This serves to highlight the inherent variability of behavioural data when measured in
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fish, but nonetheless, such measures of anxiety were the most appropriate in order to determine the
mode of action related effects of oxazepam following chronic exposure in fathead minnow.
Interpretation is further complicated by the diverse array of behavioural effects that oxazepam
can induce. In humans, the decrease of anxiety is the intended effect of the drug, but in some cases
excitement or side-effects such as drowsiness, ataxia, fatigue, memory loss, and slurred speech may
occur

208

. Considering the potential paradoxical response, it is difficult to determine the phenotypic

manifestation of these effects in fish. These complex issues make it very difficult to know what
behaviours might be affected by different groups of psychoactive drugs, and hence to decide which
behavioural test to use when investigating the possible effects of these drugs on fish.
Final remarks
In this study, we successfully characterized the uptake and distribution of oxazepam in several
tissues in fathead minnow, following chronic exposure. These data are key for understanding the
uptake and body distribution of benzodiazepines, an important group of pharmaceutical
environmental contaminants, in potentially exposed fish. In particular, the detection of
bioconcentration in brain tissue shows that oxazepam is able to reach target tissues even in fish
exposed to environmentally relevant concentrations. Despite this, no drug-related behavioural effects
were observed in the Shelter-Seeking Test at any concentration, and significant decreased exploratory
behaviour in the Novel Tank Diving Test only in fish exposed to the middle concentration. Therefore,
although (expected) anxiolytic behavioural effects cannot be completely excluded and additional
experiments would be necessary to elucidate the reproducibility of the results, the data suggesting a
comparable therapeutic effect in fish as is seen in humans, is not strong.
Our results did not replicate the behavioural alterations reported by Brodin et al.,

103

in fish

exposed to 1.8 μgL-1 of oxazepam. This may be due to either methodological differences or to
interspecies differences in sensitivity or ADME. The determination of plasma concentrations of
oxazepam in future studies with different fish species will help to ascertain whether a difference in
species sensitivity truly exists or other factors resulted in the differences between the two studies.
Overall, these results highlight the difficulties in interpreting behavioural changes even when
medium-high power standardised behavioural tests are conducted at sub-therapeutic concentrations.

102

Chapter 5: Effects

The use of the Read-Across approach

187

and the measurement or prediction of internal drug

concentrations were demonstrated to be valuable tools to allow some interpretation of the results
obtained and remain extremely valuable data with which to help better understand the impact of
human pharmaceuticals in non-target, environmentally-relevant species groups.
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DISCUSSION
I. DEVELOPMENT OF ANALYTICAL METHODS FOR THE DETERMINATION OF
PHARMACEUTICALS AND ENDOCRINE DISRUPTORS IN FISH, INVERTEBRATES
AND BIOFILM

The constant release of PhACs and EDCs into surface waters and subsequent detection in
many environmental compartments have derived in some regulatory efforts concerning water bodies
by several governmental bodies

34,36,214

. An additional step would be to consider whether the

environmental exposure to these chemicals leads to their bioaccumulation and persistence in
biological tissues 2. For that reason, the need for analytical methods for extraction and determination
of PhACs and EDCs in aquatic organisms is very relevant. At the beginning of this thesis, very few
multi-residue methods for the analysis of PhACs and EDCs were published, probably due to the lack
of appropriate instrumentation with enough selectivity, specificity, and sensitivity

2,98,215

available at

the time, in part because the interest in these groups of emerging contaminants is relatively recent
when compared to priority and legacy contaminants. In fact, only a handful of papers dedicated to the
bioaccumulation of PhACs

41,43,100

and EDCs

45,67,70,77,138

in wild organisms were published before

2010. In this context, the first objective of this thesis was to develop and validate analytical methods
to measure a broad set of pharmaceuticals and endocrine disruptors in relevant biological matrices:
fish tissues, invertebrates, biofilm.
Aquatic biota comprises many organisms with different physical characteristics, habitats,
lifespans, dietary and living habits, etc. These differences are very attractive when studying
bioaccumulation, as they introduce a number of biological factors that are going to influence the
sensitivity of a species to a chemical. For instance, fish have long lifespan and are able to swim along
the river, so they are capable of integrating exposure in a relatively large area during extended
periods. On the other hand, they are able to metabolise the chemicals they may uptake, and therefore
the bioaccumulation may be less significant than other organisms with a less evolved metabolism.
Invertebrates possess the capacity to integrate rapid environmental variations as their growth is
quicker, but their size may be a limiting factor when detecting trace level contaminants. Biofilm also
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have a rapid development and usually large biomass, and are also pointed out as early sentinels of
contamination and other physicochemical impact in the river. Besides, they represent the first step in
the trophic chain so they could play a critical role in transferring PhACs and other EDCs to higher
trophic levels. However determining if the bioaccumulation is happening by absorption mechanisms
in the intercellular polymeric matrix or by uptake in the cells embedded in such may be difficult to
discern. These are just a few examples of how the study of bioaccumulation in different organisms
may answer different questions about the processes taking place in the environment.
This inherent complexity of organisms is at the same time a decisive factor when developing
an analytical technique. It is obviously different to analyse fish than algae, or insect larvae, as the
composition of these organisms is diametrically opposed. The extraction and purification procedure to
isolate the target analytes from complex biological matrix is going to heavily depend on the nontargeted molecules present in the matrix that could interfere with the detection system. As an example,
when analysing a plasma sample, the presence of blood proteins could impede the accurate
determination of a target compound, so the main strategy in this case would be a quick protein
denaturalisation by adding a small volume of organic solvent which would lead to the protein
precipitation. The resulting extract would be purified and, therefore, suitable for analysis (see Chapter
5). However, when the sample is a fish tissue, such as liver, a more thorough extraction and
purification is needed. First, the extraction must be efficient enough to remove the target compounds
from a solid matrix and transfer them into a liquid phase. Then this extract must be purified to remove
a high proportion of lipids and other molecules that could interfere with the detector, by clogging the
instrument or by distorting the analytical response (suppression or enhancement) (see Chapter 3).
These interferences are usually called matrix effects. In fact, when dealing with biota samples, the
assessment of the matrix effects is a fundamental part, as it was effectively demonstrated during
Chapter 3, in particular in the case of fish, but was also considered for invertebrates and biofilm.
Signal suppression up to 83% was calculated for pharmaceuticals analysed in fish liver tissues, which
may be attributed to the higher lipid content of liver (48%) compared to the fish whole body (15%),
while it was lower in the case of biofilm (~ 20%) 216, less than 20% for invertebrates (and therefore is
not considered significant), and negligible (less than 5%) in the case of fish plasma. These results
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highlight the relevance of using a suitable approach to compensate for matrix effects during analysis
of biota samples, considering the variability in composition that different species might have

114

. The

most advantageous approach for an accurate determination of target compounds seemed to be the
quantification using a calibration curve prepared with spiked matrix extracts and internal standard
addition (internal sample calibration), which was able to correct the matrix effects for all the
compounds

82

. Internal sample calibration is thus strongly recommended especially in those cases

when the analogue internal standard is not available.
Quality parameters and method performance, including recoveries, method detection limits,
accuracy, etc., are also critical variables during analytical method development. The main challenge
when analysing biota is to reach the balance between achieving good pre-concentration factors and
recoveries and performing an exhaustive extraction and purification that results in method limits of
detection low enough to detect the target compounds. In fact, many authors consider that recoveries
are acceptable in a wider range than in other environmental compartments, due to the analytical
challenge that poses the development of a multi-analyte methods for compounds with very diverse
physicochemical characteristics and to the intensive sample pre-treatment demanded in biota matrices
48,217

. In this project, PLE was chosen as the preferred extraction method for fish and biofilm, due to

the better reproducibility as a consequence of the automatized extraction, as well as overall better
recoveries (30-140%), and the significantly lesser matrix interferences observed during analysis. This
was impossible in the case of invertebrates, as the sample size was a limiting factor, so it was
necessary to downsize the extraction and use a sonication probe.
The purification method was also adapted for each matrix. GPC was selected as clean-up
method for fish tissues, as it removed a high proportion of the lipids, but it was deemed not necessary
in the case of less complex matrices, where a simpler and less resource-consuming step would be
enough. That was the case for biofilm, where SPE with Oasis HLB cartridges was applied, or
invertebrates and fish plasma, where and OSTROTM plate developed to remove phospholipids and
precipitate proteins resulted as the most appropriate technique. These techniques allowed reaching
very low MDLs, in the range of 0.01–6.7 ng g-1 for PhACs, and between 0.08-2.4 ng g-1 in the case of
EDCs.
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After applying these methods to environmental samples, a total of 12 EDCs and 14 PhACs
were detected in fish, invertebrates and biofilm. Table 1 shows the compounds detected in the three
matrices, including some data about the accumulation of EDCs in fish, which was not directly
included in this thesis but they are relevant for this discussion. Concentrations of these compounds
were lower for PhACs than EDCs in all matrices, but they followed the same general pattern: fish <
invertebrates < biofilm. Among all the compounds detected, only two were in common in the three
matrices: the anti-inflammatory diclofenac and the flame retardant TBEP.
As explained in the Chapter 1, the main factor used to predict or to explain bioaccumulation
of a compound is the octanol-water partitioning coefficient (Kow), a measure of hydrophobicity that
drives sorption and accumulation. For those compounds that are ionisable, as in the case of many
PhACs, the log Dow (which is the logKow at a defined pH) is a better parameter to apply to predict or
explain bioaccumulation at environmental pH. Accumulation of EDCs in several aquatic organisms
seems to support that hypothesis, as those compounds with a log Kow≥ 3 have a higher prevalence in
biological tissues. That is the case of compounds like TBEP (log Kow=log Dow pH 7.4= 4), detected in
the great majority of the samples analysed in fish, invertebrates and biofilm. It is also the case of other
compounds detected at least in two of the biota matrices, such as estrone, bisphenol A, and triclosan.
This seems a reasonable assumption, particularly when other compounds where present in the water at
higher concentrations but were almost never detected in macroinvertebrates and biofilm, especially if
their log Kow< 2, as the case of 1H-benzotriazole, tolyltriazole and caffeine, for example.Therefore,
log Kow of EDCs and tissue lipid content of organisms provide a strong basis for estimating
tissue/water partitioning

126

. To certain point, this may be true also for PhACs. According to the

results presented in this thesis, 90% of the PhACs compounds detected have a log Kow≥ 3, but when
log Dow at environmental pH (7.4) is considered, this value is only greater than 3 for 20% of the
compounds. This suggests that although lipophilicity and hydrophobic interactions are influencing
bioaccumulation even in the case of these compounds, possibly other mechanisms are also
contributing, and further research is needed to determine if processes such as active transport are
inducing the uptake of these compounds.
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Table 5. List of compounds detected in the organisms analysed. Cross in red for data published in Jakimska et
al., (2013) 141, paper not included in this thesis. Water data refer only to invertebrates and biofilm. Blanks mean
the compound was not analysed. When the sign (-) is present means that the compounds was not detected.

Water

Fish

Invertebrates

Biofilm

log Kow

log Dow

Endocrine Disruptor Compounds
Hormones
Estrone

x

x

-

4

4

Ethylparaben

x

-

x

2

2

Methylparaben

x

-

x

2

2

Propylparaben

x

-

x

3

2

Benzylparaben

x

-

3

3

x

x

x

4

4

x

-

-

2

2

6

6

-

4

4

x

5

5

Parabens

Flame Retardants
TBEP

x

TCEP
Surfactants
Nonylphenol

x

x

Plastiziers
Bisphenol A

x

x

Antibacterial
Triclosan

x

Others
Caffeine

x

Tolyltriazole

x

-

-1

0

x

-

2

2

Pharmaceutical Compounds
Analgesics/anti-inflammatories
Ibuprofen

x

Diclofenac

x

x

-

4

1

x

x

4

1

-

x

3

2

Norverapamil

-

x

5

2

Verapamil

-

x

5

3

-

x

4

1

x

-

-

3

3

x

Calcium channel blockers
Diltiazem

x

Lipid regulator
Gemfibrozil

x

Psychiatric drugs
Carbamazepine

x

OH-CBZ

x

-

-

x

2

2

Citalopram

x

x

-

-

4

2

Venlafaxine

x

x

x

-

3

2

Propanolol

x

-

-

3

1

Salbutamol

x

-

Carazolol

x

β-blockers
1

-1

3

0.2

4

4

Other
Clopidogrel

-

-
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II. DETERMINATION OF PHARMACEUTICALS AND ENDOCRINE DISRUPTORS IN
BIOFILM AND INVERTEBRATES: TROPHIC TRANSFER

The second objective of this thesis was to assess the bioaccumulation and potential
biomagnification of these compounds in different trophic levels in the natural environment. Studies
previous to 2010 showed that very little, if any, biomagnification occurred in the trophic chain in the
case of the psychiatric drug carbamazepine

110

or the surfactant nonylphenol

77,149

. Parallel studies to

the one presented in this thesis also confirm that bioaccumulation of PhACs through from the lower to
the upper trophic levels did not occur in the field 135,150.
Results addressed in Chapter 3 (except fish data) regarding the uptake of PhACs and EDCs
were recovered in Chapter 4 to analyse differential accumulation between different trophic levels
(primary producers to secondary consumers). Occurrence of 25 PhACs and 12 EDCs in water,
biofilm, and three macroinvertebrate taxa differing in trophic position and feeding strategy was
studied in a small river heavily impacted by the discharge of a nearby WWTP to fully understand the
potential impact of these emerging pollutants in freshwater ecosystems in the “worst-case scenario”
218

.
From all the compounds in common for the 3 different matrices, only 10 compounds were

detected in water, 9 in biofilm and 6 in macroinvertebrates, including the anti-inflammatory drug
diclofenac, and the flame retardant TBEP, which were detected simultaneously in water, biofilm and
macroinvertebrates. Biofilm accumulated a higher number of PhACs and EDCs than the three
macroinvertebrate taxa, although, as pointed out in Chapter 3, this could be related to the influence of
the EPS matrix and its capacity to interact with the contaminants in the water, which could lead to
physical sorption instead of their uptake by the cells.
Contaminants concentrations in both water and biota were significantly affected by the
WWTP effluents, as the increased concentration in the first reach after the discharge point clearly
indicated. Subsequently, a decrease in the number a concentration of compounds detected along all
studied impacted river segments was observed. This decrease cannot be only attributed to dilution of
contaminants with river water, as this parameter was determined as 13% in a previous study in the
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same section of the river

219

and could not account for the attenuation observed in this study for both

PhACs and EDCs. In fact, in-stream attenuation was different for water, biofilm and
macroinvertebrates. Water concentration was reduced between 33-64% (EDCs and PhACs
respectively) from the first impacted reach to the last (in less than 3 km), whereas the concentration in
biofilm decreased between 2-22%. Macroinvertebrates concentrations was barely affected, when the
three taxa where considered as a whole, in the case of EDCs, driven mostly by TBEP slight
biomagnification. In the case of PhACs in macroinvertebrates, the concentration in the last reach (I3)
was 5% of the one detected right after the WWTP.
In agreement with the results from Chapter 3, hydrophobic compounds (log Kow≥3) were
present more often in biological tissues. It is well-known that factors such as lipid content (more
attractive for hydrophobic compounds), individual size (and therefore, different metabolism) or life
stage (exposure time) can affect uptake levels

220

, and this may difficult the accurate prediction by

simple models as the one applied in this case. However, the model 135 used to predict the BAFs, which
based on the log Dow to account for the possible ionisation of the PhACs, was able to predict BAFs in
all taxa, which could be very useful for future research and risk assessment.
Among the 34 macroinvertebrate taxa present in the sampling area, only 3 were selected
according to their feeding strategy and habitat, contemplating both feeders (Phagocata) and
detritivores (Ancylus, Hydropsyche), as this may affect the dietary intake of the target compounds.
No biomagnification of PhACs was observed, but one EDC, flame retardant TBEP, was found
consistently across all food web compartments, although at relatively low concentrations. TBEP
concentrations increased slightly with the trophic levels, being the lowest in biofilm, intermediate in
Ancylus, and the highest in Hydropsyche and Phagocata.
There are, however, some limitations, such as lacking data from higher trophic levels like
vertebrate organisms or the lack of integrated data about water contamination (only “snapshot” water
concentrations were measured). However, the trophic magnification of TBEP we found is a
significant finding and should be further investigated. The results highlight the need to consider diet,
together with waterborne exposure, as a potential bioaccumulation route in aquatic organisms for
some emerging contaminants.
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Another consideration and advisable future step is the study of the role that the organisms
play in the attenuation observed of most of contaminants in river water, i.e., the level of
biodegradation taken place in the environment, and that could be also related to the attenuation
previously seen in the case of biota. Evidence of biodegradation of emerging contaminants by river
biofilm has been already reported 221. This could be interesting when trying to understand not only the
effects in the organisms, but also the contaminants fate in the aquatic environment. Uptake is
irrevocably associated to degradation/removal, including biodegradation, which highlight the role of
the determination of metabolites and degradation products in the study of the uptake/elimination
kinetics. As stated in Chapter 3, more research is needed to determine how bioaccumulation and
biodegradation are related, i.e. whether bioaccumulation increases bioavailability and therefore
increases the chances of biodegradation.
Although the correlation between bioaccumulation and measurable effects is still very much
unknown, a few studies have tried to correlate both in recent years, particularly in the case of PhACs.
Some of the effects observed in bioaccumulation experiments after exposure to a compound or a
167,222

mixture of drugs ranged from behavioural modifications
reproductive alterations

93,223

, mortality

gene expression and proteomic changes

96

to histopathological changes

122

, estrogenicity102, neurotoxicity

54,66,71,169,222

223

,

and modifications of

. However, these studies used generally greater

exposure concentrations than those normally detected in the environment (μg L-1 to mg L-1), and
consequently the tissues concentrations were also usually higher. Thus, the detected concentrations of
PhACs and EDCs in this thesis may not represent an immediate risk for the exposed organisms.
Nevertheless, future research should include more studies on this issue to build a robust correlation
between the fate and effects of pharmaceuticals in aquatic ecosystems.
III. ENVIRONMENTAL EFFECTS OF THE OCCURRENCE OF ANTIBIOTICS AND
PSYCHIATRIC
DRUGS:
ANTIBIOTIC
RESISTANCE
AND
BEHAVIOURAL
ALTERATIONS

The last specific aim of this thesis was to assess the impacts of exposure. Two different
approaches were used to achieve this during this thesis: a field-exposure study and a lab-exposure
experiment under controlled conditions, which emphasizes the variety of fronts and effects, both
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direct and indirect, that PhACs may entail to the environment. For instance, when an impact is studied
in the field, under natural conditions, the setting is more realistic and the results of the study are more
likely to generalize and account for many variables that are not controlled or even known, which
means that the observations and results obtained can be used to assess the risk to the environment
more accurately. However the field experiment has less control and so it may be difficult to determine
what factors are influencing the outcome. In a lab experiment, the researcher is able to control most of
the conditions, and so can better isolate factors, although the results might not reflect what is actually
happening in nature.
The impact of the presence of antibiotics, a group of PhACs, in the freshwater environment
was studied with samples taken from a field exposure situation. Despite the relevance of the issue,
which will be expanded in the next section, not many studies have tried to investigate this issue
outside of the clinical context. Culturing natural bacterial communities in the lab still remains a
challenge

224

, although culture-independent analysis based on molecular methods have allowed a

deeper understandings into the issue. On top of that, the assessment of a real situation with current
levels of pollution in 3 water reservoirs, one of them provider of drinking water for a city such as
Barcelona (population: 1.6 millions), was deemed very pertinent and relevant for the public health.
The second study related to the effect of a psychoactive drug in the fish behaviour after 28day exposure was performed under controlled conditions in a lab exposure. The nature of this
endpoint made it impossible to perform the experiment in the field:


Exposure time and concentration had to be stable for 28 days, so the drug would have enough

time to build up in the fish before the behaviour could be tested.


Parameters such as temperature, pH, ammonia may influence not only the fitness (and

survival) of the fish, but also affect the drug uptake. Therefore, they had to be monitored daily and
kept within certain realistic ranges.


Behavioural testing in this case entailed filming the fish, which logistically was quite

complicated (camera placement, lighting, etc.). Any minimum alteration of the fish environment
may affect the results, which could confound even more the inherently difficult interpretation of
behavioural data. For instance, fish get used being alone in a room, with only a person coming
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in/out at regular periods, so the filming had to be done when nobody was present in the room to
avoid any interference, as fish may react in a different way otherwise. In the same way, filming
must be performed quickly, to keep the fish stress to a minimum, which could alter the results
obtained.
In this case, the lab study contributed in a different way to the question whether PhACs are
having a harmful effect in the aquatic environment. The concentrations used during the exposure were
usually above the considered environmentally-relevant level, except in the case of the lower one (1 μg
L-1), which could be a real life scenario. The experimental design, with three different concentrations,
two different behavioural tests performed in a great number of fish, gave this study a significant
statistic power and reliable data despite the intrinsic variability of the biological responses, which
would not possible in a field study.

Antibiotic Resistance in Water Reservoirs
Although antibiotic resistance is a natural and old phenomenon

173

, the common use (and

misuse) of antibiotics in modern times, not only in the clinical context, but also in agriculture and
veterinary practices is affecting the natural environment to a degree which could have severe
consequences for human health. In fact, antibiotic resistance has become one of the most important
public health issues, causing high mortality due to the impossibility of treating antibiotic-resistant
infections 224.
Many studies have demonstrated that human activity cause an impact in the dissemination of
antibiotic resistance determinants, as heavily-impacted areas usually present more antibiotic resistance
than pristine environments

225,226

. In this context, WWTPs might act as reservoirs of antibiotic

resistance bacteria and ARGs, as they receive sewage discharges from households and hospitals, as
well as inputs from diffuse contamination from surrounding crops, and they may have a role in the
spread of antibiotic resistance in the environment

227

. However, little is known about the diversity,

distribution and origins of resistance genes for the majority of environmental bacteria

228

. In recent

years, the application of highly specific and sensitive molecular techniques, such as the quantitative
PCR (qPCR), has allowed the precise quantification of ARGs abundance in both aquatic and
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terrestrial samples that resulted in a wealth of studies about the impact of WWTPs discharges on
aquatic environments and, particularly, on the prevalence and distribution of antibiotic resistance
determinants in the receiving waters 229–232.
This thesis examined the “impact” of the discharge of antibiotics and ARGs by WWTP
effluents on the aquatic resistome and the composition of microbial communities in three water
reservoirs. The comparison and multivariate analysis of water ecosystems with increasing levels of
pollution helped to explain the relationship between antibiotic resistance, antibiotic residues and
bacterial populations in planktonic and sediment compartments. The main conclusions of this study
were that concentration of both, antibiotics and ARGs, were higher in the reservoir most heavily
impacted by WWTP discharges. It has been also possible to confirm that two bacterial groups,
Actinobacteria and Firmicutes, were closely associated to the presence of ARGs in water and
sediment

233

. As in the case of other studies

229–231

, statistical analyses showed significant correlations

between the presence of antibiotics and ARGs; although no direct correlation was found between
antibiotic concentration and the bacterial groups present in the samples. Nevertheless, the absence of
direct associations between antibiotic concentrations and resistant bacteria may be due to the high
persistence of ARGs within the bacterial community, even in the absence of selective factors 229,234.
Despite the limitations of the study, as only a few compounds and ARGs were measured, and
that causal mechanisms could not be identified, the fact that the applied statistical analysis identified
macrolides, ermB resistance gene, and Actinobacteria and Firmicutes as relevant variables, suggest
that antibiotic pollution may play a role in shaping the bacterial communities inhabiting the studied
reservoirs, as recently demonstrated in hospital and urban wastewater

229,230

. However, several

ecological and environmental factors other than the direct (or indirect) effect of antibiotics may also
contribute in modulating the phylogenetic composition and structure of bacterial communities, most
of which could also stimulate gene transfer, promoting the spread of antibiotic resistance among
environmental bacteria

230,233,235

. Further research is needed before assigning causality between the

presence of antibiotics in the environment and the prevalence of antibiotic resistance. It is
fundamental to determine if the presence of antibiotic resistance in a given environment is mostly due
to the dissemination of ARGs released by WWTP discharges or, on the contrary, environmental
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resistance is stimulated by the presence of antibiotic residues in the WWTP effluent. The application
of new and more powerful molecular techniques, such as massive parallel sequencing and
metagenomics, could be very useful to resolve the source of ARGs and to precisely identify those
members of the community that harbours resistance determinants. Moreover, the applications of these
state-of-the-art molecular techniques would allow the identification of novel genes and genetic
variants linked to antibiotic resistance

227,228

. These data will be fundamental to have a better

understanding of the diversity, dynamics and fate of ARGs in the natural environment, and the actual
role of sub-inhibitory concentrations of antibiotics on aquatic microbial communities 233.

Behavioural Alterations by a Psychoactive Drug
Fish behaviour has been used to study normal or pathological behaviours and modelling brain
disorders in neuroscience research due to the similarities with human physiology 192,236–238. In fact, the
sensitivity of fish behaviour to pharmacological influence, including anxiolytic drugs, has
undoubtedly been established 239–241. However, despite the high ecological relevance of the application
of this type of behavioural studies in the environment, the difficulty of measuring, interpreting and
reproducing behavioural endpoints is something to take into consideration. In fact, inter-individual
behavioural variability significantly influence the sensitivity of behavioural tests for ecotoxicology
and may limit their use in risk assessment

148,167

.This variability of fathead minnow behaviour when

exposed to an stimulus includes a wide range of behaviours, from “freezing” to an increase in the
exploratory activity, but also covers the total lack of response, slower swimming activity, or even
“dashing” across the tank, which may be easily overlooked

212

. For that same reason, an appropriate

selection of the behavioural endpoints is of vital importance, in order to ensure that the results are not
due to erroneous interpretation on innate behaviour 242.

In this study, regardless of the statistical power derived from the experimental design, no
behavioural effects could be determined at any exposure concentrations, including the one that
produced HTPCs in fish plasma. Lack of dose-response, high inter-individual and inter-tank
behavioural variability, and drug plasma concentrations <HTPC in the responsive group, all
collectively suggest that the decreased exploratory activity at 5 μg L -1 may be independent by the drug
exposure.
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Nevertheless, the exposure experiment under controlled conditions was an efficient tool for
investigating the bioaccumulation of a psychoactive drug, oxazepam, in different fish tissues,
including muscle, brain, liver, and plasma. Although it is increasingly more obvious that internal
concentrations of a contaminant in an exposed organism are the key to understand the link between
external exposure and toxicological effects

243

, this is currently not very well understood

244

. Firstly,

information about the relationship between individual blood and tissue concentrations of psychiatric
drugs in fish is very limited. In our study, highest concentrations of oxazepam were found in brain,
followed by plasma and liver, while muscle presented the lowest values, which supports the current
knowledge of the pharmacokinetic and distribution of this drug in mammals

199,200

. The mean

tissue/plasma concentration ratios calculated ranged from 0to 16 for brain, 0 to 6.4 for liver and 0 to
7.8 for muscle, suggesting relatively low transportability of these compounds into muscle and liver,
but higher transportability to the brain, as observed in previous studies

197

. Despite the drug not being

overly lipophilic (log D7.4= 2.24), the fact that that accumulation in the brain was significantly higher
than in the other tissues, supports the idea that accumulation is mainly driven by lipophilicity in this
case, as brain tissue contains a high proportion of lipids.
Significant positive correlations were found between plasma and tissue concentrations,
although remarkably, brain had the lowest positive correlation with plasma (r = 0.578) compared to
muscle and liver tissues, in agreement with a recent study in wild fish were concentrations of
psychoactive drugs, sertraline, haloperidol and carbamazepine in brain, did not have a significant
correlation with plasma concentrations

197

. It was suggested that this lack of strong correlation was

due to the wide variation in brain/plasma ratios between individuals (up to 32-fold at the highest
exposure concentration).
Regardless, these distribution and bioaccumulation data could be very useful to feed the
future development of uptake and pharmacokinetics models able to predict distribution and
bioaccumulation dynamics in conditions of chronic exposure, which would reduce the amount of
experimental work needed for the ERA, and therefore speed up the process for current and future
emerging contaminants.
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CONCLUSIONS

1. Three different analytical multi-residue methods were developed for the analysis of 61
pharmaceuticals (from 12 therapeutic families) and 22 endocrine disruptors (including 5
groups, such as hormones, flame retardants, parabens, antibacterials and plasticizers; and
other related compounds such as caffeine) in fish tissues, invertebrates, and biofilm.
2. These methods achieved very low MDLs, in the range of 0.01–6.7 ng g-1 for PhACs, and
between 0.08-2.4 ng g-1 in the case of EDCs. Each method was successfully applied to the
trace determination of PhACs and EDCs in environmental samples from different freshwater
sites.
3. A fourth analytical method was also developed for the analysis of the psychiatric drug
oxazepam in fish plasma as well as in other fish tissues.
4. The methods developed are highly comprehensive, measuring up to 61 compounds
simultaneously, in the case of biofilm.
5. Concentrations of endocrine disruptors in all matrices were in general higher (up to one order
of magnitude) than those of pharmaceuticals. Most prevalent families were antiinflammatories (diclofenac) in the case of pharmaceuticals, whereas the most predominant
endocrine disruptors were flame retardants. The anti-inflammatory diclofenac and the flame
retardant TBEP were the only compounds detected in all biological tissues analysed in wild
biota.
6. Concentrations were significantly higher for all compounds in samples collected after WWTP
effluent discharges to the surface water than those collected upstream the WWTP (where in
the majority of the cases the compounds were not detected). For instance, in the case of
biofilm samples only two EDCs (TBEP and triclosan) were detected at concentrations < 20 ng
g-1, while a total of 12 compounds were detected after the WWTP discharge at concentrations
up to 200 ng g-1. This data on occurrence highlights the influence of WWTP in the
bioaccumulation of these types of emerging contaminants in freshwater organisms.
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7. Calculated BAFs for both pharmaceuticals and endocrine disruptors were generally lower
than 1000 (bioaccumulation is not considered significant when BAFs < 1000), apart from
very few exceptions: TBEP, Bisphenol A, estrone.
8. In general, values of these emerging contaminants measured in wild biota, usually in the low
ng per gram range (< 200 ng g-1), were lower than those measured for other organic
pollutants, such as pesticides, PCBs, PBDEs, etc., which are usually 1-2 orders of magnitude
above these values.
9. No biomagnification of pharmaceuticals could be established. However, the flame retardant
TBEP was consistently found across all food web compartments studied in slightly increasing
concentrations.
10. Compounds with a log Kow ≥ 3 (estrone, TBEP, bisphenol A, triclosan, diclofenac) were
present more often in biological tissues, however, when log Do w≥ 3was considered, only
EDCs followed this pattern.
11. Mechanisms other than lipophilicity and hydrophobic interactions are also influencing
bioaccumulation of pharmaceuticals, as many pharmaceuticals with a log Dow < 3 were also
present in biological tissues.
12. Further research is needed to determine if processes such as active transport are inducing the
uptake of these compounds, in particular in the case of ionisable compounds in a given
environmental pH for instance such as pharmaceuticals.
13. Concentrations (< 200 ng g-1) detected for the great majority of the compounds do not
represent an immediate risk for the exposed organisms.
14. Not only antibiotics concentrations, but also ARGs blaTEM, ermB, qnrS, and sulI, were
higher in the reservoir most heavily impacted by WWTP discharges (out of the three
reservoirs studied). Dominant bacterial groups in water and sediments were identified. It was
also possible to confirm that two bacterial groups, Actinobacteria and Firmicutes, were
closely associated to the presence of ARGs in water and sediment.
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15. Multivariate statistical analysis allowed the assessment of the role of macrolides, ermB
resistance gene, Actinobacteria and Firmicutes in the conformation of bacterial communities
in reservoirs via the spreading of ARGs. However, further research is needed before assigning
causality, and the application new technologies, such as metagenomics, could be very useful
to determine the spread of antibiotic resistance and to quantify if this is due to the
dissemination of ARGs in WWTPs or to the presence of antibiotic residues in the
environment.
16. In the oxazepam exposure experiments the highest concentration was found in brain, followed
by plasma and liver, while muscle presented the lowest values. This distribution of oxazepam
in fish supports the current knowledge of the pharmacokinetic and distribution of this drug in
mammals.
17. Significant positive correlations between plasma and tissue concentration of oxazepam were
found between plasma and tissue concentrations, and these data could be used to feed the
future development of uptake and pharmacokinetics models able to predict distribution and
bioaccumulation dynamics in conditions of chronic exposure.
18. The FPM demonstrated good degree of accuracy for the prediction of oxazepam uptake in
fish plasma, despite the fact that it does not consider inter- or intra-species variability and that
it was developed for very hydrophobic compounds.
19. No behavioural effects were observed at any exposure concentrations, including the one that
produced HTPCs in fish plasma. Lack of dose-response, high inter-individual and inter-tank
behavioural variability, and drug plasma concentrations <HTPC in the responsive group, all
collectively suggest that the decreased exploratory activity at 5 μg L-1 may be independent by
the drug exposure.
20. Despite the high ecological relevance of behavioural studies, the difficulty of measuring,
interpreting and reproducing behavioural endpoints is something to consider. In fact, interindividual behavioural variability may significantly influence the sensitivity of behavioural
tests for ecotoxicology and limit their use in risk assessment.
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FUTURE RECOMENDATIONS

Based on the results obtained in this thesis, it is evident that bioaccumulation of PhACs and
EDCs is occurring in aquatic environments, particularly in those streams heavily impacted by
WWTPs. The long-term consequences of this issue for aquatic organisms are still widely unknown.
The link between bioaccumulation and harmful biological effects is a knowledge gap that should be
considered in the future in order to determine if the presence of these compounds in the environment
should be regulated. Particularly in the case of PhACs, the internal concentration of a drug (e.g. in the
blood or in a target tissue) is what ultimately induces pharmacological or toxicological responses in
the organisms, so the analysis of fish plasma in the wild could be very useful to determine the
bioavailability of these compounds, and therefore, characterise the effect concentrations in order to
feed Environmental Risk Assessment (ERA) studies. This is crucial for those compounds recurrently
detected in wild biota, such as diclofenac, TBEP or triclosan, especially considering that very few
studies exist on their harmful effects to different aquatic organisms following chronic exposure or
even in the successive generations.
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APPENDIX A: Supplementary Material for the article Huerta et al., 2013. Journal of
Chromatography A 1288, pp. 62 - 72
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Fig. S1 Comparison of extraction efficiencies (%) between five extraction solvents at 50 °C for
selected pharmaceutical compounds (n=3)
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Table S1 Matrix effects (%) of the analytes in fish homogenate, liver and muscle tissues (n=3; spiking level= 5
ng/g), calculated as [100 – [(area analyte in matrix - area analyte in blank) x 100]/ area analyte in blank].
Negative values indicate signal suppression, and positive values indicate signal enhancement.

Matrix Effects (%) (RSD %)
TISSUES

SPECIES

Liver

Muscle

Homogenate

Cyprinus carpio

Barbus graellsii

Silurus glanis

Atenolol

-37.1 (2.6)

-27.1 (2.8)

-8 (14.4)

-0.1 (17.1)

4.2 (1.5)

-5.6 (4.5)

Carazolol

10.9 (2.7)

-0.7 (1.4)

-13.1 (10.9)

-3.5 (15.3)

-8.0 (13.2)

-27.3 (9.3)

Carbamazepine

-54.5 (3.1)

-26.4 (0.8)

-8 (5.5)

1.4 (16.5)

-4.3 (8.9)

-14.9 (5.8)

Citalopram

-50.2 (0.7)

-45.1 (1.4)

-10.4 (4.3)

-8.8 (4.3)

-7.6 (17.2)

-32.9 (8.9)

Clopidrogel

-83.7 (1.0)

-86.8 (0.8)

-3.9 (0.1)

4.9 (14.5)

1.6 (7.8)

-9.1 (4.0)

Codeine

-31.8 (1.1)

-23.4 (2.7)

-18.4 (1.4)

-17.6 (9.3)

-13.7 (7.1)

-24.0 (4.5)

Diazepam

-64.1 (3.3)

-69.5 (3.1)

-11.4 (0.3)

- 8.4 (5.7)

-11.2 (13.5)

-28.0 (9.9)

Diclofenac

19.3 (5.5)

4.2 (3.4)

1 (6.8)

5.0 (6.0)

2.5 (11.9)

-5.2 (15.8)

10,11-epoxyCBZ

-59.8 (1.1)

-29.8 (1.1)

-20 (1.8)

-10.1 (18.5)

-5.3 (17.1)

-27.0 (6.1)

Hydrochlorothiazide

-50.4 (4.6)

-16.5 (2.3)

6.5 (8.9)

42.3 (6.9)

27.7 (19.9)

86.5 (5.4)

2-HydroxyCBZ

-49 (0.2)

-23.7 (3.9)

-9.9 (5.1)

-4.5 (10.1)

-1.9 (13.1)

-14.2 (6.3)

Levamisol

-1.9 (3.2)

4.5 (0.5)

-1.1 (7.5)

6.8 (13.7)

3.2 (11.3)

-14.7 (9.2)

Lorazepam

-69.5 (0.7)

-60.6 (1.3)

-1.8 (3.4)

22.0 (9.5)

12.9 (14.8)

-78.6 (7.2)

Metropolol

-28.1 (1.6)

-19.6 (1.9)

-16.4 (2.2)

-4.2 (7.2)

-11.6 (10.3)

-25.1 (13.1)

Nadolol

-39.1 (2.9)

-24.5 (2.1)

-24.1 (1.3)

-22.9 (2.4)

-20.4 (2.6)

-18.7 (5.4)

Propanolol

-40.2 (0.2)

-61.0 (4.5)

-24.8 (2.9)

-1.5 (12.1)

-14.0 (14.5)

-50.8 (5.7)

Salbutamol

-38.3 (10.1)

-21.4 (12.1)

-18.6 (0.6)

-10.3 (3.3)

-15.8 (7.2)

-37.1 (13.3)

Sertraline

-55.2 (4.7)

-15.6 (3.7)

54.3 (24.2)

60.2 (8.0)

41.3 (9.6)

58.1 (12.2)

Sotalol

-29.7 (2.2)

-49.6 (8.0)

-17.1 (4.2)

-1.9 (4.5)

-8.9 (2.2)

-20.4 (10.0)

Venlafaxine

-25.8 (0.4)

-15.3 (3.0)

-4.9 (2.7)

-3.4 (3.3)

-4.4 (11.1)

-25.7 (18.7)
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Internal standard calibration curve
Internal sample calibration (Cyprinus carpio)
Internal sample calibration (Barbus graelssii)
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Fig. S2 Quantification values of GPC purified extracts from Cyprinus carpio spiked with a pharmaceutical
mixture at 25 ppb (black line) obtained by different calibration techniques (internal standard calibration, and
internal sample calibration prepared in extracts of the following species: Cyprinus carpio, Barbus graellsii and
Silurus glanis.
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APPENDIX B: Supplementary Material for the article Huerta et al., 2015. Talanta 132, pp. 373 - 381
Table S1 Bioaccumulation of PhACs and EDCs in macroinvertebrates in previous studies

Exposure Studies
Compound
17-α-ethinylestradiol
Estrone
Levonorgestrel
Carbamazepine
Fluoxetine
Hydroxyzine,
Fexofenadine
Field Studies
Compound
Fluoxetine
Antibiotics

Organism
Chironomus tentans,
Hyalella azteca
Daphnia magna
Zebra mussel
Thamnocephalus
platyurus
G. pulex

Bioconcentration Factor

Reference

18-215

[1]

228
25-208

[2]
[3]

12.6

[4]

185,900

[5]

Damselfly larvae

2000

[6]

Organism
Elliption complanata
Marine mollusks

Concentration
79 ng g -1
1.5 μg g -1

Reference
[7]
[8]

1.

Dussault EB, Balakrishnan VK, Borgmann U, Solomon KR & Sibley PK (2009) Bioaccumulation of the
synthetic hormone 17alfa-ethinylestradiol in the benthic invertebrates Chironomus tentans and Hyalella
azteca. Ecotoxicol Environ Saf 72, 1635-1641.

2.

Gomes RL, Deacon HE, Lai KM, Birkett JW, Scrimshaw MD & Lester JN (2004) An assessment of the
bioaccumulation of estrone in Daphnia magna. Environ Toxicol Chem 23, 105-108.

3.

Contardo-Jara V, Lorenz C, Pflugmacher S, Nützmann G, Kloas W & Wiegand C (2011) Molecular
effects and bioaccumulation of levonorgestrel in the non-target organism Dreissena polymorpha.
Environmental Pollution 159, 38-44.

4.

Vernouillet G, Eullaffroy P, Lajeunesse A, Blaise C, Gagné F & Juneau P (2010) Toxic effects and
bioaccumulation of carbamazepine evaluated by biomarkers measured in organisms of different trophic
levels. Chemosphere 80, 1062-1068.

5.

Meredith-Williams M, Carter LJ, Fussell R, Raffaelli D, Ashauer R & Boxall ABA (2012) Uptake and
depuration of pharmaceuticals in aquatic invertebrates. Environ Pollut 165, 250-258.

6.

Jonsson M, Fick J, Klaminder J & Brodin T (2013) Antihistamines and aquatic insects: Bioconcentration
and impacts on behavior in damselfly larvae (Zygoptera). Science of The Total Environment 472, 108111.

7.

Bringolf RB, Heltsley RM, Newton TJ, Eads CB, Fraley SJ, Shea D & Cope WG (2010) Environmental
occurrence and reproductive effects of the pharmaceutical fluoxetine in native freshwater mussels.
Environ Toxicol Chem 29, 1311-1318.

8.

Li W, Shi Y, Gao L, Liu J & Cai Y (2012) Investigation of antibiotics in mollusks from coastal waters in
the Bohai Sea of China. Environ Pollut 162, 56-62.
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Table S2 List of compounds (PhACs & EDCs) and physic-chemical characteristics
Family

Chemical Structure

Precursor
ion

Internal standard

log
P

Endocrine Disruptors & related compounds
1-H-benzotriazole

Triazoles

17α-ethinylestradiol

Hormones

17β- Estradiol

Hormones

Benzylparaben

Preservatives

Bisphenol A

Plasticizers

Caffeine

Stimulants

Estriol

Hormones

Estrone

Hormones

E1-3S

Hormones

E1-3G

Hormones

E2-17G

Hormones

Ethylparaben

Preservatives

Levonorgestrel

Hormones

Methylparaben

Preservatives

120.1
[M+H]+
295.1
[M-H]-

271.0
[M-H]-

227.0
[M-H]227.0
[M-H]-

195.0
[M+H]+

287.0
[M-H]269.1
[M-H]-

349.0
[M-H]-

445.0
[M-H]-

447.0
[M-H]-

165.0
[M-H]-

313.0
[M+H]+

151.0
[M-H]-

1-H-benzothiazole-d4

1.3

17α-ethinylestradiol-d4

3.9

17β- Estradiol-d2

3.7

Methylparaben-d4

3.4

Bisphenol A-d4

4.0

Caffeine-d3

-0.5

Estrone-d4

2.6

Estrone-d4

4.3

Estrone-d4

3.8

Estrone-d4

2.3

17α-ethinylestradiol-d4

1.2

Methylparaben-d4

2.0

Progesterone-d8

3.6

Methylparaben-d4

1.6
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Nonylphenol

Alkylphenols

Progesterone

Hormones

Propylparaben

Preservatives

Tolyltriazole

Triazoles

TBEP

Flame retardants

TCEP

Flame retardants

TCPP

Flame retardants

219.0
[M-H]-

315.0
[M+H]+

179.0
[M-H]-

134.1
[M+H]+

Octylphenol-d17

5.7

Progesterone-d8

4.1

Methylparaben-d4

2.5

1-H-benzothiazole-d4

1.7

399.0

Trisphenyl phosphate-

[M+H]+

d15

284.8

Trisphenyl phosphate-

[M+H]+

d15

326.9

Trisphenyl phosphate-

[M+H]+

d15

154 [M-H]-

Acetaminophen-d4

1.6

3.9

2.1

3.3

Pharmaceuticals
Acetaminophen

Analgesics/antiinflammatories

Acridone*

Psychiatric drugs

196 [M+H]+

Carbamazepine-d10

4.2

Alprazolam

Psychiatric drugs

309 [M+H]+

Diazepam-d5

2.3

Atenolol

β-Blocking agents

267 [M+H]+

Atenolol-d7

0.4

Azaperone

Tranquilizer

328 [M+H]+

Azaperone-d4

3.2

Bezafibrate

Lipid regulators

360 [M-H]-

Bezafibrate-d6

3.9
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Carbamazepine

Psychiatric drugs

237[M+H]+

Carbamazepine-d10

2.7

2-OH-CBZ*

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

2.4

10,11-epoxy-CBZ*

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

2.3

Citalopram

Psychiatric drugs

325 [M+H]+

Citalopram-d4

3.7

300 [M+H]+

Carbamazepine-d10

1.3

451 [M-H]-

Dexamethasone-d4

1.6

294 [M-H]-

Ibuprofen-d3

4.2

415 [M+H]+

Carbamazepine-d10

2.7

Codeine

Dexamethasone

Diclofenac

Diltiazem

Analgesics/antiinflammatories

Synthetic
glucocorticoid

Analgesics/antiinflammatories

Calcium channel
blockers

Fluoxetine

Psychiatric drugs

310 [M+H]+

Fluoxetine-d5

4.1

Gemfibrozil

Lipid regulators

249 [M-H]-

Gemfibrozil-d6

4.3

Hydrochlorothiazide

Diuretic

296 [M-H]-

Hydrochlorothiazide-d2 -0.5

205 [M-H]-

Ibuprofen-d3

3.8

221 [M-H]-

Ibuprofen-d3

2.6

Ibuprofen

1-OH-Ibuprofen*

Analgesics/antiinflammatories

Analgesics/antiinflammatories
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2-OH-Ibuprofen*

Analgesics/antiinflammatories

221 [M-H]-

Ibuprofen-d3

2.3

Levamisol

Antihelmintics

205 [M+H]+

Ronidazole-d3

2.3

Metronidazole

Antibiotics

172 [M+H]+

Ronidazole-d3

-0.4

Metoprolol

β-Blocking agents

268 [M+H]+

Atenolol-d7

1.7

Nadolol

β-Blocking agents

310 [M+H]+

Atenolol-d7

0.8

229 [M-H]-

Ibuprofen-d3

2.9

441 [M+H]+

Verapamil-d6

4.6

330 [M+H]+

Fluoxetine-d5

3.1

330 [M-H]-

Meloxicam-d3

0.6

Naproxen

Norverapamil*

Paroxetine

Piroxicam

Analgesics/antiinflammatories

Calcium channel
blockers

Psychiatric drugs

Analgesics/antiinflammatories

Pravastatin

Lipid regulators

423 [M-H]-

Gemfibrozil-d6

1.6

Propanolol

β-Blocking agents

260 [M+H]+

Atenolol-d7

2.5

231 [M+H]+

Phenazone-d3

2.3

Propyphenazone
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Ronidazole

Antibiotics

201 [M+H]+

Ronidazole-d3

-0.4

Salbutamol

To treat asthma

240 [M+H]+

Atenolol-d7

0.3

Sotalol

β-Blocking agents

273 [M+H]+

Atenolol-d7

-0.4

Sulfamethoxazole

Antibiotics

254 [M+H]+

Sulfamethoxazole- d4

0.7

409 [M+H]+

Sulfamethoxazole-d4

2

Tamsulosin

Prostatic
hyperplasia

Torasemide

Diuretic

347 [M-H]-

Furosemide-d5

1.8

Venlafaxine

Psychiatric drugs

278 [M+H]+

Venlafaxine-d6

2.7

455 [M+H]+

Verapamil-d6

5.0

309 [M+H]+

Warfarin-d5

2.7

221 [M+H]+

Xylazine-d6

3.6

Verapamil

Warfarin

Xylazine

Calcium channel
blockers

Anticoagulant

Sedation and
muscle relaxation

*metabolite
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Standards and reagents
 EDCs
1-H-benzotriazole, 17α-ethinylestradiol, 17β-Estradiol, Benzylparaben, Bisphenol A, Caffeine,
Estriol, Estrone, Estrone sulfate, Estrone glucuronide, Estradiol glucuronide, Ethylparaben,
Levonorgestrel, Methylparaben, Nonylphenol, Progesterone, Propylparaben, Tolyltriazole, TBEP,
TCEP and TCPP were purchased from Sigma–Aldrich and presented a purity > 95 %. Isotopically
labelled compounds, used as internal standards, estrone-d4, 17 β-estradiol-d2, 17 α-ethinylestradiol-d4,
BPA-d4, methylparaben-d4, 1H-benzotriazole-d4 and caffeine-d3 were purchased from CDN isotopes.
Progesterone-d8 was from Cambridge Isotope Laboratories. Trisphenylphosphate-d15 was obtained
from Sigma–Aldrich.
 PhACs

High purity grade (>95%) pharmaceutical standards acetaminophen, acridone, alprazolam, atenolol,
bezafibrate, carbamazepine, citalopram, codeine, dexamethasone, diclofenac, diazepam, diltiazem,
fluoxetine, gemfibrozil, hydrochlorothiazide, ibuprofen, levamisole, metronidazole, nadolol,
naproxen, norverapamil, piroxicam, pravastatin,

propanolol, propyphenazone, ronidazole,

salbutamol, sotalol, sulfamethoxazole, tamsulosin, warfarin and xylazine were acquire from Sigma–
Aldrich. Paroxetine, sertraline, torasemide and velafaxine were purchased from the European
Pharmacopeia (EP). Metoprolol and verapamil were purchased from the US Pharmacopeia (USP).
Metabolites 2-hydroxycarbamazepine (2-HydroxyCBZ) and 10, 11-epoxycarbamazepine (10, 11EpoxyCBZ), 1-OH-ibuprofen, 2-OH-ibuprofen were purchased from Toronto Research Chemicals
(TRC). Isotopically labeled compounds, used as internal standards, were xylazine-d6, azaperone-d4,
ibuprofen-d3, diazepam-d5, meloxicam-d3, ronidazole-d3, ofloxacin-d3, and fluoxetine-d5 (as
hydrochloride salts) from Sigma–Aldrich. Dexamethasone-d4, bezafibrate-d6, gemfibrozil-d6,
carbamazepine-d10,

citalopram-d4

(as

hydrobromide),

atenolol-d7,

warfarin-d5,

and

hydrochlorothiazide-d2 were purchased from CDN isotopes (Quebec, Canada) and sulfamethoxazoled4, acetaminophen-d4, venlafaxine-d6, verapamil-d6 (as hydrochloride salt) and furosemide-d5 were
from Toronto Research Chemicals (Ontario, Canada).
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Table S3 PhACs and EDCs concentration (ng L-1) measured before and after a WWTP effluent discharged in the
river.
Family

Compound

Upstream WWTP

Downstream WWTP

Pharmaceuticals
Analgesics/anti-inflammatories

Lipid regulators

Psychiatric drugs

Acetaminophen

<MQL

222

Codeine

n.d.

33.7

Diclofenac

n.d.

29.1

Ibuprofen

n.d.

193

2-hdroxy-ibuprofen

17

573

1-hydroxy-ibuprofen

n.d.

68.7

Bezafibrate

n.d.

7.20

Gemfibrozil

n.d.

286

Pravastatin

n.d.

25.7

Carbamazepine

n.d.

23.6

Venlafaxine

n.d.

13.8

β-Blocking agents

Atenolol

n.d.

27.5

Diuretic

Hydrochlorothiazide

n.d.

311

Antibiotics

Sulfamethoxazole

n.d.

18.0

1H benzotriazole

3.8

195

Tolyltriazole

n.d.

261

Stimulants

Caffeine

51.5

207

Flame retardants

TBEP

n.d.

65.3

TCPP

n.d.

71.5

90.56

117

Endocrine Disruptors & related compounds
Triazoles

Alkylphenols

Nonylphenol
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Table S4 Method detection and extraction efficiencies of EDCs in water samples

MDL (ng L -1)

MQL (ng L -1)

Rec (%) ± SD

1H-benzotriazole

2.4

8.0

97 ± 6.1

17α-ethinylestradiol

4.4

14

82 ± 2.4

17β- Estradiol

5.6

18

88 ± 2.1

Benzylparaben

1.8

6.0

132 ± 4.3

Bisphenol A

7.2

24

65 ± 6.6

Caffeine

4.8

16

105 ± 5.9

Estriol

12

43

96 ± 2.0

Estrone

1.5

5.1

97 ± 1.8

E1-3S

4.0

13

63 ± 1.9

E1-3G

4.6

15

37 ± 7.3

E2-17G

4.9

16

23 ± 8.2

Ethylparaben

3.5

112

122 ± 2.2

Levonorgestrel

9.2

31

76 ± 1.4

Methylparaben

4.9

13

83 ± 5.2

Nonylphenol

7.6

25

73 ± 7.9

Progesterone

0.8

2.6

110 ± 1.6

Propylparaben

2.5

8.4

139 ± 1.2

Tolyltriazole

5.6

19

47 ± 19

TCEP

3.3

11

72 ± 3.8

TBEP

0.80

2.8

65 ± 2.8

TCPP

1.9

6.4

66 ± 10

Compound
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APPENDIX C: Supplementary Material for the article Huerta et al., 2015. Science of Total
Environment, doi: 10.1016/j.scitotenv.2015.05.049

Table S1 List of compounds (PhACs & EDCs) and physic-chemical characteristics
Family

Chemical Structure

Precursor
ion

Internal standard

log
P

Endocrine Disruptors & related compounds

Benzylparaben

Preservatives

227.0 [M-H]-

Methylparaben-d4

3.4

Bisphenol A

Plasticizers

227.0 [M-H]-

Bisphenol A-d4

4.0

Estrone

Hormones

269.1 [M-H]-

Estrone-d4

4.3

Estrone-3-sulfate

Hormones

349.0 [M-H]-

Estrone-d4

3.8

Estriol

Hormones

287.0 [M-H]-

Estrone-d4

2.6

17α-ethinylestradiol

Hormones

295.1 [M-H]-

Ethylparaben

Preservatives

165.0 [M-H]-

Methylparaben-d4

2.0

Methylparaben

Preservatives

151.0 [M-H]-

Methylparaben-d4

1.6

Progesterone

Hormones

Progesterone-d8

4.1

Propylparaben

Preservatives

179.0 [M-H]-

Methylparaben-d4

2.5

TBEP

Flame retardants

399.0

Trisphenyl

[M+H]+

phosphate-d15

TCEP

Flame retardants

284.8

Trisphenyl

[M+H]+

phosphate-d15

315.0
[M+H]+

17α-ethinylestradiold4

3.9

3.9

2.1
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Triclosan

288.5 [M-H]-

Antibacterial

Triclosan Methyl-d3ether

4.9

Pharmaceuticals

1-OH-Ibuprofen*

Analgesics/antiinflammatories

221 [M-H]-

Ibuprofen-d3

2.6

Acridone*

Psychiatric drugs

196 [M+H]+

Carbamazepine-d10

4.2

Azaperone

Tranquilizer

328 [M+H]+

Azaperone-d4

3.2

Azythromycin

Antibiotics

749 [M+H]+

Azithromycin-d3

2.44

Bezafibrate

Lipid regulators

360 [M-H]-

Bezafibrate-d6

3.9

Carbamazepine

Psychiatric drugs

237[M+H]+

Carbamazepine-d10

2.7

Chloramphenicol

Antibiotics

321 [M-H]-

-

0.88

Ciprofloxacin

Antibiotics

332 [M+H]+

Ofloxacin-d3

-0.8

Citalopram

Psychiatric drugs

325 [M+H]+

Citalopram-d4

3.7
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Clarithromycin

Antibiotics

748 [M+H]+

Azithromycin-d3

3.2

Clopidogrel

Antiplatelet agent

322 [M+H]+

Diazepam-d5

4.0

311 [M+H]+

Cimetidine-d3

4.0

451 [M-H]-

Dexamethasone-d4

1.6

285 [M+H]+

Diazepam-d5

3.1

294 [M-H]-

Ibuprofen-d3

4.2

Ibuprofen-d3

2.3

415 [M+H]+

Carbamazepine-d10

2.7

253 [M+H]+

Carbamazepine-d10

2.3

Histamine H1 and
Desloratadine*

H2 receptor
antagonists

Dexamethasone

Diazepam

Diclofenac

Diclofenac glucuronide*

Diltiazem

10,11-epoxy-CBZ*

Synthetic
glucocorticoid

Psychiatric drugs

Analgesics/antiinflammatories

Analgesics/antiinflammatories

Calcium channel
blockers

Psychiatric drugs

470 [M-H]-
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Erythromycin-

Erythromycin

Antibiotics

734 [M+H]+

Fluoxetine

Psychiatric drugs

310 [M+H]+

Fluoxetine-d5

4.1

410 [M-H]-

Gemfibrozil-d6

3.8

N,N13C2

2.6

Lipid regulators
Fluvastatin

and cholesterol
lowering statin
drugs

Furosemide

Diuretic

329 [M-H]-

Furosemide-d5

1.7

Gemfibrozil

Lipid regulators

249 [M-H]-

Gemfibrozil-d6

4.3

Hydrochlorothiazide

Diuretic

296 [M-H]-

Ibuprofen

Analgesics/antiinflammatories

Hydrochlorothiazided2

-0.5

205 [M-H]-

Ibuprofen-d3

3.8

483 [M+H]+

Cimetidine-d3

4.5

Histamine H1 and
Loratadine

H2 receptor
antagonists
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Lorazepam

Meloxicam

Psychiatric drugs

Analgesics/antiinflammatories

321 [M+H]+

Diazepam-d5

3.5

350 [M-H]-

Meloxicam-d3

1.6

1.7

Metoprolol

β-Blocking agents

268 [M+H]+

Atenolol-d7

Metoprolol acid*

β-Blocking agents

268 [M+H]+

Atenolol-d7

441 [M+H]+

Verapamil-d6

4.6

Norverapamil*

Calcium channel
blockers

-1.2

Ofloxacin

Antibiotics

362 [M+H]+

Ofloxacin-d3

0.6

2-OH-CBZ*

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

2.4

Paroxetine

Psychiatric drugs

330 [M+H]+

Fluoxetine-d5

3.1

330 [M-H]-

Meloxicam-d3

0.6

423 [M-H]-

Gemfibrozil-d6

1.6

Piroxicam

Pravastatin

Analgesics/antiinflammatories

Lipid regulators
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Propanolol

Propyphenazone

β-Blocking agents

Analgesics/antiinflammatories

260 [M+H]+

Atenolol-d7

2.5

231 [M+H]+

Phenazone-d3

2.3

Fluoxetine-d5

5.1

Sertraline

Psychiatric drugs

307 [M+H]+

Sulfamethoxazole

Antibiotics

254 [M+H]+

Thiabendazole

Antihelmintics

202 [M+H]+

Ronidazole-d3

2.8

Trazodone

Psychiatric drugs

372 [M+H]+

Fluoxetine-d5

3.1

Venlafaxine

Psychiatric drugs

278 [M+H]+

Venlafaxine-d6

2.7

455 [M+H]+

Verapamil-d6

5.0

Verapamil
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Standards and reagents
 EDCs
17α-ethinylestradiol, Benzylparaben, Bisphenol A, Estriol, Estrone, Estrone sulfate, Ethylparaben,
Methylparaben, Progesterone, Propylparaben, TBEP, TCEP and Triclosan were purchased from
Sigma–Aldrich and presented a purity > 95 %. Isotopically labeled compounds, used as internal
standards, estrone-d4, 17 α-ethinylestradiol-d4, BPA-d4, Triclosan Methyl-d3-ether and methylparabend4 were purchased from CDN isotopes. Progesterone-d8 was from Cambridge Isotope Laboratories.
Trisphenylphosphate-d15 was obtained from Sigma–Aldrich.
 PhACs
High purity grade (>95%) pharmaceutical standards acridone, bezafibrate, carbamazepine,
chloramphenicol,

ciprofloxacin,

citalopram,

chlarithromycin,

clopidogrel,

desloratadine,

dexamethasone, diclofenac, diazepam, diltiazem, erythromycin, fluoxetine, fluvastatin, furosemide,
gemfibrozil, hydrochlorothiazide, ibuprofen, loratadine, lorazepam, meloxicam, norverapamil,
ofloxacin, piroxicam, pravastatin, propanolol, propyphenazone, sulfamethoxazole, thiabendazole,
trazodone and verapamil were acquire from Sigma–Aldrich. Paroxetine, sertraline and velafaxine
were purchased from the European Pharmacopeia (EP). Metoprolol and verapamil were purchased
from the US Pharmacopeia (USP). Metabolites 2-hydroxycarbamazepine (2-HydroxyCBZ) and 10,
11-epoxycarbamazepine

(10,

11-EpoxyCBZ),

1-OH-ibuprofen,

2-OH-ibuprofen,

diclofenac

glucuronide, and metoprolol acid were purchased from Toronto Research Chemicals (TRC).
Isotopically labeled compounds, used as internal standards, were azaperone-d4, ibuprofen-d3,
diazepam-d5, meloxicam-d3, ronidazole-d3, ofloxacin-d3, and fluoxetine-d5 (as hydrochloride salts)
from

Sigma–Aldrich.

Dexamethasone-d4,

bezafibrate-d6,

gemfibrozil-d6,

carbamazepine-d10,

citalopram-d4 (as hydrobromide), atenolol-d7, cimetidine-d3 and hydrochlorothiazide-d2 were
purchased from CDN isotopes (Quebec, Canada) and sulfamethoxazole-d4, venlafaxine-d6, verapamild6 (as hydrochloride salt), azythromycin-d3 and furosemide-d5 were from Toronto Research Chemicals
(Ontario, Canada).
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Table S4 Method detection and extraction efficiencies of EDCs in water samples.
MDL (ng L -1)

MQL (ng L -1)

Rec (%) ± SD

Benzylparaben

1.8

6.0

132 ± 4.3

Bisphenol A

7.2

24

65 ± 6.6

Estrone

1.5

5.1

97 ± 1.8

Estrone-3-sulfate

4.0

13

63 ± 1.9

Estriol

12

43

96 ± 2.0

17α-ethinylestradiol

4.4

14

82 ± 2.4

Ethylparaben

3.5

112

122 ± 2.2

Methylparaben

4.9

13

83 ± 5.2

Progesterone

0.8

2.6

110 ± 1.6

Propylparaben

2.5

8.4

139 ± 1.2

TBEP

0.80

2.8

65 ± 2.8

TCEP

3.3

11

72 ± 3.8

Compound

Fig S1. Signal enhancement or suppression for EDCs calculated as 1-[100-((Area std biofilm/Area std
solvent)*100)].
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Fig S2. Signal enhancement or suppression for PhACs calculated as 1-[100-((Area std biofilm/Area std
solvent)*100)].

Table S5 Physico-chemical properties (ionisation properties and polarity) of the compounds detected in biofilm
from the River Segre.
pka

log Kow

log D 7.4

Ionisable at pH 7.4

"+/-"

Ethylparaben

8.5

2.0

2.0

Methylparaben

8.5

1.7

1.7

Propylparaben

8.5

2.6

2.6

TBEP

<0

3.9

3.9

Triclosan

7.7

5.0

4.7

Diclofenac

4.0

4.3

1.1

x

-

Diltiazem

8.2

2.7

1.7

x

+

Gemfibrozil

4.4

4.4

1.5

x

-

Norverapamil

10.3

4.7

2.2

x

+

Venlafaxine

8.9

2.7

1.1

x

+

Verapamil

9.7

5.0

2.7

x

+

Endocrine Disruptors

Pharmaceuticals
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APPENDIX D: Supplementary Material for the article Ruhi et al., Science of Total
Environment; doi:10.1016/j.scitotenv.2015.06.009

Table S1. List of pharmaceutical compounds (PhACs) and endocrine-disrupting compounds (EDCs) considered
in this study, ordered by families within compound types. Associate physicochemical characteristics are shown
(log Dow were calculated at field pH = 8). * denotes metabolites.
Compound
type

Compound

Family

Precursor
ion

Internal standard

log log
Kow Dow

PhAC

Diclofenac

Analgesics/antiinflammatories

294 [M-H]-

Ibuprofen-d3

4.2

0.85

PhAC

Ibuprofen

Analgesics/antiinflammatories

205 [M-H]-

Ibuprofen-d3

3.8

0.85

PhAC

1-OH-Ibuprofen*

Analgesics/antiinflammatories

221 [M-H]-

Ibuprofen-d3

2.6

-0.5

PhAC

Piroxicam

Analgesics/antiinflammatories

330 [M-H]-

Meloxicam-d3

0.6

-1.74

PhAC

Propyphenazone

Analgesics/antiinflammatories

231 [M+H]+

Phenazone-d3

2.3

2.35

PhAC

Sulfamethoxazole

Antibiotics

254 [M+H]+

Sulfamethoxazole- d4

0.7

-0.11

PhAC

Diltiazem

Calcium channel
blockers

415 [M+H]+

Carbamazepine-d10

2.7

2.33

PhAC

Verapamil

Calcium channel
blockers

455 [M+H]+

Verapamil-d6

5.0

3.36

PhAC

Norverapamil*

Calcium channel
blockers

441 [M+H]+

Verapamil-d6

4.6

2.41

PhAC

Hydrochlorothiazide

Diuretic

296 [M-H]-

Hydrochlorothiazide-d2

-0.5 -0.58

PhAC

Bezafibrate

Lipid regulators

360 [M-H]-

Bezafibrate-d6

3.9

0.55

PhAC

Gemfibrozil

Lipid regulators

249 [M-H]-

Gemfibrozil-d6

4.3

1.14

PhAC

Pravastatin

Lipid regulators

423 [M-H]-

Gemfibrozil-d6

1.6

-1.69

PhAC

Carbamazepine

Psychiatric drugs

237[M+H]+

Carbamazepine-d10

2.7

2.77

PhAC

Acridone*

Psychiatric drugs

196 [M+H]+

Carbamazepine-d10

4.2

4.2

PhAC

10,11-epoxy-CBZ*

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

2.3

2.31

PhAC

2-OH-CBZ*

Psychiatric drugs

253 [M+H]+

Carbamazepine-d10

2.4

2.43

PhAC

Citalopram

Psychiatric drugs

325 [M+H]+

Citalopram-d4

3.7

1.98

PhAC

Fluoxetine

Psychiatric drugs

310 [M+H]+

Fluoxetine-d5

4.1

2.38
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PhAC

Paroxetine

Psychiatric drugs

330 [M+H]+

Fluoxetine-d5

3.1

1.38

PhAC

Venlafaxine

Psychiatric drugs

278 [M+H]+

Venlafaxine-d6

2.7

1.78

PhAC

Dexamethasone

Synthetic
glucocorticoid

451 [M-H]-

Dexamethasone-d4

1.6

1.68

PhAC

Azaperone

Tranquilizer

328 [M+H]+

Azaperone-d4

3.2

3.15

PhAC

Metoprolol

β-Blocking agents

268 [M+H]+

Atenolol-d7

1.7

0.09

PhAC

Propanolol

β-Blocking agents

260 [M+H]+

Atenolol-d7

2.5

0.92

EDC

TBEP

Flame retardants

399.0 [M+H]+

Trisphenyl phosphate3.9
d15

3.94

EDC

TCEP

Flame retardants

284.8 [M+H]+

Trisphenyl phosphate2.1
d15

2.11

EDC

Estrone

Hormones

269.1 [M-H]-

Estrone-d4

4.3

4.31

EDC

Estrone-3-sulfate

Hormones

349.0 [M-H]-

Estrone-d4

3.8

1.46

EDC

Estriol

Hormones

287.0 [M-H]-

Estrone-d4

2.6

2.67

EDC

17α-ethinylestradiol

Hormones

295.1 [M-H]-

17α-ethinylestradiold4

3.9

3.9

EDC

Progesterone

Hormones

315.0 [M+H]+ Progesterone-d8

4.1

4.15

EDC

Bisphenol A

Plasticizers

227.0 [M-H]-

Bisphenol A-d4

4.0

4.04

EDC

Benzylparaben

Preservatives

227.0 [M-H]-

Methylparaben-d4

3.4

3.28

EDC

Ethylparaben

Preservatives

165.0 [M-H]-

Methylparaben-d4

2.0

1.91

EDC

Methylparaben

Preservatives

151.0 [M-H]-

Methylparaben-d4

1.6

1.56

EDC

Propylparaben

Preservatives

179.0 [M-H]-

Methylparaben-d4

2.5

2.43
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Table S2. Detected compounds (ng L-1 for water, ng g-1 for biofilm and invertebrates). PhACs = pharmaceutical
compounds, EDCs = endocrine-disrupting compounds. C= control reach, I1 = 1 st impact reach after effluent, I2
= 2nd impact reach after effluent, I3 = 3rd impact reach after effluent (I3). < MDL = below method detection
limit; < MQL = below method quantification limit.
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Diclofenac

Ibuprofen

1-hydroxy-ibuprofen

Bezafibrate

Gemfibrozil

Hydrochlorothiazide

Carbamazepine

Venlafaxine

Sulfamethoxazole

Verapamil

Norverapamil

Diltiazem

Phagocata

Hydropsyche

Ancylus

Biofilm

Water

PhACs

C

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I1

29.1

192.6

68.7

7.2

285.7

311.1

23.6

13.8

18

<MDL

<MDL

<MDL

12

25.6

187.2

64.8

6.4

222.4

295.6

21.3

9.3

19.6

<MDL

<MDL

<MDL

I3

19.9

115.1

46

4.5

157.1

221.1

15

2.4

23.2

<MDL

<MDL

<MDL

C

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I1

23.5

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

43.7

<MDL

20.2

18.7

<MDL

12

<MQL

<MDL

<MDL

<MDL

4

<MDL

<MDL

6.5

<MDL

11.1

11.2

11.8

I3

<MQL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

14.4

4.2

4.7

C

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I1

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

12

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I3

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

C

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I1

10

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

12

12.4

182.7

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I3

4.6

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

C

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I1

<MDL

30.9

<MDL

<MDL

43.9

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

12

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

I3

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL

<MDL
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TBEP

BPA

Ethylparaben

Methylparaben

Estrone

Phagocata

Hydropsyche

Ancylus

Biofilm

Water

EDCs

C

<MDL

<MDL

<MDL

<MDL

<MDL

I1

65.3

<MDL

<MDL

<MDL

<MDL

12

41.4

<MDL

<MDL

<MDL

<MDL

I3

21.5

<MDL

<MDL

<MDL

<MDL

C

3.6

<MDL

<MDL

<MDL

<MDL

I1

14.1

<MDL

20.3

176.4

<MDL

12

17.3

<MDL

6.9

9

<MDL

I3

4.8

<MDL

<MDL

<MDL

<MDL

C

7.7

<MDL

<MDL

<MDL

<MDL

I1

22

<MDL

<MDL

<MDL

<MDL

12

31.8

<MDL

<MDL

<MDL

<MDL

I3

16.1

<MDL

<MDL

<MDL

<MDL

C

17.9

<MDL

<MDL

<MDL

<MDL

I1

29.8

<MDL

<MDL

<MDL

<MDL

12

31.1

8.7

<MDL

<MDL

<MDL

I3

58.9

<MDL

<MDL

<MDL

<MDL

C

22.3

<MDL

<MDL

<MDL

17.6

I1

30.9

<MDL

<MDL

<MDL

23.2

12

20.6

<MDL

<MDL

<MDL

12.4

I3

27.9

<MDL

<MDL

<MDL

17.8
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Table S3. Observed (Obs) and predicted (Pred) log bioaccumulation factors (log BAFs, in L kg-1) of detected
compounds across reaches and invertebrate taxa (see text for details). C = control reach, I1 = 1 st impact reach
after effluent, I2 = 2nd impact reach after effluent, I3 = 3rd impact reach after effluent (I3).
Reach

Compound

Ancylus
obs

C

I1

Hydropsyche
pred

obs

Phagocata
pred

Estrone

3.624

3.321

5.554

3.321

5.649

3.321

1-hydroxy-ibuprofen

0.862

-0.541

0.862

-0.541

0.862

-0.541

Bezafibrate

0.687

0.541

0.687

0.541

0.687

0.541

Carbamazepine

0.104

2.361

0.104

2.361

0.104

2.361

Diclofenac

0.943

0.787

2.536

0.787

0.943

0.787

5.033

3.624

Gemfibrozil

-0.581

1.025

-0.581

1.025

2.187

1.025

Hydrochlorothiazide

-0.794

-0.386

-0.794

-0.386

-0.794

-0.386

Ibuprofen

0.220

0.787

0.220

0.787

2.205

0.787

Sulfamethoxazole

1.295

0.000

1.295

0.000

1.295

0.000

TBEP

2.528

3.321

2.659

3.321

2.675

3.321

Venlafaxine

0.559

1.550

0.559

1.550

0.559

1.550

1-hydroxy-ibuprofen

0.887

-0.541

0.887

-0.541

0.887

-0.541

Bezafibrate

0.738

0.541

0.738

0.541

0.738

0.541

4.735

3.403

Carbamazepine

0.149

2.361

0.149

2.361

0.149

2.361

Diclofenac

0.998

0.787

2.685

0.787

0.998

0.787

4.761

3.624

Estrone

154

4.913
5.188

BPA

I3

pred

TBEP

Estrone

I2

obs

Gemfibrozil

-0.472

1.025

-0.472

1.025

-0.472

1.025

Hydrochlorothiazide

-0.772

-0.386

-0.772

-0.386

-0.772

-0.386

Ibuprofen

0.233

0.787

2.989

0.787

0.233

0.787

Sulfamethoxazole

1.258

0.000

1.258

0.000

1.258

0.000

TBEP

2.885

3.321

2.876

3.321

2.697

3.321

Venlafaxine

0.730

1.550

0.730

1.550

0.730

1.550

1-hydroxy-ibuprofen

1.036

-0.541

1.036

-0.541

1.036

-0.541
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Bezafibrate

0.891

0.541

0.891

0.541

0.891

0.541

Carbamazepine

0.301

2.361

0.301

2.361

0.301

2.361

Diclofenac

1.108

0.787

2.364

0.787

1.108

0.787

4.918

3.624

Estrone
Gemfibrozil

-0.321

1.025

-0.321

1.025

-0.321

1.025

Hydrochlorothiazide

-0.646

-0.386

-0.646

-0.386

-0.646

-0.386

Ibuprofen

0.444

0.787

0.444

0.787

0.444

0.787

Sulfamethoxazole

1.185

0.000

1.185

0.000

1.185

0.000

TBEP

2.874

3.321

3.438

3.321

3.113

3.321

Venlafaxine

1.319

1.550

1.319

1.550

1.319

1.550
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APPENDIX E: Supplementary Material for the article Huerta et al. 2013 Science of the Total
Environment 456-457 (2013) 161–170

Table S.1. Real-time PCR primer sequences and reaction conditions
Target
gene

Primers

Sequence

Conditions

16S rRNA

F1048

GTGSTGCAYGGYTGTCGTCA

R1194

ACGTCRTCCMCACCTTCCTC

bla-TEM, F

GCKGCCAACTTACTTCTGACAACG

bla-TEM, R

CTTTATCCGCCTCCATCCAGTCTA

qnrSrtF11

GACGTGCTAACTTGCGTGAT

qnrSrtR11

TGGCATTGTTGGAAACTTG

Sul(I) FW

CGCACCGGAAACATCGCTGCAC

Sul(I) RV

TGAAGTTCCGCCGCAAGGCTCG

erm(B)-91f

GATACCGTTTACGAAATTGG

blaTEM

qnrS

sul(I)

ermB

erm(B)-454r

Efficiency

Reference

95ºC 3 min (1 cycle);
95ºC 15 sec and 60ºC
1 min (35 cycles)

98%

1

95ºC 3 min (1 cycle);
95ºC 15 sec and 60ºC
20 sec (40 cycles)

98%

2

95ºC 3 min (1 cycle);
95ºC 15 sec and 62ºC
20 sec (40 cycles)

96%

3

95ºC 3 min (1 cycle);
95ºC 15 sec and 65ºC
20 sec (40 cycles)

97%

4

95ºC 3 min (1 cycle);
95ºC 15 sec and 58ºC
20 sec (40 cycles)

5
98%

GAATCGAGACTTGAGTGTGC

1. Maeda, H., C. Fujimoto, Y. Haruki, T. Maeda et al. 2003. Quantitative real-time PCR using TaqMan and SYBR Green
for Actinobacillus actinomycetemcomitans, Porphyromonas gingivalis, Prevotella intermedia, tetQ gene and total
bacteria. FEMS Immunology and Medical Microbiology 39: 81-86.
2. Xi, C. and others 2009. Prevalence of antibiotic resistance in drinking water treatment and distribution systems. Applied
and Environmental Microbiology 75: 5714-5718.
3. Marti, E., and J.L. Balcazar. 2012. Real-time PCR assays for quantification of qnr genes in samples from different
sources. Appl. Environ. Microbiol. 2013; 79: 1743-1745.
4. Pei, R., S.C. Kim, K. H. Carlson, and A. Pruden. 2006. Effect of River Landscape on the sediment concentrations of
antibiotics and corresponding antibiotic resistance genes (ARG). Water Research 40: 2427-2435.
5. Chen, J., Z. Yu, F. C. Michel, Jr., T. Wittum, and M. Morrison. 2007. Development and application of real-time PCR
assays for quantification of erm genes conferring resistance to macrolides-lincosamides-streptogramin B in livestock
manure and manure management systems. Applied and Environmental Microbiology 73: 4407-4416.
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Table S.2. Physico-chemical characterization of water samples and sediments from the three reservoirs (La
Llosa del Cavall, Sau, and Foix). Data are for the period 2010-2011 and includes samples from all sampling
points in each reservoir. For some analyses of the sediments at La Llosa, only samples from the dam station
were available (marked with an asterisk), and samples for percent organic carbon and nitrogen were lost (na).
La Llosa
Min

Sau

Max

Min

Foix
Max

Min

Max

22.2

11.2

22.4

Water column
Water temperature
Dissolved oxygen

ºC
-1

mg L

pH

6

18.3

7

7.9

9.6

0.1

11

5.7

15.7

8.3

8.8

8.1

9.4

8.1

9.4

Nitrate

-1

mmol L

19

28

104

209

11

354

Ammonia

mmol L-1

0.2

4.5

1.2

9.9

1.7

177.3

Phosphate

mmol L-1

0.4

26

13

3086

99

22632

mg L-1

1.1

2.2

2.6

8.2

3.6

8.4

-1

24

30

17

36

112

208

-1

Dissolved organic carbon
Chloride

mg L

Suspended solids

mg L

0.7

1.9

1.4

27.1

4.4

65.2

Fe

mg L-1

8

30

13

157

72

428

Mn
Ligth extintion coefficient
Density of live bacteria

-1

mg L

4

11

30

242

105

630

m-1

0.15

0.23

0.96

2.8

1.2

9.23

106 ind mL-1

0.19

0.46

0.76

5.93

0.08

5.05

27.7

41.9

Sediments
Al

-1

mg g

-1

43.8*

-

21.7

34.3

K

mg g

14.9*

-

7.9

11.1

9.1

14.0

Ca

mg g-1

132.0*

-

145.9

170.6

59.7

121.0

Mg

mg g-1

12.1*

-

18.0

22.8

10.9

15.5

Si

mg g-1

214.0*

-

151.2

167.7

201.6

209.9

Fe

mg g-1

21.6*

-

11.0

17.2

14.0

19.8

Mn

-1

mg g

0.3*

-

0.4

0.5

0.5

1.0

Ti

mg g-1

2.3*

-

3.1

3.7

4.0

4.8

-1

P

mg g

0.6*

-

0.2

0.3

0.3

0.4

Co

mg kg-1

9.2

11.4

7.1

12.4

10.0

13.2

Cr

mg kg-1

37.2

48.8

46.8

47.9

39.0

74.9

Cu

mg kg-1

21.3

22.4

74.6

97.7

35.8

46.3

Nb

-1

mg kg

7.9

10.7

9.9

11.9

11.9

15.0

Ni

mg kg-1

18.7

30.1

19.3

27.8

23.9

31.4

Pb

-1

mg kg

17.6

21.6

29.1

32.9

27.4

39.2

Sr

mg kg-1

430.2

584.3

258.5

305.5

232.2

315.8

Th

mg kg-1

6.5

7.0

13.5

3.9

5.6

4.7

V

-1

mg kg

81.7

116.4

65.4

95.6

90.0

114.2

Zn

mg kg-1

48.3

70.2

96.0

109.2

111.6

117.9

Organic carbon

%

na

na

4.4

5.3

4.1

4.9

Organic nitrogen

%

na

na

0.2

0.2

0.3

0.6
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Table S.3. Average (N= 4) antibiotic concentration (ng L-1) in water samples from both sampling campaigns
(May 2010 & 2011).
Foix Reservoir

Sau Reservoir

Llosa Reservoir

2010

2011

2010

2011

2010

2011

Macrolides

1112.2

779.1

nd

nd

nd

nd

Quinolones & Fluoroquinolones

167.9

nd

nd

nd

nd

17.5

Sulfonamides

743.7

869.9

1.9

6.7

bql

nd

Tetracyclines

59.8

55.4

nd

nd

nd

nd

Nitroimidazoles

2.8

bql

nd

1.3

nd

nd

*blq: below quantitation level
#

nd: non-detected

Table S.4. Average (N= 3) antibiotic concentration (μg kg-1) in sediment samples from both sampling
campaings (May 2010 & 2011).
Foix Reservoir

Sau Reservoir

Llosa Reservoir

2010

2011

2010

2011

2010

2011

Macrolides

64.9

45.3

0.7

bql

bql

bql

Quinolones & Fluoroquinolones

5.8

nd

nd

nd

nd

nd

Sulfonamides

0.8

0.9

1.4

bql

0.6

0.9

Tetracyclines

8.8

6.5

11

7.4

nd

nd

*blq: below quantitation level
#

nd: non-detected

Table S.5. Parsimony test for bacterial assemblages found in water samples
Tree

SAMPLES

Score

P-value

1

SAU (MID) - SAU (DAM)

90

0.001

1

SAU (MID) - SAU (DAM, bottom)

94

0.001

1

SAU (DAM) - SAU (DAM, bottom)

94

0.001

1

SAU (MID) - LA LLOSA (TAIL)

65

0.001

1

SAU (DAM) - LA LLOSA (TAIL)

72

0.001

1

SAU (DAM, bottom) - LA LLOSA (TAIL)

70

0.001

1

SAU (MID) - LA LLOSA (MID)

78

0.001

1

SAU (DAM) - LA LLOSA (MID)

88

0.001

1

SAU (DAM, bottom) - LA LLOSA (MID)

97

0.001
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1

LA LLOSA (TAIL) - LA LLOSA (MID)

101

0.038*

1

SAU (MID) - LA LLOSA (DAM)

63

0.001

1

SAU (DAM) - LA LLOSA (DAM)

75

0.001

1

SAU (DAM, bottom) - LA LLOSA (DAM)

72

0.001

1

LA LLOSA (TAIL) - LA LLOSA (DAM)

97

0.802*

1

LA LLOSA (MID) - LA LLOSA (DAM)

112

0.197*

1

SAU (MID) - LA LLOSA (DAM, bottom)

101

0.001

1

SAU (DAM) - LA LLOSA (DAM, bottom)

109

0.001

1

SAU (DAM, bottom) - LA LLOSA (DAM,
bottom)

203

0.001

1

LA LLOSA (TAIL) - LA LLOSA (DAM,
bottom)

86

0.001

1

LA LLOSA (MID) - LA LLOSA (DAM,
bottom)

116

0.001

1

LA LLOSA (DAM) - LA LLOSA (DAM,
bottom)

85

0.001

1

SAU (MID) - FOIX (TAIL)

22

0.001

1

SAU (DAM) - FOIX (TAIL)

20

0.001

1

SAU (DAM, bottom) - FOIX (TAIL)

28

0.001

1

LA LLOSA (TAIL) - FOIX (TAIL)

19

0.001

1

LA LLOSA (MID) - FOIX (TAIL)

21

0.001

1

LA LLOSA (DAM) - FOIX (TAIL)

22

0.001

1

LA LLOSA (DAM, bottom) - FOIX (TAIL)

27

0.001

1

SAU (MID) - FOIX (MID)

96

0.001

1

SAU (DAM) - FOIX (MID)

94

0.001

1

SAU (DAM, bottom) - FOIX (MID)

170

0.001

1

LA LLOSA (TAIL) - FOIX (MID)

87

0.001

1

LA LLOSA (MID) - FOIX (MID)

117

0.001

1

LA LLOSA (DAM) - FOIX (MID)

98

0.001

1

LA LLOSA (DAM, bottom) - FOIX (MID)

171

0.001

1

FOIX (TAIL) - FOIX (MID)

59

0.001

1

SAU (MID) - FOIX (DAM)

90

0.001

1

SAU (DAM) - FOIX (DAM)

96

0.001

1

SAU (DAM, bottom) - FOIX (DAM)

144

0.001

1

LA LLOSA (TAIL) - FOIX (DAM)

77

0.001

1

LA LLOSA (MID) - FOIX (DAM)

107

0.001
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1

LA LLOSA (DAM) - FOIX (DAM)

82

0.001

1

LA LLOSA (DAM, bottom) - FOIX (DAM)

136

0.001

1

FOIX (TAIL) - FOIX (DAM)

40

0.001

1

FOIX (MID) - FOIX (DAM)

240

0.001

1

SAU (MID) - FOIX (DAM, bottom)

100

0.001

1

SAU (DAM) - FOIX (DAM, bottom)

107

0.001

1

SAU (DAM, bottom) - FOIX (DAM, bottom)

234

0.001

1

LA LLOSA (TAIL) - FOIX (DAM, bottom)

81

0.001

1

LA LLOSA (MID) - FOIX (DAM, bottom)

112

0.001

1

LA LLOSA (DAM) - FOIX (DAM, bottom)

92

0.001

1

LA LLOSA (DAM, bottom) - FOIX (DAM,
bottom)

189

0.001

1

FOIX (TAIL) - FOIX (DAM, bottom)

27

0.001

1

FOIX (MID) - FOIX (DAM, bottom)

259

0.001

1

FOIX (DAM) - FOIX (DAM, bottom)

213

0.001

1

SAU (MID) - SAU (TAIL)

98

0.001

1

SAU (DAM) - SAU (TAIL)

117

0.001

1

SAU (DAM, bottom) - SAU (TAIL)

183

0.001

1

LA LLOSA (TAIL) - SAU (TAIL)

96

0.001

1

LA LLOSA (MID) - SAU (TAIL)

129

0.001

1

LA LLOSA (DAM) - SAU (TAIL)

91

0.001

1

LA LLOSA (DAM, bottom) - SAU (TAIL)

195

0.001

1

FOIX (TAIL) - SAU (TAIL)

26

0.001

1

FOIX (MID) - SAU (TAIL)

208

0.001

1

FOIX (DAM) - SAU (TAIL)

172

0.001

1

FOIX (DAM, bottom) - SAU (TAIL)

224

0.001

*Bonferroni correction for multiple comparisons was used among the pairwise comparisons.
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Table S.6. Parsimony test for bacterial assemblages found in sediment samples
Tree

SAMPLES

Score

P-value

1

SAU (TAIL) - SAU (MID)

367

0.001

1

SAU (TAIL) - SAU (DAM)

338

0.001

1

SAU (MID) - SAU (DAM)

568

0.001

1

SAU (TAIL) - LA LLOSA (TAIL)

217

0.001

1

SAU (MID) - LA LLOSA (TAIL)

189

0.001

1

SAU (DAM) - LA LLOSA (TAIL)

169

0.001

1

SAU (TAIL) - LA LLOSA (MID)

335

0.001

1

SAU (MID) - LA LLOSA (MID)

572

0.001

1

SAU (DAM) - LA LLOSA (MID)

604

0.001

1

LA LLOSA (TAIL) - LA LLOSA (MID)

183

0.001

1

SAU (TAIL) - LA LLOSA (DAM)

291

0.001

1

SAU (MID) - LA LLOSA (DAM)

569

0.001

1

SAU (DAM) - LA LLOSA (DAM)

630

0.001

1

LA LLOSA (TAIL) - LA LLOSA (DAM)

148

0.001

1

LA LLOSA (MID) - LA LLOSA (DAM)

1072

0.001

1

SAU (TAIL) - FOIX (TAIL)

254

0.001

1

SAU (MID) - FOIX (TAIL)

232

0.001

1

SAU (DAM) - FOIX (TAIL)

202

0.001

1

LA LLOSA (TAIL) - FOIX (TAIL)

170

0.001

1

LA LLOSA (MID) - FOIX (TAIL)

206

0.001

1

LA LLOSA (DAM) - FOIX (TAIL)

187

0.001

1

SAU (TAIL) - FOIX (MID)

362

0.001

1

SAU (MID) - FOIX (MID)

425

0.001

1

SAU (DAM) - FOIX (MID)

351

0.001

1

LA LLOSA (TAIL) - FOIX (MID)

219

0.001

1

LA LLOSA (MID) - FOIX (MID)

338

0.001

1

LA LLOSA (DAM) - FOIX (MID)

311

0.001

1

FOIX (TAIL) - FOIX (MID)

274

0.001

1

SAU (TAIL) - FOIX (DAM)

326

0.001
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1

SAU (MID) - FOIX (DAM)

401

0.001

1

SAU (DAM) - FOIX (DAM)

382

0.001

1

LA LLOSA (TAIL) - FOIX (DAM)

187

0.001

1

LA LLOSA (MID) - FOIX (DAM)

415

0.001

1

LA LLOSA (DAM) - FOIX (DAM)

375

0.001

1

FOIX (TAIL) - FOIX (DAM)

236

0.001

1

FOIX (MID) - FOIX (DAM)

371

0.001

Table S.7. Number of OTUs* and estimators of sequence diversity and richness in water samples
Water samples

Reads

OTU

H’

Chao

Foix (tail)

10855

126

2.79

150

Foix (mid)

10855

499

3.88

900

Foix (dam, surface)

10855

382

3.68

596

Foix (dam, bottom)

10855

606

4.41

893

Sau (tail)

10855

536

3.79

833

Sau (mid)

10855

440

4.11

707

Sau (dam, surface)

10855

350

3.96

624

Sau (dam, bottom)

10855

476

4.16

826

La Llosa (tail)

10855

290

3.69

493

La Llosa (mid)

10855

309

3.47

488

La Llosa (dam, surface)

10855

301

3.41

543

La Llosa (dam,bottom)

10855

503

4.76

756

*OTU signifies the number of OTUs observed at 97% similarity, H' signifies the nonparametric Shannon diversity index, and Chao
signifies the Chao1 estimated minimum number of OTUs.
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Table S.8. Number of OTUs* and estimators of sequence diversity and richness in sediment samples
Sediment samples

Reads

OTU

H’

Chao

Foix (tail)

6058

507

4.86

740

Foix (mid)

6058

817

5.40

1363

Foix (dam)

6058

810

5.85

1188

Sau (tail)

6058

910

4.39

1420

Sau (mid)

6058

1556

5.70

3136

Sau (dam)

6058

1363

4.86

3200

La Llosa (tail)

6058

422

5.06

603

La Llosa (mid)

6058

1967

7.03

3460

La Llosa (dam)

6058

2355

7.22

5397

*OTU signifies the number of OTUs observed at 97% similarity, H' signifies the nonparametric Shannon diversity index, and Chao
signifies the Chao1 estimated minimum number of OTUs.

Table S.9. Percentage of variation in bacterial community composition explained by the sets of ARG,
environmental, and spatial variables at the two different compartments
Water samples (N = 12)
Variation

Sediment samples (N = 9)

Variance

Explanatory
P-value
variables

explained

Variance

Explanatory
P-value
variables

explained

ARG+Environmental+Space

6

0.00005

0.80

na

na

na

ARG+Environmental

na

na

na

5

0.00696

0.74

ARG

2

0.00282

0.52

2

0.00001

0.69

Environmental

3

0.00040

0.62

3

0.00001

0.77

Space

1

0.05247

0.12

na

na

na

Pure ARG

2

0.01262

0.19

2

0.64450

0.00

Pure Environmental

3

0.01154

0.17

3

0.23160

0.05

Pure Spatial

1

0.01896

0.11

na

na

na

Shared ARG+Environmental+Space

nt

nt

0.33

na

na

na

Shared ARG+Environmental

na

na

na

nt

nt

0.69

Unexplained

nt

nt

0.20

nt

nt

0.26

na - not applicable
nt - not testable
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Figure S.1. Mean normalized abundance of ARGs in the water column vs. sediments. The 1:1 line was added
for reference as a dashed line.
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APPENDIX F: Supplementary Material for the article Huerta et al 2015. Submitted

Method validation parameters

Both MDL and MQL were determined in spiked samples (n = 3) of all matrices
considered as the minimum detectable amount of analyte with a signal-to-noise ratio of 3 and
10, respectively. Precision was calculated from five repeated injections of a spiked sample at 10
ng mL-1 or ng g-1, and was expressed as the relative standard deviation of the measured
concentration. Calibration curves in both solvent and clean matrix extract were generated using
linear regression analysis (R2> 0.98) in the concentration range from 0.1 to 100 ng mL-1 for
water and plasma, or 0.1 to 50 ng g-1 for tissues. When matrix-matched calibration curves were
applied to the quantification, matrix effects (percentage of signal reduction or enhancement
when comparing the compound in the matrix vs the solvent) were considered negligible (see
Table 1).
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Table S1 SRM transitions and compound dependent MS parameters for target analytes

Compounds

Quantification

Confirmation

Rt (min)

Precursor ion (m/z)

Q3

DP/CE/CXP

Q3

DP/CE/CXP

Oxazepam

1.33

287 [M+H]+

241

96/33/12

104

111/43/14

Diazepam-d5 (IS)

1.44

290 [M+H]+

198

101/47/26

SRM1/2 ratio (±SD)n=3

2.86

Chapter 8: Appendix

Table S2 Concentration of oxazepam in plasma and tissues (wet weight) of each of the fish
individuals after 28-days exposure
Water Conc. (μg L-1)

Gender

Plasma (ng mL-1)

Brain (ng g-1)

Liver (ng g-1)

Muscle (ng g-1)

30.6

M

63.0

75

111

48

30.6

M

122.6

109

215

184

30.6

M

135.1

166

184

154

30.6

M

86.6

136

266

113

30.6

M

151.6

82

74

81

30.6

M

53.0

97

101

60

30.6

M

112.9

238

370

63

30.6

M

313.1

177

272

38

30.6

M

91.1

144

256

79

30.6

M

10.6

117

224

98

30.6

M

208.3

219

420

181

30.6

M

232.4

314

439

193

30.6

M

60.8

271

63

33

30.6

M

87.3

160

216

56

30.6

M

166.0

323

388

140

30.6

M

245.7

262

337

62

30.6

F

51.8

88

0

80

30.6

F

16.8

57

61

20

30.6

F

104.6

99

120

49

30.6

F

75.5

97

94

123

30.6

F

68.7

122

199

37

30.6

F

146.1

132

61

50

30.6

F

32.2

97

61

42

30.6

F

10.0

178

93

177

30.6

F

121.0

127

119

64

30.6

F

75.3

70

137

73

30.6

F

76.4

89

71

29

30.6

F

19.1

107

71

7

30.6

F

52.6

85

68

81

30.6

F

24.6

192

65

17

30.6

F

98.2

131

70

85

30.6

F

66.5

137

230

96

4.7

M

40.2

76

36

22

4.7

M

26.9

41

25

44

4.7

M

25.1

65

47

10

4.7

M

37.8

50

52

28

4.7

F

21.1

44

72

24

4.7

M

57.5

81

34

26

4.7

F

39.6

29

31

9

4.7

M

29.3

56

59

21

4.7

M

46.3

70

37

27

4.7

M

52.8

91

45

17
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168

4.7

M

39.0

46

28

12

4.7

M

51.4

41

58

39

4.7

M

80.1

61

49

28

4.7

F

24.5

37

33

40

4.7

M

32.3

42

96

96

4.7

M

41.8

63

51

27

4.7

F

17.6

39

75

30

4.7

F

17.2

36

20

20

4.7

F

23.1

51

80

60

4.7

F

34.0

53

21

16

4.7

F

35.5

41

18

55

4.7

F

31.4

45

35

9

4.7

F

23.1

26

47

24

4.7

F

30.1

57

28

14

4.7

F

7.9

23

10

8

4.7

F

10.8

40

21

84

4.7

F

28.0

28

30

18

4.7

F

18.9

62

23

8

4.7

F

10.5

48

11

16

4.7

F

10.0

41

17

7

4.7

F

10.4

35

16

11

4.7

F

14.5

78

33

9

0.8

M

7.1

35

8

5

0.8

M

9.0

32

14

7

0.8

M

7.5

34

15

6

0.8

M

5.3

64

24

4

0.8

F

7.3

51

16

5

0.8

M

4.3

52

29

3

0.8

M

14.4

32

8

4

0.8

M

11.9

37

8

2

0.8

F

7.4

51

19

47

0.8

F

6.1

23

20

4

0.8

F

3.5

52

50

6

0.8

F

3.7

24

16

4

0.8

F

11.0

73

23

9

0.8

F

3.2

24

16

5

0.8

F

6.0

17

38

3

0.8

F

13.3

28

14

11

0.8

F

4.5

28

6

10

0.8

F

10.2

24

7

5

0.8

F

3.1

72

6

5

0.8

F

3.5

42

10

4

0.8

F

6.8

24

8

5

0.8

F

4.8

54

6

8

0.8

F

4.3

34

11

8

0.8

F

9.4

43

6

6
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0.8

M

13.5

17

17

4

0.8

M

17.9

27

17

13

0.8

M

10.4

22

18

9

0.8

M

13.3

68

16

8

0.8

F

12.5

50

10

5

0.8

F

3.7

55

24

4

0.8

F

7.0

46

14

5

0.8

M

13.4

60

12

8
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Table S3 Inter-individual and intra-treatment variability of oxazepam plasma concentrations.
Treatment

Mean

Median

Min

Max

25%

75%

SD

1 μg/L - Rep. A Males

8.4

7.4

4.3

14.4

6.7

9.7

1 μg/L - Rep. B Males

11.5

12.9

3.7

17.9

9.5

13.5

1 μg/L - Rep. C Females

5.8

4.7

3.1

10.2

4.1

7.4

1 μg/L - Rep. D Females

9.3

6.0

3.2

31.0

3.7

8.9

1 μg/L - Males

10.9

11.1

5.3

17.9

7.5

13.5

3.8

1 μg/L - Females

7.4

5.4

3.1

31.0

3.7

7.9

6.3
5.7

1 μg/L - All Fish

8.7

7.2

3.1

31.0

4.5

12.1

5 μg/L - Rep. A Males

34.7

33.6

21.1

57.5

26.4

39.8

5 μg/L - Rep. B Males

46.0

44.1

24.5

80.1

37.3

51.8

5 μg/L - Rep. C Females

13.9

10.7

7.9

28.0

10.3

15.6

5 μg/L - Rep. D Females

26.5

26.6

17.2

35.5

21.7

32.1

5 μg/L - Males

43.1

40.2

25.1

80.1

32.3

51.4

15.0

5 μg/L - Females

21.5

21.1

7.9

39.6

12.7

29.0

9.6

5 μg/L - All Fish

30.3

28.7

7.9

80.1

18.6

39.2

16.1

25 μg/L - Rep. A Males

136.6

128.6

1.6

245.7

80.7

214.3

25 μg/L - Rep. B Males

129.7

117.8

53.0

313.1

80.7

139.2

25 μg/L - Rep. C Females

62.1

60.2

1.0

146.1

28.4

82.8

25 μg/L - Rep. D Females

66.7

70.9

19.1

121.0

45.6

81.8

25 μg/L - Males

133.2

117.8

1.6

313.1

80.7

176.6

82.6

25 μg/L - Females

64.4

67.6

1.0

146.1

30.3

81.8

40.2

25 μg/L - All Fish

98.8

81.5

1.0

313.1

52.9

125.7

72.9
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